May 7, 2014 Refer to NMFS No: 2000-1484

Dan Opalski, Director

Office of Water and Watersheds

U.S. Environmental Protection Agency
1200 Sixth Avenue

Seattle, Washington 98101

Re:  Final Endangered Species Act Section 7 Formal Consultation and Magnuson-Stevens
Fishery Conservation and Management Act Essential Fish Habitat Consultation for Water
Quality Toxics Standards for Idaho

Dear Mr. Opalski:

The enclosed document contains a biological opinion (Opinion) and letters of concurrence
prepared by the National Marine Fisheries Service (NMFS) pursuant to section 7(a)(2) of the
Endangered Species Act (ESA) on the effects of approving the Idaho Water Quality Standards
for toxic substances. In this Opinion, NMFS concludes that the action, as proposed, is likely to
jeopardize the continued existence of Snake River spring/summer Chinook salmon, Snake River
fall Chinook salmon, Snake River sockeye salmon, and Snake River Basin steelhead and result in
the destruction or adverse modification of designated critical habitat for Snake River
spring/summer Chinook salmon, Snake River fall Chinook salmon, Snake River sockeye salmon,
and Snake River Basin steelhead.

As required under the ESA for consultations concluding with jeopardy and adverse modification
determinations, NMFS discussed with U.S. Environmental Protection Agency (EPA), the
availability of reasonable and prudent alternatives that the EPA can take to avoid violation of the
EPA’s ESA section 7(a)(2) responsibilities (50 CFR 402.14(g)(5)). Reasonable and prudent
alternatives refer to alternative actions identified during formal consultation: (1) That can be
implemented in a manner consistent with the intended purpose of the action; (2) that can be
implemented consistent with the scope of the Federal agency's legal authority and jurisdiction;
(3) that are economically and technologically feasible; and (4) that NMFS believes would avoid
the likelihood of jeopardizing the continued existence of listed species or resulting in the
destruction or adverse modification of critical habitat (50 CFR 402.02). The Opinion includes a
reasonable and prudent alternative which NMFS believes can be implemented to avoid jeopardy
and adverse modification of critical habitat, while meeting each of the other requirements liste
above. Accordingly, NMFS prepared an incidental take statement describing and exempting the
extent of incidental take reasonably certain to occur under the reasonable and prudent alternative.

This document also includes the results of our analysis of the action’s likely effects on essential
fish habitat (EFH) pursuant to section 305(b) of the Magnuson-Stevens Fishery Conservation and
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Management Act, and includes three Conservation Recommendations to avoid, minimize, or
otherwise offset potential adverse effects on EFH. These Conservation Recommendations are a
non-identical set of the ESA terms and conditions.

If you have questions regarding this consultation, please contact David Mabe, Snake Basin
Office, (208) 378-5698.

Sincerely,

William W. Stelle, Jr.
Regional Administrator

Enclosure

cc: D. Miller - IOSC
R. Holder — USFWS
J. Martin — DOJ
M. Lopez — NPT
C. Colter — SBT
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1. INTRODUCTION

This introduction section provides information relevant to the other sections of this document
and is incorporated by reference into Sections 2 and 3 below.

1.1. Background

The biological opinion (Opinion) and incidental take statement (ITS) portions of this
consultation were prepared by the National Marine Fisheries Service (NMFS) in accordance with
section 7(b) of the Endangered Species Act (ESA) of 1973, as amended (16 U.S.C. 1531, et
seq.), and implementing regulations at 50 CFR 402.

NMFS also completed an Essential Fish Habitat (EFH) consultation. It was prepared in
accordance with section 305(b)(2) of the Magnuson-Stevens Fishery Conservation and
Management Act (MSA) (16 U.S.C. 1801, et seq.) and implementing regulations at 50 CFR 600.

The Opinion and EFH Conservation Recommendations are both in compliance with section 515
of the Treasury and General Government Appropriations Act of 2001 (Public Law 106-5444)
(“Data Quality Act”) and underwent pre-dissemination review.

1.2. Consultation History

This Opinion is based on information provided originally in U.S. Environmental Protection
Agency’s (EPA’s) July 2000 biological assessment (BA) and modified in a December 2013
letter. In the interim there were many interactions including telephone conversations, meetings
and written correspondence and regulatory changes that occurred to arrive at the final action as
described in section 1.3 of this Opinion. The following is a summary of those interactions. A
complete record of this consultation is on file at the Snake Basin Office in Boise, Idaho.

Section 303 of the Clean Water Act (CWA) mandates that states adopt water quality standards
(WQS) to restore and maintain the chemical, physical, and biological integrity of the nation’s
waters. The WQS consist of beneficial uses to protect both aquatic life communities and
recreational and subsistence based uses (i.e. salmonid spawning, cold water biota, primary or
secondary contact recreation) designated for specific water bodies and water quality criteria to
protect uses. States have primary responsibility for developing appropriate beneficial uses for
water bodies in their state. States review and, if appropriate, revise their WQS on a triennial
basis in accordance with CWA section 303(c). Also under CWA section 303(c), EPA must
review and approve or disapprove any revised or new standards. If EPA disapproves any portion
of the state standards the state has 90 days to adopt the changes specified by the EPA, after
which time the EPA must propose and promulgate standards for the state.

On June 25, 1996, staff from EPA’s Region 10 completed a review of the ldaho Water Quality
Standards (IWQS) adopted August 24, 1994. During this review, the EPA disapproved seven
elements within the state’s WQS. Most of these elements have since been revised by Idaho and



approved by the EPA. These 1996 approvals were included as part of EPA’s (2000) BA
initiating this consultation. The elements which EPA disapproved and did not subsequently
approve were not included in EPA’s BA or the proposed action for this consultation.

As a result of several meetings held in 1999 between the U.S. Fish and Wildlife Service
(USFWS), NMFS, EPA, and Idaho Department of Environmental Quality (IDEQ), all agencies
agreed that two BAs should be developed. The first BA would consist of EPA evaluation of
Idaho’s numeric water quality criteria for 22 toxic constituents (listed below).

In a letter of March 23, 2000, the IDEQ informed the EPA, NMFS, and the USFWS that it
wished to be considered an “applicant” to this action for this consultation as defined by 50 CFR
8§ 402.02.

On August 9, 2000, EPA submitted its final BA to USFWS and NMFS and requested initiation
of formal consultation under section 7 of the ESA. The BA concluded that the proposed criteria
were not likely to adversely affect (NLAA) Snake River sockeye salmon, Snake River
spring/summer Chinook salmon, Snake River fall Chinook salmon, and Snake River Basin
steelhead for the following parameters:

Criteria for aldrin/dieldrin, chlordane, Dichlorodiphenyltrichloroethane (DDT), endrin,
heptachlor, lindane, polychlorinated biphenyl (PCB), pentachlorophenol (PCP),
toxaphene, trivalent chromium (Cr[111]) and hexavalent chromium (Cr[V1]), nickel(Ni),
and silver (Ag);

Acute and chronic criteria for arsenic (As), cadmium (Cd), copper (Cu), cyanide (Cn),
endosulfan, mercury (Hg) lead (Pb), and zinc (Zn); and

Acute criteria for mercury (Hg) and selenium (Se).

The BA concluded that Idaho’s proposed criteria were likely to adversely affect (LAA) Snake
River sockeye salmon, Snake River spring/summer Chinook salmon, Snake River fall Chinook
salmon, and Snake River Basin steelhead, for the following parameters:

Chronic criteria for selenium (Se).

The BA did not include an analysis of effects for southern resident killer whales, which are listed
as endangered and rely on listed salmonids as a food source. NMFS will complete an analysis on
southern resident killer whales within 6 months.

On September 4, 2003, NMFS circulated a draft Opinion to EPA, USFWS, and the IDEQ for
review. This was followed by a series of conference calls and meetings. No formal comments
were received. Instead, EPA representatives proposed that all parties commit to working through
the technical and policy issues through a facilitated alternative dispute resolution (ADR) process.
The disputes involved effects determinations and the methods used to determine effects.



The EPA, NMFS, USFWS, and IDEQ representatives formed a technical committee and policy
committee and participated in a series of facilitated meetings and conference calls, supported by
EPA’s ADR contractor. The interagency group did not reach final agreement on a set of
recommended actions for completing the consultation. A final report was issued by the ADR
contractor on September 22, 2005.

In 2005, IDEQ began negotiated rulemaking to revise the criteria values under consultation. On
April 11, 2006, Idaho formally amended its water quality criteria. These criteria were
subsequently approved by EPA in 2007, subject to ESA consultation,

On September 2, 2010, EPA provided NMFS a revised BA for cadmium criteria only, and asked
NMFS to concur with their determination that their approval of Idaho’s cadmium criteria was

protective of and NLAA Snake River salmon and steelhead. On January 31, 2011, NMFS wrote to
EPA concurring with their determination, accompanied by an independent review (NMFS 2011).

On February 6, 2013, NMFS provided a draft Opinion to EPA for comment. The EPA and
NMFS met several times in 2013 and worked on modification to the Opinion and changes to the
proposed action.

On November 22, 2013, EPA advised NMFS that they were revising their action for several
criteria values under consultation to match those updated by IDEQ in 2006 and subsequently
approved by EPA, subject to consultation. The revisions consisted of new acute and chronic
criteria values for arsenic, chromium, nickel, and zinc. No new technical analyses of effects
were included with the revised action letter and EPA’s determinations were unchanged for these
criteria.

1.3. Proposed Action

“Action” means all activities or programs of any kind authorized, funded or carried out, in whole
or in part, by federal agencies. Interrelated actions are those that are part of a larger action and
depend on the larger action for their justification. Interdependent actions are those that have no
independent utility apart from the action under consideration.

The CWA requires all states to adopt WQS to restore and maintain the physical, chemical, and
biological integrity of the Nation’s waters. Section 303(c)(2)(E) of the CWA requires states to
adopt chemical-specific, numeric criteria for priority toxic pollutants. The criteria must protect
state-designated beneficial uses of water bodies. Development of WQS is primarily the
responsibility of the states, but adoption of the WQS is subject to approval by the EPA.

Since 1980, the EPA has published numerous criteria development guidelines for states and
tribes and recommended national criteria for numerous pollutants. The national criteria include
recommended acute and chronic criteria for the protection of aquatic life resources. States and
tribes may choose to adopt EPA’s recommended criteria, or modify these criteria to account for
site-specific or other scientifically defensible factors. The state of Idaho has adopted criteria for
toxic pollutants (IDAPA 58.01.02, 250.02 (a)(iv)). As initially adopted, all of the criteria were
identical to criteria promulgated by EPA for several in EPA’s 1992 National Toxics Rule (NTR)



(57 Fed. Reg. 60848, Dec. 22, 1992) (EPA 2000a). The state of Idaho subsequently revised
several criteria, as listed in Table 1.3.1. The EPA has approved Idaho’s adoption, subject to
consultation for 23 toxic pollutants (Table 1.3.1). The EPA is consulting only on those aquatic
life criteria for the chemicals in Table 1.3.1. There are many criteria for additional water quality
parameters in the IWQS that are not part of the proposed action. Those primarily affecting fish
include temperature, dissolved oxygen and sediment. Any impaired waters are shown in Idaho’s
303(d) list are discussed further in the baseline section.

The IWQS for aquatic life contain two expressions of allowable magnitude that are constrained
by allowable exposure duration and frequency:

An acute, or criterion maximum concentration (CMC), to protect against short-term
effects, that is not to be exceeded on average for longer than 1 hour and more than once
every 3 years.

A chronic, or criterion continuous concentration (CCC), to protect against long-term

effects, that is not to be exceeded on average for longer than 4 days and more than once
every 3 years.

1.3.1. Idaho’s Water Quality Standards for Toxic Pollutants

The EPA has approved, subject to this consultation, Idaho’s aquatic life criteria for 11 organic
chemicals and replacement of existing aquatic life criteria for 11 metals. The proposed aquatic
life criteria would apply to all waters in the state that are protected for aquatic life beneficial
uses. The proposed numeric criteria are ambient water quality criteria (AWQC), which are
concentrations of each pollutant measured in the water column. Under EPA policy, states may
choose to adopt metals criteria measured as either dissolved metal or total recoverable metal.
Idaho’s aquatic life criteria for metals were based on total recoverable metal (dissolved +
suspended). The proposed action would change the aquatic life criteria to concentrations based
on dissolved metals only, using a conversion factor (CF) to account for the suspended fraction.
With the use of dissolved criteria, water samples are filtered to remove suspended solids before
analysis.

The proposed IWQS will apply to actions that require National Pollutant Discharge Elimination
System (NPDES) permits, to development of total maximum daily loads (TMDLS) in streams
with impaired water quality, and in situations where remedial actions are required to clean up
spills or contaminated sites. When a TMDL is needed to regulate discharges into an impaired
water body, the dissolved metals criteria must be converted or translated back to a total
recoverable value so that the TMDL calculations can be performed. The translator can simply be
the CF (i.e., divide the dissolved criterion by the CF to get back to the total criterion), or a
dissolved-to-total ratio based on site-specific total/dissolved metal concentrations in the
receiving water.

For some of the pollutants subject to this consultation, Idaho has also adopted criteria to protect
human health from risk from exposure to the substances through eating fish or shellfish or



ingestion of water through recreating on water. Although EPA is not consulting on the human
health-based criteria, on a practical level, permitted discharges to a given water body would be
constrained by the most stringent applicable criteria. In other words, the human health criteria
will constrain discharge levels where they are more stringent than the aquatic life criteria.
During the pendency of this consultation, Idaho has further revised some of the criteria under
consultation. The EPA has updated its action to reflect these revisions and they are being
consulted on as shown Table 1.3.1.

The application of AWQC is based on the principle of designated beneficial uses of water.
Together, AWQC and use designations are used to meet the primary objective of the CWA —to
“restore and maintain the chemical, physical and biological integrity of the Nation's waters.” A
further goal of the CWA is that wherever attainable, an interim goal of water quality is to provide
“for the protection and propagation of fish, shellfish, and wildlife and provides for recreation in
and on the water.” (Clean Water Act, 8101(a)).



Table 1.3.1. Ambient Water Quality Criteria for toxic pollutants submitted for
consultation in EPA’s 2000 Biological Evaluation. Also shown are AWQC that have
subsequently been revised by the State of Idaho (Idaho Department of Environmental
Quality 2011). In two parts, inorganic and organic substances:

Part 1. Criteria for metals and other inorganic substances

Substance Criteria evaluated in Idaho revised criteria Relevant IWQS human
(except as noted, as 0.45 um EPA’s 2000 BA included in EPA’s health based criteria
filtered “dissolved” (ng/L) updated action (25 also applicable to waters
concentrations) November 2013) (pg/L)  in the action area (IDEQ
2011)
Acute Chronic Acute Chronic
Arsenic (As) 360 190 340 150 10 ug/L human health
criterion also applies
Cadmium (cd) 3.7 1.0 1.3 0.6
[Note: Cd was included in the BA but was subsequently consulted on separately. See NMFS (2011)]
Copper (Cu) ° 17 11 17 11
Cyanide (CN, weak acid 22 5.2 22 5.2
dissociable)
Lead (Pb) ™° 65 2.5 65 2.5
Mercury (Hg) 2.1 0.012 g g 0.3 mg/kg in fish tissue,
(unfiltered) fresh weight
Selenium (Se) 20 5.0 20 5.
(unfiltered) (unfiltered
zZinc (Zn) ° 114 105 120 120
Chromium (Cr) (111) ° 550 180 570 74
Chromium (Cr) (VI) 15 10 16 11
Nickel (Ni)° 1,400 160 470 52
Silver (Ag)° 3.4 - 3.4 -

(ng/L: micrograms per liter; Metals criteria are shown for a water hardness of 100 mg/L).



Part 2. Criteria for organic toxic substances

Substance Aquatic life criteria Human-health based AWQC Idaho criteria that
evaluated in EPA’s 2000 that also apply to waters were revised
BA designated to support “cold subsequent to EPA’s
(Hg/L) water biota” or “salmonid 2000 BA (ug/L) ®

spawning” and to critical
habitats for listed species in the
action area (ug/L)

Acute Chronic ldaho
Endosulfan (a and ) 0.22 0.056 2 89
Aldrin 3 - 0.00014 0.000050
Chlordane 2.4 0.0043 0.00057 0.00081
4,4’-DDT 11 0.001 0.00059 0.00022
Dieldrin 2.5 0.0019 0.00014 0.000054
Endrin 0.18 0.0023 0.81 0.060
Heptachlor 0.52 0.0038 0.00021 0.000079
Lindane (gamma-BHC) 2 0.08 0.063 1.8
Polychlorinated N/A 0.014 0.000045 0.000064
biphenyls (PCBs)
Pentachlorophenol 20° 13° 6.2 3
(PCP)
Toxaphene 0.73 0.0002 0.00075 0.00028

—-no applicable criteria

a. Conversion factors for translating between dissolved and total recoverable criteria.

b. For comparison purposes, the values displayed in this table correspond to a total hardness of 100 mg/l CaCO;
and a Water Effects Ratio (WER) of 1.0. Criteria for these metals are actually expressed as a function of total
hardness (mg/L as CaCQ3), and the following equation:

Acute Criteria = WER exp(ma[In(hardness)]+ba) x Acute Conversion Factor
Chronic Criteria = WER exp(mc[In(hardness)]+bc) x Chronic Conversion Factor
where:

Metal rﬂAf bAf mcf bcf

Chromium (I11) 0.8190 3.688 0.8190 1.561

Copper 0.9422 -1.464 0.8545 -1.465
Lead 1.273 -1.460 1.273 -4.705
Nickel 0.8460 3.3612  0.8460 1.1645
Silver 1.72 -6.52 N/A N/A

Zinc 0.8473 0.8604  0.8473 0.7614




The term "exp" represents the base e exponential function. m, and m, are the slopes of the relationship for
hardness, while b and bc are the Y-intercepts for these relationships.

c. The conversion factor for lead is hardness dependent. The values shown in the table correspond to a hardness
of 100 mg/L CaCOs. Conversion factors for lead: Acute and Chronic- CF=1.46203-
[(In(hardness))x(0.145712)]

d. Criteria expressed as Weak Acid Dissociable

e. Criteria for pentachlorophenol increase as pH increases and are calculated as follows:

Acute Criterion = exp(1.005 (pH) - 4.830)
Chronic Criterion = exp(1.005 (pH) - 5.290) Values shown in the table are for pH 7.8

f. Cadmium aquatic life criteria are listed for descriptive purposes only. Cadmium aquatic life criteria were
originally part of EPA’s action and the consultation package (EPA 2000a). However in 2006, Idaho
substantially revised their aquatic life criteria for cadmium, which EPA (2010a) subsequently proposed
separate approval of, and initiated consultation on the revised cadmium criteria. EPA’s (2010a)
determination was that Idaho’s 2006 revised cadmium criteria was NLAA listed salmonids, to which NMFS
(2011) concurred.

g. The state of Idaho repealed the water column aquatic life criteria for mercury in 2006, based upon IDEQ’s
(2005) analysis that concluded the available science no longer supported EPA’s (1985¢) aquatic life criteria,
and that a fish tissue based human-health criteria would be better supported by the science, be adequate to
protect aquatic life, and would be more stringent than the 1985 chronic aquatic life criterion of 0.012 pg/L.
EPA disapproved Idaho’s repeal of its water column acute and chronic mercury criteria on policy grounds
that, an exception for California notwithstanding, water column based aquatic criteria were required for
Idaho, Idaho’s criteria did not include a sufficiently detailed implementation for translating the human health
tissue criterion to a protective aquatic life criteria that could be used with effluent limits (Gearheard 2008).
The disapproval addressed policy interpretations and was silent on IDEQ’s arguments that the EPA (1985¢)
mercury chronic was outdated and that a 0.3 mg/kg fish tissue criterion was more protective. Gearheard
(2008) considered the 0.012 pg/L chronic criterion to be effective for NPDES discharge permits and TMDLs
issued by EPA, although the criterion remains repealed under state law and nowhere appears in Idaho
administrative rules.

h. Although Idaho’s revised human health criteria are considerably more stringent than the previous human
health criteria, EPA has not approved these revised criteria and EPA does not consider the more stringent
criteria to be effective for Clean Water Act purposed.

1.3.2. Application of the IWQS for Metals

Per EPA’s guidance, states, when adopting criteria for metals, may adopt criteria measured as
either dissolved or total recoverable metal. The Idaho metals criteria under consultation are
expressed as dissolved metals, meaning that water samples are filtered to remove suspended
solids before analysis.

Metals and inorganic toxic substances addressed in this consultation include: As, cyanide,
chromium (I11), chromium (V1), copper, lead, mercury, nickel, selenium, silver, and zinc. For
several of these chemicals, the water quality criteria are equation-based, meaning the criteria
applicable to a particular site vary based on site-specific conditions. The equation-based metals
are chromium (111), chromium (V1), copper, lead, mercury, nickel, silver, and zinc. To determine
criteria for these metals for a given water body, site-specific data must be obtained, input to an
equation, and numeric criteria computed. There are three types of site-specific data that may be
necessary to determine and/or modify the criteria for these metals at a site: water hardness, CF
and translators, and water effect ratios. Following is a brief description of these types of data.



The general equation for a hardness-based acute (CMC) or chronic (CCC) criterion with respect
to total metal concentration (dissolved plus particulate) is:

CMC or CCC (total recoverable) = e (Mlinhardness)i+b)

Note that this is algebraically equivalent to the simpler expression:

CMC or CCC (total recoverable) = K - (hardness)™

where K = e®. When the m-exponent is close to 1.0, the relationship is approximately linear.

Dissolved concentrations are evaluated using a total-to-dissolved CF that is based on the fraction
of the metal that was in a dissolved form during the laboratory toxicity tests and that was used to
develop the original total recoverable based criteria. The Idaho AWQC as evaluated in the BA
are dissolved. The CFs for the metals are in the footnote to Table 1.3.1. The appropriate
equation is:

CMC or CCC (dissolved) = CF - e(MnMardness)[*b) — cg . K . (hardness)™

There is an added level of complexity in the computations of criteria for cadmium and lead,
because the CFs for these metals also vary with water hardness. For those metals that are
hardness dependent, EPA calculates NPDES permit limits and load allocations for TMDLS using
the 5™ percentile of the available ambient and or effluent hardness values

If a TMDL is needed to regulate discharges into an impaired water body, the dissolved criterion
must be converted or translated back to a total recoverable value so that the TMDL calculations
can be performed. The translator can simply be the CF (i.e., divide the dissolved criterion by the
CF to get back to the total criterion), or site-specific data on total and dissolved metal
concentrations in the receiving water are collected and a dissolved-to-total ratio is used as the
translator.

Equations for trivalent chromium, copper, lead, nickel, silver, and zinc also include a Water
Effects Ratio (WER), a number that acts as a multiplication factor. If no site-specific WER is
determined, then the WER is presumed to be 1 and does not modify the equation result. A WER
is intended to account for the difference in toxicity of a metal in site water relative to the toxicity
of the same metal in reconstituted laboratory water. The reason is that natural waters commonly
contain constituents which "synthetic” or "reconstituted" laboratory waters lack, such as
dissolved organic compounds, that may act to bind metals and reduce their bioavailability.
Where such constituents act to modify the toxicity of a metal in a site water compared to the
toxicity of the same metal in laboratory water, a "water effect” is observed. The EPA has
provided procedures and requirements for determining "site-specific" WER values, which
include extensive comparative toxicity testing with several test organisms and statistical analysis
of results (Stephan et al. 1994b) (see Section 2.4.1.8 for additional discussion). The example
provided below illustrates the basic principle in defining a WER value.



Example WER calculation:

Suppose the lethal concentration of 50% of test organisms (LCsp) of copper in site water is
15 pg/L

Suppose the LCsq of copper in laboratory water is 10 ug/L

Assume a site hardness of 100 mg/L

The freshwater CF for copper = 0.96

Acute AWQC for total recoverable copper without the WER = 18 pg/L

A LCs015 pg/L in site water and a laboratory water LCs010 pg/L yields a WER of 1.5. Then:

Cu Site-Specific CMC=WER x CF x e(Mn(0lI+b)
=15 x 0.96 x 18 pg/L
=24 ug/L

In this hypothetical example, this approach yielded a site-specific criterion that is higher than the
concentration killing 50% of a sensitive organism in the same site water, which is one of the
logical problems with the WER approach to setting metals criteria. Additional discussion of
implementation of WERs is provided in section 2.4.1.8. The “Water-Effect Ratio” Provision.

1.4. Action Area

“Action area” means all areas to be affected directly or indirectly by the Federal action and not
merely the immediate area involved in the action (50 CFR 402.02).

For this project, the action area includes all watersheds within Idaho that contain anadromous
species or their habitats (Figure 1.4.1) or upstream areas where discharges occur that may affect
listed salmon, steelhead or their habitat. Table 1.4.1 lists all the 4™ field hydrologic unit codes
(HUCSs) that contain listed salmon or steelhead. Each of these HUCs is located within the larger
hydrologic unit, Lower Snake subregion (HUC 1706).
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Figure 1.4.1. Fourth-field hydrologic unit codes (HUCs) containing list salmon or
steelhead. Each HUC is labeled with the last 4 digits of the 8-digit HUC code. The first
4 digits are 1706, Lower Snake subregion.
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Table 1.4.1. Fourth field HUCs containing listed salmon or steelhead.

HUC Number HUC Name HUC Number HUC Name
17060101 Hells Canyon 17060209 Lower Salmon
17060103 Lower Snake-Asotin 17060210 Little Salmon
17060201 Upper Salmon 17060301 Upper Selway
17060202 Pahsimeroi 17060302 Lower Selway
17060203 Middle Salmon-Panther 17060303 Lochsa
17060204 Lemhi 17060304 Middle Fork Clearwater
17060205 Upper Middle Fork Salmon 17060305 South Fork Clearwater
17060206 Lower Middle Fork Salmon 17060306 Clearwater
17060207 Middle Salmon-Chamberlain 17060307 Upper North Fork Clearwater
17060208 South Fork Salmon 17060308 Lower North Fork Clearwater

The action area is used by all the freshwater life history stages (spawning, rearing, and
migration) of threatened Snake River spring/summer and fall Chinook salmon, Snake River
sockeye salmon, and Snake River Basin steelhead. Designated critical habitat for fall Chinook
includes all reaches of the Snake River from the confluence of the Columbia River, upstream to
Hells Canyon Dam; the Palouse River from its confluence with the Snake River upstream to
Palouse Falls; the Clearwater River from its confluence with the Snake River upstream to its
confluence with Lolo Creek; the North Fork Clearwater River from its confluence with the
Clearwater River upstream to Dworshak Dam; and the Salmon River reaches in the lower
Salmon hydrologic unit. Designated critical habitat for the Snake River spring/summer Chinook
salmon includes all river reaches presently or historically accessible to the species (64 FR 57399;
October 25, 1999). Within Idaho, designated critical habitat for sockeye salmon includes the
Snake and Salmon Rivers; Alturas Lake Creek; Valley Creek; and Stanley, Redfish,
Yellowbelly, Pettit, and Alturas Lakes (including their inlet and outlet creeks). Designated
critical habitat for Snake River Basin steelhead includes specific reaches of streams and rivers, as
published in the Federal Register (70 FR 52630; September 2, 2005). The action area also
contains EFH for Chinook salmon and coho salmon (Pacific Fishery Management Council
[PFMC] 1999).

The Snake River below the Idaho border is not considered part of the action area because it is
subject to water quality standards in Oregon and Washington and either have been or will be
subject to separate consultations. EPA and the state of Idaho are responsible to ensure that
downstream standards are attained at the state border (40 CFR 131.10(b)). For example the
Potlatch NPDES permit which discharges into the Snake River near the Washington border
undergoes a 401 certification review by both states to assure it meets all applicable criteria
within both states.
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2. ENDANGERED SPECIES ACT: BIOLOGICAL OPINION AND INCIDENTAL
TAKE STATEMENT

The ESA establishes a national program for conserving threatened and endangered species of
fish, wildlife, plants, and the habitat on which they depend. Section 7(a)(2) of the ESA requires
Federal agencies to consult with the United States Fish and Wildlife Service, NMFS, or both, to
ensure that their actions are not likely to jeopardize the continued existence of endangered or
threatened species or adversely modify or destroy their designated critical habitat. Section
7(b)(3) requires that at the conclusion of consultation, the Services provide an Opinion stating
how the agencies’ actions will affect listed species or their critical habitat. If incidental take is
expected, Section 7(b)(4) requires the provision of an ITS specifying the impact of any incidental
taking, and including reasonable and prudent measures to minimize such impacts.

2.1. Introduction to the Biological Opinion

Section 7(a)(2) of the ESA requires Federal agencies, in consultation with NMFS, to insure that
their actions are not likely to jeopardize the continued existence of endangered or threatened
species, or adversely modify or destroy their designated critical habitat. The jeopardy analysis
considers both survival and recovery of the species. The adverse modification analysis considers
the impacts to the conservation value of the designated critical habitat.

“To jeopardize the continued existence of a listed species” means to engage in an action that
would be expected, directly or indirectly, to reduce appreciably the likelihood of both the
survival and recovery of a listed species in the wild by reducing the reproduction, numbers, or
distribution of that species (50 CFR 402.02).

This Opinion does not rely on the regulatory definition of 'destruction or adverse modification' of
critical habitat at 50 C.F.R. 402.02. Instead, we have relied upon the statutory provisions of the
ESA to complete the following analysis with respect to critical habitat.*

NMFS uses the following approach to determine whether the proposed action described in
Section 1.3 is likely to jeopardize listed species or destroy or adversely modify critical habitat:

o ldentify the rangewide status of the species and critical habitat likely to be adversely
affected by the proposed action. This section describes the current status of each listed
species and its critical habitat relative to the conditions needed for recovery. For listed
salmon and steelhead, NMFS has developed specific guidance for analyzing the status of
the listed species’ component populations in a “viable salmonid populations” paper
(VSP; McElhany et al. 2000). The VSP approach considers the abundance, productivity,
spatial structure, and diversity of each population as part of the overall review of a
species’ status. For listed salmon and steelhead, the VSP criteria therefore encompass the
species’ “reproduction, numbers, or distribution” (50 CFR 402.02). In describing the

! Memorandum from William T. Hogarth to Regional Administrators, Office of Protected Resources, NMFS
(Application of the “Destruction or Adverse Modification” Standard Under Section 7(a)(2) of the Endangered
Species Act) (November 7, 2005).

13



range-wide status of listed species, we rely on viability assessments and criteria in
technical recovery team documents and recovery plans, where available, that describe
how V'SP criteria are applied to specific populations, major population groups (MPG),
and species. We determine the rangewide status of critical habitat by examining the
condition of its physical or biological features (also called “primary constituent elements”
or PCEs in some designations) - which were identified when the critical habitat was
designated. Species and critical habitat status are discussed in Section 2.2.

Describe the environmental baseline for the proposed action. The environmental
baseline includes the past and present impacts of Federal, state, or private actions and
other human activities in the action area. It includes the anticipated impacts of proposed
Federal projects that have already undergone formal or early section 7 consultation and
the impacts of state or private actions that are contemporaneous with the consultation in
process. The environmental baseline is discussed in Section 2.3 of this Opinion.

Analyze the effects of the proposed actions. In this step, NMFS considers how the
proposed action would affect the species’ reproduction, numbers, and distribution or, in
the case of salmon and steelhead, their VSP characteristics. NMFS also evaluates the
proposed action’s effects on critical habitat features. The effects of the action are
described in Section 2.4 of this Opinion.

Describe any cumulative effects. Cumulative effects, as defined in NMFS’ implementing
regulations (50 CFR 402.02), are the effects of future state or private activities, not
involving Federal activities, that are reasonably certain to occur within the action area.
Future Federal actions that are unrelated to the proposed action are not considered
because they require separate section 7 consultation. Cumulative effects are considered
in Section 2.5 of this Opinion.

Integrate and synthesize the above factors to assess the risk that the proposed action
poses to species and critical habitat. In this step, NMFS adds the effects of the action
(Section 2.4) to the environmental baseline (Section 2.3) and the cumulative effects
(Section 2.5) to assess whether the action could reasonably be expected to: (1)
Appreciably reduce the likelihood of both survival and recovery of the species in the wild
by reducing its numbers, reproduction, or distribution; or (2) reduce the value of
designated or proposed critical habitat for the conservation of the species. These
assessments are made in full consideration of the status of the species and critical habitat
(Section 2.2). Integration and synthesis occurs in Section 2.6 of this Opinion.

Reach jeopardy and adverse modification conclusions. Conclusions regarding jeopardy
and the destruction or adverse modification of critical habitat are presented in Section
2.7. These conclusions flow from the logic and rationale presented in the Integration and
Synthesis (Section 2.6) of this Opinion.

If necessary, define a reasonable and prudent alternative to the proposed action. If, in
completing the last step in the analysis, NMFS determines that the action under
consultation is likely to jeopardize the continued existence of listed species or destroy or

14



adversely modify designated critical habitat, NMFS must identify a reasonable and
prudent alternative (RPA) to the action in Section 2.8. The RPA must not be likely to
jeopardize the continued existence of ESA-listed species nor adversely modify their
designated critical habitat and it must meet other regulatory requirements.

2.2. Rangewide Status of the Species and Critical Habitat

This Opinion examines the status of each species that is likely to be affected by the action. The
status is the level of risk that the listed species face, based on parameters considered in
documents such as recovery plans, status reviews, and listing decisions. The species status
section helps to inform the description of the species’ current “reproduction, numbers, or
distribution” as described in 50 CFR 402.02. The Opinion also examines the condition of critical
habitat throughout the designated area, evaluates the conservation value of the various
watersheds and coastal and marine environments that make up the designated area, and discusses
the current function of the essential physical and biological features that help to form that
conservation value. The listed species in the action area and the listing status are shown in Table
2.2.1,

Table 2.2.1. Federal Register notices for final rules that list threatened and endangered
species, designate critical habitats, or apply protective regulations to listed species
considered in this consultation.

Protective

Species Listing Status Critical Habitat Regulations

Chinook salmon (Oncorhynchus tshawytscha)

12/28/93; 58 FR 68543

Snake River spring/summer run T 6/28/05; 70 FR 37160 10/25/99: 64 FR 57399

6/28/05; 70 FR 37160

Snake River fall run 12/28/93; 58 FR 68543  12/28/93; 58 FR 68543 12/28/93; 58 FR 68543
Sockeye salmon (O. nerka)

Snake River E 6/28/05; 70 FR 37160 12/28/93; 58 FR 68543 ESA Section 9 applies
Steelhead (O. mykiss)

Snake River Basin T 1/05/06; 71 FR 834 9/02/05; 70 FR 52630  6/28/05; 70 FR 37160

2.2.1. Status of the Species

For Pacific salmon and steelhead, NMFS commonly uses four parameters to assess the viability
of the populations that, together, constitute the species: spatial structure, diversity, abundance,
and productivity (McElhany et al. 2000). These V'SP criteria therefore encompass the species’
“reproduction, numbers, or distribution” as described in 50 CFR 402.02. When these parameters
are collectively at appropriate levels, they maintain a population’s capacity to adapt to various
environmental conditions and allow it to sustain itself in the natural environment. These
attributes are influenced by survival, behavior, and experiences throughout a species’ entire life
cycle, and these characteristics, in turn, are influenced by habitat and other environmental
conditions.
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“Spatial structure” refers both to the spatial distributions of individuals in the population and the
processes that generate that distribution. A population’s spatial structure depends fundamentally
on habitat quality and spatial configuration and the dynamics and dispersal characteristics of
individuals in the population. “Diversity” refers to the distribution of traits within and among
populations. These range in scale from DNA sequence variation at single genes to complex life
history traits (McElhany et al. 2000).

“Abundance” generally refers to the number of naturally-produced adults (i.e., the progeny of
naturally-spawning parents) in the natural environment (e.g., on spawning grounds).
“Productivity,” as applied to viability factors, refers to the entire life cycle; (i.e., the number of
naturally-spawning adults produced per parent). When progeny replace or exceed the number of
parents, a population is stable or increasing. When progeny fail to replace the number of parents,
the population is declining. McElhany et al. (2000) use the terms “population growth rate” and
“productivity” interchangeably when referring to production over the entire life cycle. They also
refer to “trend in abundance,” which is the manifestation of long-term population growth rate.

For species with multiple populations, once the biological status of a species’ populations has
been determined, NMFS assesses the status of the entire species using criteria for groups of
populations, as described in recovery plans and guidance documents from technical recovery
teams. Considerations for species viability include having multiple populations that are viable,
ensuring that populations with unique life histories and phenotypes are viable, and that some
viable populations are both widespread to avoid concurrent extinctions from mass catastrophes
and spatially close to allow functioning as metapopulations (McElhany et al. 2000).

2.2.1.1. Snake River Sockeye Salmon

The Snake River sockeye salmon, listed as endangered on November 20, 1991 (56 FR 58619),
includes all populations of sockeye salmon originating from the Snake River basin, Idaho (extant
populations occur only in the Salmon River drainage), as well as sockeye salmon from one
artificial propagation program, the Redfish Lake Captive Broodstock program. On August 15,
2011, NMFS completed a 5-year review for the Snake River sockeye salmon ESU and concluded
that the species should remain listed as endangered (76 FR 50448).

In Idaho, Snake River sockeye salmon historically spawned and reared in several high mountain
lakes (Waples et al. 1991a). In the Salmon River basin, sockeye salmon occurred in five lakes
(i.e., Alturas, Stanley, Redfish, Yellowbelly, and Pettit Lakes), all of which are near the
headwaters of the Salmon River. In the Payette River basin, sockeye salmon historically
occurred in the Payette Lakes (Evermann 1895; Fulton 1970); however, access to this basin was
blocked upon construction of the Hells Canyon Dam. Thus, spawning and juvenile rearing
habitat is currently restricted to the upper portions of the Salmon River Basin. Currently, the
Snake River sockeye salmon population is highly dependent on a captive brooding program at
the Sawtooth Hatchery (Ford et al. 2011).

Since the 1941 completion of the Grand Coulee Dam on the Columbia River that cut off the
Arrow Lakes population of sockeye salmon in British Columbia, Snake River sockeye salmon
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represent the longest inland spawning migration in North America (approximately 930 miles)
(Bjornn et al. 1968; Behnke and Tomelleri 2002) to the highest elevation (approximately 6,500
feet in elevation) and the most southern destination in the world. Snake River sockeye salmon
adults enter the Columbia River primarily during June and July. Arrival at Redfish Lake, which
now supports the only remaining run of Snake River sockeye salmon, peaks in August, and
spawning occurs primarily in October (Bjornn et al. 1968). Eggs hatch in the spring between 80
and 140 days after spawning. Fry remain in the gravel for 3 to 5 weeks, emerge from April
through May, and move immediately into the lake. Once there, juveniles feed on plankton for 1
to 3 years before they migrate to the ocean (Bell 1986). Migrants leave Redfish Lake during late
April through May (Bjornn et al. 1968) and travel to the Pacific Ocean. Smolts reaching the
ocean remain inshore or within the influence of the Columbia River plume during the early
summer months. Later, they migrate through the northeast Pacific Ocean (Hart 1973; Hartt and
Dell 1986). Snake River sockeye salmon usually spend 2 to 3 years in the Pacific Ocean and
return in their fourth or fifth year of life.

From 1991 to 1998 a total of 16 natural-origin adult anadromous sockeye salmon returned to
Redfish Lake. These natural-origin fish were incorporated into the NMFS/IDFG captive
broodstock program that began in 1992. Releases from the NMFS and IDFG captive broodstock
programs generated seven returning adults in 1999, 257 adults in 2000, and 1355 adults in 2010
(Table 2.2.2). The 2010 adult return of Snake River sockeye salmon to Redfish Lake reached
numbers not seen in decades. For each of the past 3 years for which data is available (2008,
2009, and 2010), the number of returning adults captured in the upper Sawtooth basin was more
than the cumulative annual adult return that occurred between the time the fish were listed as
endangered in 1991 and 2007.
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Table 2.2.2. Adult returns passing Lower Granite Dam (LGD) and returning to the area of
Redfish Lake (Sawtooth Basin, Idaho) (IDFG 2011; Fish Passage Center 2011a; NMFS
2008).

Adult Return Number of Adults #of Adults Returning to Percent Survival from
Year Passing LGD Sawtooth Basin LGD to Sawtooth Basin
1995 3 0 0
1996 3 1 33
1997 11 0 0
1998 2 1 25
1999 14 7 50
2000 299 257 86
2001 36 26 72
2002 55 22 40
2003 11 3 21
2004 113 27 24
2005 18 6 32
2006 17 3 18
2007 52 4 8
2008 909 650 71
2009 1219 833 68
2010 2201 1355 62

The high return of adult Snake River sockeye salmon is likely due to a combination of factors,
including an increased number of fish released from captive broodstock programs, good
conditions during downstream and upstream migrations (river flow and temperature, and dam
passage conditions), and favorable ocean conditions (Ford 2011). The captive broodstock
program has expanded from a starting point of 16 natural-origin adults that returned in the early
1990s to currently releasing hundreds of thousands of juvenile fish each year (Ford et al. 2011).

The Snake River sockeye salmon ESU consists of a single MPG. This MPG potentially has five
component populations: Redfish Lake (including Little Redfish Lake); Alturas Lake; Pettit
Lake; Yellowbelly Lake; and Stanley Lake. Of these, only the Redfish Lake population is
currently extant (ICTRT 2007). Assuming there are five populations in this single MPG ESU,
three populations would need to achieve viable status for the MPG and ESU to be viable. Since
this is a single-MPG ESU, two of the three populations would need to be rated “Highly Viable”
based on the four VSP parameters described in McElhany et al. (2000), and a third population
needs to be rated “Viable.” The latest available Interior Columbia River Basin Technical
Recovery Team (ICTRT) recommendation (2007) is to achieve viable populations in three
different lakes, with at least at least 1,000 naturally produced spawners per year in each of
Redfish and Alturas lakes and at least 500 in Pettit Lake.
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The viability status of populations in the ESU and the (single-MPG) ESU as a whole were
determined by application of the ICTRT (2007) viability criteria. Viability determinations at the
population level were based on extinction risk assessments for the four VSP parameters;
abundance, productivity, spatial structure and diversity. A quantitative assessment risk for the
V'SP abundance/productivity metric was not completed for the populations in the ESU and the
single-MPG ESU as a whole because of the lack of abundance and productivity data. Ford
(2011) has preliminarily made a qualitative determination that abundance/productivity risk is
High, based on the current status of the ESU (Endangered) and the recent absence of natural-
origin anadromous adults returning to the Stanley Basin. The current average productivity likely
is substantially less than the productivity required for any population to be at Low (1% to 5%)
extinction risk at the minimum abundance threshold. In addition, the overall spatial structure and
diversity has been rated High risk for the Redfish Lake population. This rating has been applied
to this population because it rated high risk of not being able to maintain: (1) The natural
patterns of phenotypic and genotypic expression; (2) natural patterns of gene flow; and (3) the
integrity of natural systems. Overall, the Snake River sockeye salmon ESU does not meet the
ESU-level viability criteria (non-negligible risk of extinction over 100-year time period) based
on current abundance and productivity information.

There have been higher returns in recent years, the annual abundances of natural-origin (or,
naturally spawned) sockeye salmon returning to the Stanley basin continue to be extremely low.
The captive brood program has been successful in providing substantial numbers of hatchery
produced sockeye salmon for use in supplementation efforts, which reduces the risk of
immediate loss; yet, substantial increases in survival rates across life history stages must occur in
order to re-establish sustainable natural production (Hebdon et al. 2004; Keefer et al. 2008).
Current smolt-to-adult survival of sockeye originating from the Stanley basin lakes is rarely
greater than 0.3% (Hebdon et al. 2004). Although the risk status of the Snake River sockeye
salmon ESU appears to be on an improving trend due to the successes of the captive propagation
program, the 5-year review concluded that the ESU remains at high risk (Ford 2011).

2.2.1.2. Snake River Spring/Summer Chinook Salmon

The Snake River spring/summer Chinook salmon ESU was listed as threatened on

April 22,1992 (57 FR 14653). This ESU occupies the Snake River basin which drains portions
of southeastern Washington, northeastern Oregon, and north/central Idaho. Environmental
conditions are generally drier and warmer in these areas than in areas occupied by other Chinook
species. This ESU includes all natural-origin populations in the mainstem Snake River (below
Hells Canyon Dam) and the Tucannon, Grande Ronde, Imnaha, and Salmon Rivers. The ESU
also includes 15 artificial propagation programs: the Tucannon River (conventional and captive
broodstock programs), Lostine River, Catherine Creek, Lookingglass Creek, Upper Grande
Ronde River, Imnaha River, and Big Sheep Creek programs in Oregon; and the South Fork
Salmon River (McCall Hatchery), Johnson Creek, Lemhi River, Pahsimeroi River, East Fork
Salmon River, West Fork Yankee Fork Salmon River, and Upper Salmon River (Sawtooth
Hatchery) programs in Idaho (70 FR 37160; June 28, 2005). On August 15, 2011, NMFS
completed a 5-year review for the Snake River ESU and concluded that the species should
remain listed as threatened (76 FR 50448).
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Chinook salmon exhibit a variety of complex life history patterns that include variation in age at
seaward migration; length of freshwater, estuarine, and oceanic residence; ocean distribution;
ocean migratory patterns; and age and season of spawning migration. Two distinct races of
Chinook salmon are generally recognized: “stream-type” and “ocean-type” (Healey 1991; Myers
et al. 1998). Snake River spring/summer Chinook salmon exhibit stream-type life history
characteristics. Adult Snake River spring/summer Chinook salmon enter the Columbia River in
late February and early March after 2 or 3 years in the ocean. In high elevation areas, mature
fish hold in cool, deep pools until late summer and early fall, when they return to their native
streams to begin spawning. They typically spawn in moderate to large-sized streams in shallow
gravel bars at the downstream end of pools. Eggs incubate over the winter, and emergence
begins in late winter and early spring of the following year. Juveniles rear through the summer,
overwinter, and migrate to sea in the spring of their second year of life. During freshwater
rearing, juvenile Chinook salmon disperse into tributary streams near their natal streams, and are
often concentrated near the mouths of stream confluences. Depending on the tributary and the
specific habitat conditions, juveniles may migrate extensively from natal reaches into alternative
summer-rearing or overwintering areas. Habitats used by juvenile stream-type Chinook salmon
and their feeding habits are similar to those for steelhead. In general, Chinook salmon tend to
occupy streams with lower gradients than steelhead, but there is considerable overlap between
the distributions of the two species.

Although direct estimates of historical annual Snake River spring/summer Chinook returns are
not available, returns may have declined by as much as 96% between the late 1800s and 2010.
According to Matthews and Waples (1991), the Snake River drainage is thought to have
produced more than 1.5 million adult spring/ summer Chinook salmon in some years during the
late 1800s. By the 1950s the abundance of spring/summer Chinook had declined to an annual
average of 125,000 adults and total (natural + hatchery origin) returns fell to roughly 100,000
spawners by the late 1960s (Fulton 1968). Adult returns counted at LGD reached all-time lows
in the mid-1990s, although numbers have begun to increase since 1997 (FPC 2011b). The 2001
and 2002 total returns increased to over 185,000 and 97,000 adults, respectively. These large
returns are thought to have been a result of favorable ocean conditions (Logerwell et al. 2003;
Meeings and Lackey 2005) and above average flows in the Columbia River basin (CRB) when
the smolts migrated downstream. However, it is important to note that over 80% of the 2001
return and over 60% of the 2002 return originated in hatcheries (Good et al. 2005). Furthermore,
even these large returns are only a fraction (approximately 5% to 10%) of the estimated returns
of the late 1800s. According to the Fish Passage Center (FPC) annual adult passage data
(2011b), the 2003 and 2004 runs remained relatively high at 87,031 and 79,509 respectively, and
fluctuated over the following years. Adult returns appeared to decline during 2005 to 2007
(average 30,856 total adults), but then increased again from 2008 to 2010. Despite the recent
increases in total spring/summer Chinook salmon returns to the basin, natural-origin abundance
and productivity are still far below their targets. As such, the Snake River spring/summer
Chinook salmon ESU remains likely to become endangered (Good et al. 2005; Ford 2011).

Within the Snake River spring/summer Chinook salmon ESU, independent populations have
been grouped into larger aggregates (MPGs) that share similar genetic, geographic, and/or
habitat characteristics. This ESU was broken down into five MPGs with 28 extant independent
populations and four extirpated or functionally extirpated independent populations (Ford 2011;
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ICTRT 2003); McClure et al. 2005). Only three of the MPGs (i.e., South Fork Salmon, Middle
Fork Salmon, and Upper Salmon) are within the action area. There are 22 independent
populations within these three MPGs, one of which (Panther Creek) is considered extirpated by
the ICTRT (2003)

In 2005, the ICTRT concluded that the Panther Creek Chinook salmon population was extirpated
during the 1960s due to legacy mining and the heavy metal wastes deposited in Lower Panther
Creek from the Blackbird Mine operations (ICTRT 2005). The loss of habitat in Panther Creek
resulting from water quality degradation from the Blackbird Mine was specifically cited as a
contributing factor leading to the decline and subsequent ESA-listing of the Snake River
spring/summer Chinook salmon species (NMFS 1991). Once a sizable population,
spring/summer Chinook salmon runs declined during the 1940s when extensive mining activity
began in the Blackbird Creek Drainage, and was eliminated by the early 1960s. At the time that
spring/summer Chinook salmon were being considered for listing under the ESA, the Panther
Creek drainage remained largely uninhabitable due to toxic conditions resulting from mine
drainage (NMFS 1991).
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Figure 2.2.1. Boundaries of listed anadromous species
and the action area (State of Idaho within the range
of anadromous species). “Species” are defined as
“evolutionarily significant units” or ESUs. The
Panther Creek watershed is emphasized because
the extirpation of the Panther Creek Chinook
salmon population due poor water quality was
considered a specific factor for the decline of and
ESA listing of the Snake River spring/summer
Chinook salmon ESU. Contemporary water quality
and biological conditions in Panther Creek are
described in the Status of Species section and in the
Analyses of Effects sections for arsenic and copper.
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Recovery has been slow. Poor water quality, primarily copper contamination, precluded
recolonization through the 1990s, despite supplementation efforts including the release of about
3,383 adult Chinook salmon in 1986. Two Chinook salmon redds each were observed
downstream of the Blackbird Mine again in Panther Creek in 1990,1991, and 1992 (Mebane
1994) although no adult or juvenile Chinook salmon could be found despite extensive surveys in
1993 (LeJeune et al. 1995). By the early 2000s, extensive mine remediation efforts began to
succeed with greater than 90% reductions in copper concentrations in Panther Creek (described
more in the Section 2.4.4, Copper)

In the 2000s, Chinook salmon began returning to Panther Creek following improvements in
water quality in Panther Creek. The returns and successful reproduction resulted both from
natural recolonization and from reproduction following a large release of adult Chinook salmon
in 2001. In 2001, as part of “an effort to increase natural production in areas with depressed
populations,” 1,053 adult Chinook salmon captured from South Fork Salmon River weir were
released into Panther Creek (Leth et al. 2004). In the fall of 2001, 42 redds were counted and in
2010, 102 redds were counted, both counts were from ground surveys of Panther Creek
conducted by the Shoshone Bannock Tribes (EcoMetrix 2011). Aerial counts of Chinook
salmon in Panther Creek conducted by the IDFG, which will be lower than ground surveys (e.g.,
15 vs. 42 in 2001), ranged from five to 18 from 2001 to 2009 (Figure 2.2.1).

Juvenile Chinook salmon have been found throughout the middle reaches (i.e., downstream of
mining influenced Blackbird Creek) and upper reaches of Panther Creek in annual quantitative
electrofishing surveys from 2002 through 2010 (Figure 2.2.1). The highest densities were found
in 2002, following the large release of adults the previous summer. Peaks in densities in upper
reaches of Panther Creek in 2006 (5 years post spawning) and in the middle reaches of Panther
Creek in 2005 (4 years after spawning) are consistent with general patterns with inland Chinook
populations as well as specific patterns found in the Salmon River drainage, where higher
elevation, headwater populations with longer migrations tended to have greater proportions of
fish with a 5-year life cycle compared to lower elevation populations where 4-year life cycles are
more common with Chinook salmon (Healey 1991; Mebane and Arthaud 2010). This life
history pattern, together with the patterns of declining peak densities of juvenile Chinook salmon
in the middle reach of Panther Creek, (fish that presumably have a 4-year life cycle) suggests
that the juvenile Chinook salmon abundance may be in decline in the middle sections of Panther
Creek downstream of Blackbird Creek (Figure 2.2.2). However, no declines are obvious in the
Chinook salmon densities in upper Panther Creek, and fish populations may be extremely
variable, and with short periods of record, a trend that is apparent 1 year may be gone when the
next year’s data are added.

Not all the Chinook salmon recently observed or captured in Panther Creek can be attributed to
the 2001 release of fish from the South Fork Salmon River. Adult Chinook salmon that were
observed in Panther Creek in 2002 and 2004, and young-of-year (YOY) (subyearling) Chinook
salmon captured in Panther Creek in 2003 and 2004 cannot be attributed to the artificial release
of adult fish in 2001 (Stantec 2004; EcoMetrix 2005). However by 2010, the great majority of
the Chinook salmon that continue to return and naturally reproduce in Panther Creek are likely
descendants of the 2001 South Fork Salmon River fish (Smith et al. 2011).
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Figure 2.2.2. Juvenile Chinook salmon abundance in Panther Creek, Idaho, from
electrofishing surveys. “Middle” or “Upper” Panther Creek are downstream and
upstream of mining influenced Blackbird Creek, respectively. Inset shows trends in
aerial redd counts from approximately the same IDFG trend sections. Data from 1992
and earlier were taken from Mebane (1994), 1993 data from LeJeune et al. (1995), and

subsequent data are from EcoMetrix (2011).
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Under the approach recommended by the ICTRT, the overall rating for an ESU depends upon
population level ratings organized by MPG within that ESU (2007). In order for the Snake River
spring/summer Chinook salmon ESU to be considered viable, all five MPGs need to achieve
viable status. The overall viability ratings for all of the populations in this ESU remain at High
risk after the addition of more recent year abundance and productivity data (Ford 2011). Table
2.2.3 summarizes the viability ratings for each population and the overall viability status for each
MPG that occurs within the action area. Currently, all of the populations have an overall
viability rating of “high risk,” and none of the MPGs meet MPG viability criteria (Ford 2011).
As such, this ESU does not meet ESU viability criteria (non-negligible risk of extinction over a
100-year time period).

Relatively low natural production rates and spawning levels below minimum abundance
thresholds remain a major concern across this ESU. The ability of populations to be self-
sustaining through normal periods of relatively low ocean survival remains uncertain. Factors
such as habitat modification/degradation, artificial propagation, disease, or predation (NMFS
2011) remain as concerns or key uncertainties for this ESU.

Detailed information on the range wide status of Snake River spring/summer Chinook salmon

under the environmental baseline is described in Chinook salmon status reviews (Myers et al.
1998; Good et al. 2005; Ford et al. 2011).
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Table 2.2.3. Summary of VSP parameter risks and viability status for Snake River
Spring/Summer Chinook Salmon MPGs and independent populations (Ford 2011;

NMFS 2011).
PoD. Size & V'SP Parameter Viability Status
MPG Population Name Colrjﬁ lexit Risk (Meets Viability Criteria?)
P y A/P SS/D Population MPG
Little Salmon River Intermediate High High Does Not Meet
South Fork | South Fork Salmon River Large High Moderate Does Not Meet
mainstem
Salmon Does Not Meet
River Secesh River Intermediate High Low Does Not Meet
East Fork_South Fork Large High Low Does Not Meet
Salmon River
Chamberlain Creek Basic High Low Does Not Meet
Middle Fork Salmon . .
River below Indian Creek Basic High Moderate Does Not Meet
Big Creek Large High Moderate Does Not Meet
Middle ‘ Camas Creek Basic High Moderate Does Not Meet
SaFI?‘ITC()n ‘ Loon Creek Basic High Moderate Does Not Meet Does Not Meet
: Middle Fork Salmon . .
River River above Indian Creek Intermediate High Moderate Does Not Meet
Sulphur Creek Basic High Moderate Does Not Meet
Bear Valley Creek Intermediate High Low Does Not Meet
Marsh Creek Basic High Low Does Not Meet
North Fork Salmon River Basic High Low Does Not Meet
Lemhi River Very Large High High Does Not Meet
ﬁﬂﬁg:eﬁwer Lower Very Large High Low Does Not Meet
Pahsimeroi River Large High High Does Not Meet
Upper
East Fork Salmon River Large High High Does Not Meet
Salmon Does Not Meet
River Yfinkee Fork Salmon Basic High High Does Not Meet
River
Valley Creek Basic High Moderate Does Not Meet
S,\f;ﬁgpeﬁlver Upper Large High Moderate Does Not Meet
Panther Creek Intermediate N/A N/A Extirpated
Wenaha River Intermediate High Moderate Does Not Meet
Minam River Intermediate High Moderate Does Not Meet
Grande Catherine Creek Large High Moderate Does Not Meet
quonl?]ea Lostine/Wallowa Rivers Large High Moderate Does Not Meet Does Not Meet
Upper Grz_inde Ronde Large High High Does Not Meet
River
Imnaha River Intermediate High Moderate Does Not Meet
Lower . . .
Snake Tucannon River Intermediate High Moderate Does Not Meet Does Not Meet
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Figure 2.2.3. Major population groups and independent populations of Snake River
spring/summer Chinook salmon. The populations codes are contracted from the above
table, for example SRUMA=upper Salmon River, Salmon River mainstem

2.2.1.3. Snake River Fall Chinook Salmon

The Snake River fall Chinook salmon ESU was listed as threatened on April 22, 1992 (57 FR
14653). This ESU includes all natural-origin populations in the mainstem Snake River below
Hells Canyon Dam, and the Tucannon, Grande Ronde, Imnaha, Salmon, and Clearwater Rivers.
The ESU also includes four artificial propagation programs: the Lyons Ferry Hatchery; fall
Chinook acclimation ponds program, Nez Perce Tribal Hatchery, and Oxbow Hatchery (70 FR
37160; June 28, 2005). On August 15, 2011, NMFS completed a 5-year review for the Snake
River fall Chinook salmon ESU and concluded that the species should remain listed as
threatened (76 FR 50448).

Fall Chinook salmon in the Columbia River generally exhibit an ocean-type life history. In
general, fall Chinook salmon are larger than stream-type Chinook salmon and spawn in larger,
mainstem rivers and the lower sections of larger tributaries. Adult Snake River fall Chinook
salmon return when they are between 2 and 5 years of age, with 4 years being the most common.
Adults typically return to fresh water beginning in July, migrate past the lower Snake River
mainstem dams from August through November, and spawn from October through early
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December. Juveniles emerge from the gravels in March and April of the following year. Parr
undergo a smolt transformation usually as subyearlings in the spring and summer at which time
they migrate to the ocean. However, in recent years, in both the upper Columbia River basin and
in the Snake River basin, some ocean-type Chinook salmon have been utilizing the reservoirs
upstream of the mainstem dams and migrating as yearlings the following year. Subadults and
adults forage in coastal and offshore waters of the North Pacific Ocean prior to returning to
spawn in their natal streams.

Historically, fall Chinook salmon were widely distributed throughout the Snake River and many
of its major tributaries from its confluence with the Columbia River upstream to Shoshone Falls,
Idaho (Fulton 1968). Prior to the 1960s, the Snake River was considered the most important
drainage in the Columbia River system for the production of anadromous fishes. The majority of
historic Snake River fall Chinook salmon production was centered on the middle and upper
mainstem Snake River in island/channel habitats. This portion of the Snake River represented
approximately 85% of the historically available habitat for this ESU (NMFS 2010a).

Construction of the Swan Falls Dam in 1901 and the Hells Canyon Dam complex between 1956
and 1968 eliminated access to this habitat, reducing the distribution of fall Chinook salmon to
mostly remnant areas in the Snake River basin with lower natural production potential than the
habitats available in their former range (Connor et al. 2002; Dauble et al. 2003). Within Idaho,
the current distribution of fall Chinook salmon is located in the Snake River below Hells Canyon
Dam; along the lower/middle main Salmon River, from the mouth upstream to approximately its
confluence with French Creek; and the lower reaches of the Clearwater River.

Historical abundance of Snake River fall Chinook salmon prior to 1938 is not known. The
estimated annual return for the period 1938 to 1949 was 72,000 fish and had declined to an
annual average of 29,000 fish by the 1950s (Bjornn and Horner 1980). Numbers of fall Chinook
salmon continued to decline during the 1960s and 1970s with the construction of numerous dams
in the Snake River. Counts of returning natural-origin fall Chinook salmon at LGD from 1975
through 1980 averaged 610 fish per year (Waples et al. 1991b). The first hatchery-reared Snake
River fall Chinook salmon returned to the Snake River in 1981 (Busack 1991), and since then,
adult counts represent a mixture of hatchery and natural production. Since 1983, about 20% to
80% of the total fall Chinook salmon reaching the LGD each year is estimated to have been of
hatchery origin (Waples et al. 1991b).

Counts of natural-origin? adult Snake River fall Chinook salmon at LGD were 1,000 fish in 1975
and declined to an annual low of 78 adults in 1990 (Good et al. 2005). Numbers of natural-
origin Snake River fall Chinook salmon began to increase after 1990, with a 5-year geometric
mean for 1997 to 2001 of 871 natural-origin fish (Good et al. 2005). The total spawning
escapement over LGD has remained relatively high since the rapid increase in the late 1990s.
The current 5-year geometric mean (2003 to 2008) of natural-origin fish is 2,291, which is
substantially more than the previous estimate. When considering hatchery-origin fish, the 5-year
geometric mean of total adult returns for that same time period exceeded 11,000 (Ford 2011).
Clearly, hatchery supplementation continues to play a significant role in the overall abundance of
fish, accounting for approximately 78% of the returns during 2003 to 2008 cycle.

2 Adult fish produced from naturally spawning parents (regardless of the origin of the parents).
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There is only one extant® population in the Snake River fall Chinook salmon ESU, the Lower
Snake River Mainstem population. This population occupies the Snake River from its
confluence with the Columbia River to Hells Canyon Dam, and the lower reaches of the
Clearwater, Imnaha, Grande Ronde, Salmon, and Tucannon Rivers. The majority of the fish
spawn in the mainstem Snake River between the head of Lower Granite Reservoir (River Mile
[RM] 146.8) and Hells Canyon Dam (RM 247.6), with the remaining fish distributed among
lower sections of the major tributaries. Fall Chinook salmon in the mainstem Snake River
appear to be distributed in a series of aggregates from the mouth of Asotin Creek to RM 219,
although smaller numbers have been reported spawning in the tailraces of the lower Snake dams.
Due to their proximity and the likelihood that individual tributaries did not support separate
populations of sufficient size to be self-sustaining, the ICTRT considered these aggregates and
the fish in the lower portions of major tributaries to the Snake River to be a single population
(McClure et al. 2005).

Because there is only one extant population of Snake River fall Chinook salmon, ICTRT criteria
indicate that this population should be “Highly Viable” to achieve recovery of this ESU (ICTRT
2007). To be “Highly Viable” under the VSP guidelines, this population must have: (1) A
combination of abundance and productivity that create a very low risk of extinction (<1% over a
100-year period); and (2) spatial structure and genetic/phenotypic diversity that have no more
than a low risk of not maintaining key components of spatial structure and diversity described by
the ICTRT.

The single extant population of Snake River fall Chinook salmon, the Lower Snake River
Mainstem population, is currently not viable. Based upon productivity and escapement
estimates, the abundance/productivity metric risk rating is moderate. Similarly, based upon
spawner distribution and hatchery composition data, the spatial structure/diversity risk rating is
moderate. As such, the overall viability rating for this population is “maintained.” To meet the
criteria for Highly Viable, the abundance/productivity levels and spatial structure/diversity risk
ratings would need to improve.

Detailed information on the range-wide status of Snake River spring/summer Chinook salmon
under the environmental baseline is described in Chinook salmon status reviews (Myers et al.
1998; Good et al. 2005; Ford 2011).

2.2.1.4. Snake River Basin Steelhead

The Snake River Basin steelhead was listed as a threatened ESU on August 18, 1997 (62 FR
43937), with a revised listing as a distinct population segment (DPS) on January 5, 2006 (71 FR
834). The listed DPS includes all natural-origin populations of anadromous steelhead in the
Snake River basin downstream from long-standing barriers in southeast Washington, northeast
Oregon, and Idaho. The DPS also includes six artificial production programs: Tucannon River,
Dworshak National Fish Hatchery, Lolo Creek, North Fork Clearwater, East Fork Salmon River,

® The ICTRT also designated two populations of Snake River fall Chinook salmon that are not extant: the Marsing
Reach population and the Salmon Falls population (ICTRT May 11, 2005, memorandum regarding updated
population delineation in the Interior Columbia Basin).
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and the Little Sheep Creek/Imnaha River Hatchery. The Snake River Basin steelhead listing
does not include resident forms of O. mykiss (rainbow trout) co-occurring with these steelhead.

Steelhead are anadromous fish that spawn in freshwater streams and mature in the ocean. Adult
Snake River Basin steelhead return to the Snake River basin from late summer through fall,
where they hold in larger rivers for several months before moving upstream into smaller
tributaries. Adult dispersal toward spawning areas varies with elevation, with the majority of
adults dispersing into tributaries from March through May; earlier dispersal occurs at lower
elevations and later dispersal occurs at higher elevations. Spawning begins shortly after fish
reach spawning areas, which is typically during a rising hydrograph and prior to peak flows
(Thurow 1987). Steelhead generally select spawning areas at the downstream end of pools, in
gravels ranging in size from 0.5 to 4.5 inches in diameter (Pauley et al. 1986). Juveniles emerge
from the gravels in 4 to 8 weeks, depending on temperature. After emergence, fry have poor
swimming ability. Steelhead fry initially move from the gravels into shallow, low-velocity areas
in side channels and along channel margins to escape high velocities and predators (Everest and
Chapman 1972), and progressively move toward deeper water as they grow in size (Bjornn and
Rieser 1991). Juveniles typically reside in fresh water for 2 to 3 years (Behnke and Tomelleri
2002). Smolts migrate downstream during spring runoff, which occurs from March to mid-June
depending on elevation.

Anadromous Snake River Basin steelhead exhibit two distinct morphological forms, identified as
“A-run” and “B-run” fish, which are distinguished by differences in body size, run timing, and
length of ocean residence. B-run fish predominantly reside in the ocean for 2 years, while A-run
steelhead typically reside in the ocean for 1 year. As a result of differences in ocean residence
time, B-run steelhead are typically larger than A-run fish. The smaller size of A-run adults
allows them to spawn in smaller headwater streams and tributaries. The differences in the two
fish stocks represent an important component of phenotypic and genetic diversity of the Snake
River Basin steelhead DPS through the asynchronous timing of ocean residence, segregation of
spawning in larger and smaller streams, and possible differences in the habitats of the fish in the
ocean.

Although direct historical estimates of production from the Snake River basin are not available,
the basin is believed to have produced more than half of the steelhead in the CRB (Mallet 1974).
There are some historical estimates of returns to portions of the drainage. Returns to the
Clearwater, Grande Ronde, Imnaha, and Tucannon Rivers may have reached or exceeded 62,000
to 82,000 fish in the mid-1950s to early 1960s (Cichosz et al. 2003; ODFW 1991; Thompson et
al. 1958). The Salmon River basin likely supported substantial production as well (Good et al.
2005). The longest, consistent indicator of steelhead abundance in the Snake River basin is
derived from counts of natural-origin steelhead at the uppermost dam on the LGD. According to
these estimates, the abundance of natural-origin steelhead at the uppermost dam on the Snake
River has declined from a 4-year average of 58,300 in 1964 to a 4-year average of 8,300 ending
in 1998. In general, steelhead abundance declined sharply in the early 1970s, rebuilt modestly
from the mid-1970s through the 1980s, and declined again during the 1990s. The 2001 and 2002
total and natural-origin returns of steelhead over LGD (average 240,643 and 52,503,
respectively) were substantially higher relative to the low levels seen in the 1990s. The rolling
5-year average abundance of natural-origin returns has generally increased from 2000 (12,090
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fish between 1996 and 2000) to 2010 (48,740 fish between 2006 and 2010). Although steelhead
numbers have dramatically increased, natural-origin steelhead comprise only 10% to 30% of the
total returns since 1994 (FPC 2011c).

The ICTRT identified 29 independent populations (excluding the historically occupied but
currently inaccessible habitats upstream of the Hells Canyon Dam complex) in the Snake River
Basin steelhead DPS, grouped into six MPGs (McClure et al. 2005). Fish from all of these
MPGs are found at one time or another migrating through ldaho waters, but only three of the
MPGs (i.e., Clearwater River, Salmon River, and Hells Canyon) are located in Idaho. There are
22 independent populations within these three MPGs, of which three are extirpated, one is
functionally extirpated, and one (North Fork Clearwater) is blocked from its historic habitat
(Table 2.2.4). The three MPGs outside Idaho are Lower Snake MPG (Tucannon River
population and Asotin Creek population), the Grande Ronde MPG (Upper and Lower Grande
Populations, Joseph Creek population and Wallowa River population) and the Imnaha River
MPG (Imnaha River population).

Under the approach recommended by the ICTRT, the overall rating for an ESU depends upon
population level ratings organized by MPG within that ESU (2007). In order for the Snake River
Basin steelhead DPS to be considered viable, the Clearwater and Salmon MPGs need to achieve
viable status. Table 2.2.4 summarizes the viability ratings for each population and the overall
viability status for each MPG that occurs within the action area (Ford 2011; NMFS 2011).
Currently, none of the MPGs meet MPG viability criteria. As such, this DPS does not meet
DPS-level viability criteria (non-negligible risk of extinction over a 100-year time period).

Although recent increases in fish abundances are encouraging, population-level natural-origin
abundance and productivity inferred from aggregate data and juvenile indices indicate that many
populations in the ESU are likely below the minimum combinations defined by the ICTRT
viability criteria. A great deal of uncertainty remains regarding the relative proportion of
hatchery fish in natural spawning areas near hatchery release sites. Furthermore, the natural-
origin abundance and productivity are still below their targets (Ford 2011).

Detailed information on the range wide status of Snake River Basin steelhead under the

environmental baseline is described in status reviews (Myers et al. 1998; Good et al. 2005; Ford
2011).
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Table 2.2.4. Summary of VSP parameter risks and viability status for Snake River Basin
Steelhead MPGs and independent populations (Ford 2011; NMFS 2011).

Population VSP Parameter Status
MPG Population Name Size & Risk (Meets viability Criteria?)
Complexity | A/p Ss/D | Population MPG
Lower Mainstem Large Moderate Low Does Not Meet
North Fork Blocked Blocked Extirpated
Clearwater Lolo Creek Basic High Moderate Does Not Meet
. Does Not Meet
River Lochsa River Intermediate High Low Does Not Meet
Selway River Intermediate High Low Does Not Meet
South Fork Intermediate High Moderate | Does Not Meet
Little Salmon River Basic Moderate | Moderate | Does Not Meet
Secesh River Basic High Low Does Not Meet
South Fork Salmon Intermediate High Low Does Not Meet
Chamberlain Creek Basic Moderate Low Does Not Meet
Lower Middle Fork Intermediate High Low Does Not Meet
Salmon River Upper Middle Fork Intermediate High Low Does Not Meet Does Not Mest
Panther Creek Basic Moderate High Does Not Meet
North Fork Salmon Basic Moderate Moderate Does Not Meet
Lemhi River Intermediate Moderate Moderate Does Not Meet
Pahsimeroi River Intermediate Moderate | Moderate | Does Not Meet
East Fork Salmon Intermediate Moderate | Moderate | Does Not Meet
Upper Salmon Mainstem Intermediate Moderate Moderate | Does Not Meet
Upper Grande Ronde Large Moderate Moderate Does Not Meet
Grande Lower Grande Ronde Intermediate N/A Moderate Does Not Meet
Ronde Joseph Creek Basic Very Low | Low Meets Does Not Meet
Wallowa River Intermediate High Low Does Not Meet
Imnaha Imnaha Intermediate Moderate Moderate Doe Not Meet Does Not Meet
Lower Snake | Tucannon Intermediate High Moderate Does Not Meet
River Asotin Basic Moderate Moderate Does Not Meet Does Not Meet

2.2.2. Status of Critical Habitat

NMFS reviews the status of designated critical habitat affected by the proposed action by
examining the condition and trends of essential features for Chinook salmon or PCEs for
steelhead throughout the designated area (hereinafter referred to PCESs). The PCEs consist of the
physical and biological features identified as essential to the conservation of the listed species
because they support one or more of the of the species’ life stages (e.g., sites with conditions that
support spawning, rearing, migration and foraging).

The ESA-listed species addressed in this Opinion occupy many of the same geographic areas and
have similar life history characteristics. The PCEs or essential physical and biological features
are also similar and are referred to jointly as PCEs (Table 2.2.5). In general, these PCEs include
sites essential to support one or more life stages of the ESA-listed species (i.e., sites for
spawning, rearing, migration, and foraging) and contain physical or biological features essential
to the conservation of the listed species (e.g., spawning gravels, water quality and quantity, side
channels, or food). The PCEs associated with the freshwater spawning, rearing and migratory
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sites potentially affected by this action include water quality, forage/food, and access/safe
passage.

Table 2.2.5. Types of sites and essential physical and biological features designated as
PCEs, and the species life stage each PCE supports.

Essential Physical and Biological Features EeR i Gpaniss L

Stage

Snake River Basin Steelhead?

Freshwater spawning

Water quality, water quantity, and substrate

Spawning, incubation, and
larval development

Water quantity & floodplain connectivity to
form and maintain physical habitat conditions

Juvenile growth and
mobility

Freshwater rearing

Water quality and forage®

Juvenile development

Natural cover®

Juvenile mobility and
survival

Freshwater migration

Free of artificial obstructions, water quality
and quantity, and natural cover®

Juvenile and adult mobility
and survival

Snake River Spring/summer and Fall Chinook Salmon

Spawning gravel, water quality and quantity,

Spawning and Juvenile cover/shelter, food, riparian vegetation, and

Juvenile and adult.

Rearing
space
Substrate, water quality and quantity, water
Migration temperature, water velocity, cover/shelter, Juvenile and adult.

food", riparian vegetation, space, safe passage

Snake River Sockeye Salmon

Spawning gravel, water quality and quantity,

Spawning and Juvenile water temperature, food, riparian vegetation,

Juvenile and adult.

Rearing
and access
Substrate, water quality and quantity, water
Migration temperature, water velocity, cover/shelter, Juvenile and adult.

food", riparian vegetation, space, safe passage

a. Additional PCEs pertaining to estuarine, nearshore, and offshore marine areas have also been described for
Snake River Basin steelhead. These PCEs will not be affected by the proposed action and have therefore not
been described in this Opinion.

b. Forage includes aquatic invertebrate and fish prey that support growth and maturation.

c. Natural cover includes shade, large wood, log jams, beaver dams, aquatic vegetation, large rocks and
boulders, side channels, and undercut banks.

d. Food applies to juvenile migration only.

Table 2.2.6 provides a brief description of the designated critical habitat for the four ESA-listed
species considered in this Opinion. Critical habitat includes the stream channel and water
column with the lateral extent defined by the ordinary high-water line, or the bankfull elevation
where the ordinary high-water line is not defined. In addition, critical habitat for the three
salmon species includes the adjacent riparian zone, which is defined as the area within 300 feet
of the line of high water of a stream channel or from the shoreline of standing body of water (58
FR 68543; December 28, 1993). The riparian zone is critical because it provides shade;
streambank stability; organic matter input; and sediment, nutrient, and chemical regulation.
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Table 2.2.6. Description of designated critical habitat for ESA-listed species considered in

this Opinion.
ESU/DPS Designation Description of Critical Habitat in Idaho
Snake River 58 FR 68543; Snake and Salmon Rivers; Alturas Lake Creek;

sockeye salmon

December 28, 1993

Valley Creek, Stanley Lake, Redfish Lake,
Yellowbelly Lake, Pettit Lake, Alturas Lake; all
inlet/outlet creeks to those lakes

Snake River 58 FR 68543; All river reaches presently or historically

spring/summer December 28, 1993 | accessible, except river reaches above impassable

Chinook salmon 64 FR 57399; natural falls and Dworshak and Hells Canyon Dams
October 25, 1999

Snake River fall 58 FR 68543; Snake River from state line to Hells Canyon Dam,

Chinook salmon

December 28, 1993

Clearwater River from its confluence with the
Snake River upstream to Lolo Creek, North Fork
Clearwater River from its confluence with the
Clearwater River upstream to Dworshak Dam, all
other river reaches presently or historically
accessible within the Clearwater, Lower
Clearwater, Lower Snake Asotin, Hells Canyon and
Lower Salmon subbasins

Snake River Basin
steelhead

70 FR 52630;
September 2, 2005

Specific stream reaches are designated within the
Snake, Salmon, and Clearwater basins. Table 21 in
the Federal Register details habitat areas within the
ESU’s geographical range that are excluded from
critical habitat designation.

During all life stages, salmon and steelhead require cool water that is relatively free of
contaminants. From a water quality perspective, cool, clean water ensures there is adequate
passage conditions for these species to access various habitats required to complete their life
cycle. It also contributes to the establishment and maintenance of a healthy, properly functioning
ecosystem for prey communities upon which salmon can forage. Water quality degradation
within the action area can influence survival and productivity of salmon and steelhead (Regetz

2003).

The PCE for necessary water quality in critical habitats is considered to include the following
features. Waters in critical habitats need to be free from substances in concentrations that could
cause effects that directly or indirectly, could interfere with important life histories of
anadromous salmonids. Potential adverse effects of concern from toxic chemicals include
biologically important behaviors and physiological effects to chemoreception, homing,
orientation and rheotaxis, downstream migrations, predator avoidance, prey capture, avoidance
of habitats or loss of avoidance ability, swimming speed or endurance, altered social status (e.g.,
dominance and competitive interactions), feeding efficiency, food conversion or growth effects,
reproductive impairment, or death, whether resulting from direct exposure or secondary to
intermediate effects. The “water quality” PCE also implies waters need to be free from other
indirect effects such as effects to invertebrate communities that serve as the prey base for
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juvenile salmonids, reduced invertebrate diversities, or reduced abundances of preferred prey.
Because there are interchanges between the water column and sediments in aquatic habitats,
because benthic macroinvertebrate prey are closely linked to sediments, sediments also need to
be free from toxic chemicals in concentrations that could cause adverse effects.

Snake River spring/summer Chinook salmon designated critical habitat in the Snake and
Columbia Rivers have been altered by: (1) Operation of dams upstream from the migration
corridor for water storage and flood control; (2) water diversion for irrigation upstream from the
migration corridor; (3) construction of dams, reservoirs, and a navigation channel within the
migration corridor; and (4) operation of dams and reservoirs for power generation, flood control,
water storage, and navigation within the migration corridor. Use of water, primarily for
irrigation, has greatly reduced water quantity available for rearing and migration and
construction and operation of storage and flood control reservoirs has further reduced water
quantity during spring when juvenile Chinook salmon migrate downstream through the Snake
and Columbia Rivers. The eight mainstem dams and their associated reservoirs along the
migration route have greatly reduced water velocity and have increased habitat for native and
introduced predators, such as pikeminnow, smallmouth bass, and channel catfish. The eight
mainstem dams also constitute physical barriers that can substantially decrease migration
survival. Impounding water for storage, flood control, and navigation may also increase summer
water temperatures, which could adversely affect late migrating juvenile and adult Chinook
salmon (NMFS 2014).

Designated critical habitat in the Salmon River drainage has not been affected by mainstem dams
and large storage reservoirs, so it is somewhat less altered than habitat in the Snake and
Columbia Rivers, but it has been affected by extensive water use, mining, construction and
maintenance of water diversion structures, construction and maintenance of roads, conversion of
wetlands into agriculture land, and by livestock grazing. Amount of development and condition
of habitat varies greatly within the Salmon River drainage. Most of the development, and
consequent adverse impacts on habitat, have occurred upstream from the confluence of the
Middle Fork Salmon and main Salmon Rivers (RM 199) and within the Little Salmon River
drainage. For example: There are approximately 154,000 acres of irrigated agriculture in the
Salmon River drainage, the impacts of which deplete flows in the Little Salmon River, North
Fork Salmon River, Lemhi River, Pahsimeroi River, portions of the mainstem Salmon River, and
numerous smaller Salmon River tributaries; past mining activities have devastated habitat in
portions of the Yankee Fork Salmon River drainage and Panther Creek drainages; livestock
grazing may also impact riparian habitat throughout this area; and impacts of small cities and
towns, which are primarily located on waterways, have cause localized impacts on riparian and
instream habitat. In contrast, the Middle Fork Salmon River drainage, large portions of the
South Fork Salmon River drainage, and the Chamberlin Creek drainage are largely undeveloped
and contain some of the most unimpaired salmonid habitat in the contiguous United States
(NMFS 2011).

Spawning and rearing habitat quality in tributary streams in the Snake River varies from
excellent in wilderness and roadless areas to poor in areas subject to intensive human land uses
(NMFS 2011). Critical habitat throughout much of the Snake River basin has been degraded by
intensive agriculture, alteration of stream morphology (i.e., channel modifications and diking),
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riparian vegetation disturbance, wetland draining and conversion, livestock grazing, dredging,
road construction and maintenance, logging, mining, and urbanization. Reduced summer
streamflows, impaired water quality, and reduction of habitat complexity are common problems
for critical habitat in non-wilderness areas. Human land use practices throughout the basin have
caused streams to become straighter, wider, and shallower, thereby reducing rearing habitat and
increasing water temperature fluctuations.

In many stream reaches designated as critical habitat in the Snake River basin, streamflows are
substantially reduced by water diversions (NMFS 2011). Withdrawal of water, particularly
during low-flow periods that commonly overlap with agricultural withdrawals, often increases
summer stream temperatures, blocks fish migration, strands fish, and alters sediment transport
(Spence et al. 1996). Reduced tributary streamflow has been identified as a major limiting factor
for Snake River spring/summer Chinook and Snake River Basin steelhead in particular (NMFS
2011).

Many stream reaches designated as critical habitat are listed on the state of Idaho’s CWA section
303(d) list for impaired water quality, such as elevated water temperature (IDEQ 2010). Some
areas that were historically suitable rearing and spawning habitat are now unsuitable due to high
summer stream temperatures. Removal of riparian vegetation, alteration of natural stream
morphology, and withdrawal of water for agricultural or municipal use all contribute to elevated
stream temperatures (Poole et al. 2001; Arthaud et al. 2010). Water quality in spawning and
rearing areas has also been impaired by high levels of sedimentation and by heavy metal
contamination from mine waste (e.g., Nelson et al. 1991).

Migration habitat quality for Snake River salmon and steelhead has also been severely degraded,
primarily by the development and operation of dams and reservoirs on the mainstem Columbia
and Snake Rivers (Ford 2011). Hydroelectric development has modified natural flow regimes in
the migration corridor—causing in higher water temperatures and changes in fish community
structure that have led to increased rates of piscivorous and avian predation on juvenile salmon
and steelhead, and delayed migration for both adult and juveniles. Physical features of dams
such as turbines also kill migrating fish.

2.2.3. Climate Change

Climate change is likely to have negative implications for the conservation value of designated
critical habitats in the Pacific Northwest (CIG 2004; Scheuerell and Williams 2005; Zabel et al.
2006; Independent Scientific Advisory Board [ISAB] 2007). Average annual Northwest air
temperatures have increased by approximately 1°C since 1900, or about 50% more than the
global average warming over the same period (ISAB 2007). The latest climate models project a
warming of 0.1°C to 0.6°C per decade over the next century. According to the ISAB, these
effects may have the following physical impacts within the next 40 or so years:

e Warmer air temperatures will result in a shift to more winter/spring rain and runoff,
rather than snow that is stored until the spring/summer melt season.
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e With a shift to more rain and less snow, the snowpacks will diminish in those areas that
typically accumulate and store water until the spring freshet.

o With a smaller snowpack, these watersheds will see their runoff diminished and
exhausted earlier in the season, resulting in lower streamflows in the June through
September period.

o River flows in general and peak river flows are likely to increase during the winter due to
more precipitation falling as rain rather than snow.

e Water temperatures will continue to rise, especially during the summer months when
lower streamflow and warmer air temperatures will contribute to the warming regional
waters.

These changes will not be spatially homogenous. Areas with elevations high enough to maintain
temperatures well below freezing for most of the winter and early spring would be less affected.
Low-lying areas that historically have received scant precipitation and contribute little to total
streamflow are likely to be more affected. These long-term effects may include, but are not
limited to, depletion of cold water habitat, variation in quality and quantity of tributary rearing
habitat, alterations to migration patterns, accelerated embryo development, premature emergence
of fry, and increased competition among species.

2.3. Environmental Baseline

The environmental baseline includes the past and present impacts of all Federal, state, or private
actions and other human activities in the action area, the anticipated impacts of all proposed
Federal projects in the action area that have already undergone formal or early section 7
consultation, and the impact of state or private actions which are contemporaneous with the
consultation in process (50 CFR 402.02).

In general, the environment for ESA-listed species has been dramatically affected by the
development and operation of the Federal Columbia River Power System (FCRPS). Storage
dams have eliminated mainstem spawning and rearing habitat, and have altered the natural flow
regime of the Snake and Columbia Rivers, decreasing spring and summer flows, increasing fall
and winter flow, and altering natural thermal patterns. Slowed water velocity and increased
temperatures in reservoirs delays smolt migration timing and increases predation in the migratory
corridor (NMFS 2014; Independent Scientific Group 1996; National Research Council 1996).
Formerly complex mainstem habitats have been reduced to predominantly single channels, with
reduced floodplains and off-channel habitats eliminated or disconnected from the main channel
(Sedell and Froggatt 2000; Coutant 1999). The amount of large woody debris in these rivers has
declined, reducing habitat complexity and altering the rivers’ food webs (Maser and Sedell
1994).

Other anthropogenic activities that have degraded aquatic habitats or affected native fish
populations in the Snake River basin include stream channelization, elimination of wetlands,
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construction of flood-control dams and levees, construction of roads (many with impassable
culverts), timber harvest, splash dams, mining, water withdrawals, unscreened water diversions,
agriculture, livestock grazing, urbanization, outdoor recreation, fire exclusion/suppression,
artificial fish propagation, fish harvest, and introduction of non-native species (Henjum et al.
1994; Rhodes et al. 1994; National Research Council 1996; Spence et al. 1996; Lee et al. 1997;
NMFS 2004). In many watersheds, land management and development activities have:

e Reduced connectivity (i.e., the flow of energy, organisms, and materials) between
streams, riparian areas, floodplains, and uplands;

e Elevated fine sediment yields, degrading spawning and rearing habitat;

e Reduced large woody material that traps sediment, stabilizes streambanks, and helps
form pools;

e Reduced vegetative canopy that minimizes solar heating of streams;

e Caused streams to become straighter, wider, and shallower, thereby reducing rearing
habitat and increasing water temperature fluctuations;

e Altered peak flow volume and timing, leading to channel changes and potentially altering
fish migration behavior; and,

e Altered floodplain function, water tables and base flows (Henjum et al. 1994; Mclintosh
et al. 1994; Rhodes et al. 1994; Wissmar et al. 1994; National Research Council 1996;
Spence et al. 1996; and Lee et al. 1997).

2.3.1. Basins in Action Area

The action area encompasses all areas potentially affected directly or indirectly by this
consultation. Because of the potential for downstream effects and additive effects within
watersheds, the action area encompasses entire subbasins where ESA-listed species and
designated critical habitat occur. A general review of the environmental baseline has been
divided up into the three major basins within the action area: (1) The Clearwater River basin; (2)
the Salmon River basin; and (3) the Snake River basin.

2.3.1.1. Clearwater River Basin
The Clearwater River basin is located in north-central Idaho between the 46™ and 47" latitudes in
the northwestern portion of the continental United States. It is a region of mountains, plateaus,

and deep canyons within the Northern Rocky Mountain geographic province. The basin is
bracketed by the Salmon River basin to the south and St. Joe River subbasin to the north.
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The Clearwater River drains approximately a 9,645-mi? area. The basin extends approximately
100 miles north to south and 120 miles east to west. There are four major tributaries that drain
into the mainstem of the Clearwater River: the Lochsa, Selway, South Fork Clearwater, and
North Fork Clearwater Rivers. The Idaho—Montana border follows the upper watershed
boundaries of the Lochsa and Selway Rivers, and the eastern portion of the North Fork
Clearwater River in the Bitterroot Mountains. The North Fork Clearwater River then drains the
Clearwater Mountains to the north, while the South Fork Clearwater River drains the divide
along the Selway and Salmon Rivers. Dworshak Dam, located 2 miles above the mouth of the
North Fork Clearwater River, is the only major water regulating facility in the basin. Dworshak
Dam was completed in 1972 and eliminated access to one of the most productive systems for
anadromous fish in the basin. The mouth of the Clearwater is located on the Washington—Ildaho
border at the town of Lewiston, Idaho, where it enters the Snake River 139 river miles upstream
of the Columbia River (NPCC 2004).

More than two-thirds of the total acreage of the Clearwater River basin is evergreen forests (over
4 million acres), largely in the mountainous eastern portion of the basin. The western third of the
basin is part of the Columbia plateau and is composed almost entirely of crop and pastureland.
Most of the forested land within the Clearwater basin is owned by the Federal government and
managed by the USFS (over 3.5 million acres), but the State of Idaho and Potlatch Corporation
also own extensive forested tracts. The western half of the basin is primarily in the private
ownership of small forest landowners and timber companies, as well as farming and ranching
families and companies. There are some small private in-holdings within the boundaries of
USFS lands in the eastern portion of the basin. Nez Perce Tribe lands are located primarily
within or adjacent to Lewis, Nez Perce, and Idaho Counties within the current boundaries of the
Nez Perce Indian Reservation. These properties consist of both Fee lands owned and managed
by the Nez Perce Tribe, and properties placed in trust status with the Bureau of Indian Affairs.
Other agencies managing relatively small land areas in the Clearwater basin include the National
Park Service, the BLM, ldaho Transportation Department, and IDFG (Ecovista 2004a).

Water quality limited segments are streams or lakes which are listed under section 303(d) of the
CWA for either failing to meet their designated beneficial uses, or for exceeding state water
quality criteria. The current list of 303(d) listed segments was compiled by the Idaho
Department of Environmental Quality (IDEQ) in 2010, and includes many stream reaches within
the Clearwater River basin (IDEQ 2010). Individual stream reaches are listed for parameters
such as water temperature, sedimentation/siltation, fecal coliform, ammonia, oil and grease,
dissolved oxygen, etc. Please refer to the following website for reach-specific 303(d) listed
stream segments: http://www.deq.idaho.gov/water-quality/surface-water/monitoring-
assessment/integrated-report.aspx.

Small-scale irrigation, primarily using removable instream pumps, is relatively common for hay
and pasture lands scattered throughout the lower elevation portions of the subbasin, but the
amounts withdrawn have not been quantified. The only large-scale irrigation/diversion system
within the Clearwater basin is operated by the Lewiston Orchards Irrigation District within the
Lower Clearwater subbasin.
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Seventy dams currently exist within the boundaries of the Clearwater Basin. The vast majority
of existing dams exist within the Lower Clearwater (56), although dams also currently exist in
the Lower North Fork (3), Lolo/Middle Fork (5), and South Fork (6) watersheds (NPPC 2004).

The seven largest reservoirs in the basin provide recreational and other beneficial uses.
Dworshak, Reservoir A, Soldiers Meadows, Winchester, Spring Valley, Elk River, and Moose
Creek Reservoirs all provide recreational fishing opportunities. Reservoir A and Soldiers
Meadows Reservoir are also part of the Lewiston Orchards Irrigation District irrigation system.
Capacity of other reservoirs within the Clearwater basin is limited to 65 acre-feet or less, and in
most cases is less than 15 acre-feet, limiting their recreational capacity (NPPC 2004).

Agriculture primarily affects the western third of the basin on lands below 2,500 feet in
elevation, primarily on the Camas Prairie both south and north of the mainstem Clearwater and
the Palouse. Additional agriculture is found on benches along the main Clearwater and its lower
tributaries such as Lapwai, Potlatch, and Big Canyon Creeks. Hay production in the meadow
areas of the Red River and Big Elk Creek in the American River watershed accounts for most of
the agriculture in the South Fork Clearwater. Total cropland and pasture in the subbasin exceeds
760,000 acres. Agriculture is a particularly large part of the economy in Nez Perce, Latah,
Lewis, and Idaho Counties, which all have large areas of gentle terrain west of the Clearwater
Mountains. Small grains are the major crop, primarily wheat and barley. Landscape dynamics,
hydrology, and erosion in these areas are primarily determined by agricultural practices (NPPC
2004).

Subwatersheds with the highest proportion of grazeable area (less than 50%) within the
Clearwater basin are typically associated with USFS grazing allotments in lower-elevation
portions of their ownership areas. However, the majority of lands managed by the USFS within
the Clearwater basin are not subjected to grazing by cattle or sheep, including all or nearly all of
the Upper Selway, Lochsa, and Upper and Lower North Fork watersheds. Subwatersheds
outside of the USFS boundaries typically have less than 25% of the land area defined as
grazeable, although this is as much as 75% for some. Privately owned property within the basin
typically contains a high percentage of agricultural use, with grazeable lands found only in
uncultivated areas. In contrast, grazing allotments on USFS lands are typically large, often
encompassing multiple HUCs, resulting in higher proportions of grazeable area than those
contained in primarily privately owned lands (NPPC 2004).

Mines are distributed throughout all eight watersheds in the Clearwater Basin, with the lowest
number of occurrences in the upper and lower Selway. Ecological hazard ratings for mines
(delineated by the Interior Columbian Basin Ecosystem Management Project) indicate that the
vast majority of mines throughout the subbasin pose a low relative degree of environmental risk.
However, clusters of mines with relatively high ecological hazard ratings are located in the South
Fork Clearwater River and in the Orofino Creek drainage (Lolo/Middle Fork) (NPPC 2004).
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2.3.1.2. Salmon River Basin

The Salmon River flows 410 miles north and west through central Idaho to join the Snake River.
The Salmon River is the largest subbasin in the Columbia River drainage, excluding the Snake
River, and has the most stream miles of habitat available to anadromous fish. The total subbasin
is approximately 14,000 square miles in size. Major tributaries include the Little Salmon River,
South Fork Salmon River, Middle Fork Salmon River, Panther Creek, Lemhi River, Pahsimeroi
River, and East Fork Salmon River (IDFG 1990).

Public lands account for approximately 91% of the Salmon River Basin, with most of this being
in Federal ownership and managed by seven National Forests or the BLM. Public lands within
the basin are managed to produce wood products, domestic livestock forage, and mineral
commodities; and to provide recreation, wilderness, and terrestrial and aquatic habitats.
Approximately 9% of the basin is privately owned. Private lands are primarily in agricultural
cultivation, and are concentrated in valley bottom areas within the upper and lower portions of
the basin.

Land management practices within the basin vary among landowners. The greatest proportion of
National Forest lands are Federally designated wilderness area or areas with low resource
commaodity suitability. One-third of the National Forest lands in the basin are managed
intensively for forest, mineral, or range resource commodity production. The BLM lands in the
basin are managed to provide domestic livestock rangeland and habitats for native species. State
of Idaho endowment lands within the basin are managed for forest, mineral, or range resource
commodity production. Near-stream or in-channel activities of relevance to fish and wildlife
conservation include efforts by landowners, private or otherwise, to modify stream channels in
order to protect property. Examination of the geographic distribution of permitted channel
alterations during the past 30 years suggests that the long-term frequency of these activities was
relatively consistent across much of the Salmon River Basin, but less common in the Upper
Middle Fork Salmon, Lower Middle Fork Salmon, Middle Salmon-Chamberlain, and Pahsimeroi
subbasins. It is unclear to what degree channel-modifying activities completed without permits
may have had on the observed pattern. Stream channels in the basin are also altered, albeit on a
smaller scale, by recreational dredging activities (NPCC 2004).

Water quality in many areas of the basin is affected to varying degrees by land uses that include
livestock grazing, road construction, logging and mining (Ecovista 2004b). Water quality
limited segments are streams or lakes which are listed under section 303(d) of the CWA for
either failing to meet their designated beneficial uses, or for exceeding state water quality
criteria. The current list of 303(d) listed segments was compiled by the IDEQ in 2010, and
includes numerous defined stream reaches within the Salmon River Basin. Individual stream
reaches are listed for parameters such as water temperature, escherichia coli,
sedimentation/siltation, fecal coliform, ammonia, copper, etc. Please refer to the following
website for reach-specific 303(d) listed stream segments: http://www.deg.idaho.gov/water-
quality/surface-water/monitoring-assessment/integrated-report.aspx.

In the Lemhi, Upper Salmon, Pahsimeroi, and Middle Salmon-Panther subbasins, less than 20%
of the larger streams meet all designated uses (i.e., specific uses identified for each water body
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through state and tribal cooperation, such as support of salmonid fishes, drinking water supplies,
maintenance of aquatic life, consumption of fish, recreational contact with water, and
agriculture) (NPCC 2004).

Partial and seasonal barriers have been created on a few of these streams. Partial to complete
barriers to anadromous fish exist on the Lemhi, Pahsimeroi and upper Salmon Rivers at water
diversions for irrigation. Twenty minor tributaries contain dams that are used for numerous
purposes such as irrigation, recreation, and fish propagation (IDFG 1990).

The diversion of water, primarily for agricultural use within the Salmon River Basin, has a major
impact on developed areas — particularly the Lemhi, Pahsimeroi, the mainstem Salmon, and
several tributaries of the Salmon River. Although many diversions are screened, many need
repair and upgrading. A major problem is localized stream dewatering. In addition to water
diversions, numerous small pumping operations for private use occur throughout the subbasin.
Impacts of water withdrawal on fish production are greatest during the summer months, when
streamflows are critically low (IDFG 1990).

The Salmon River Basin encompasses portions of five USFS wilderness areas. The Frank
Church River of No Return Wilderness area, one of the five within the subbasin, is the largest
wilderness area in the contiguous United States. Specific management guidelines for wilderness
areas generally prohibit motorized activities and allow natural processes to function in an
undisturbed manner.

Mining, though no longer a major land use as it was historically, it is still very prevalent in parts
of the Salmon River Basin. Impacts from mining include severe stream alterations in substrate
composition, channel displacement, bank and riparian destruction, and loss of instream cover and
pool-forming structures. All of these impacts are typical of large-scale dredging and occur with
other types of mining. Natural stream channels within the Yankee Fork, East Fork South Fork,
and Bear Valley Creek, have all had documented spawning and rearing habitat destroyed by
dredge mining. Furthermore, heavy metal pollution from mine wastes and drainage can
eliminate all aquatic life and block access to valuable habitat as seen in Panther Creek (IDFG
1990).

2.3.1.3. Snake River Basin

The Snake River originates at 9,500 feet, along the continental divide in the Wyoming portion of
Yellowstone National Park. The Snake River flows 1,038 miles westward toward the Idaho-
Oregon border, northwest to its confluence with Henry’s Fork near Rexburg, and then to Pasco,
Washington, where it flows into the Columbia River. The Snake River is a large river that is one
of the most important water resources in the State of Idaho. The Boise, Payette, and Weiser
Rivers in Idaho, and the Owyhee, Malheur, Burnt, and Powder Rivers in Oregon, join the Snake
River in this Idaho-Oregon border reach. The Snake River passes through Hells Canyon and
Idaho Power Company’s Hells Canyon Complex. Brownlee Dam, near River Mile 285, is the
uppermost facility, with Oxbow and Hells Canyon dams downstream. The basin includes
agriculture, and private and Federal irrigation.
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The Snake River basin upstream from Brownlee Dam includes 31 dams and reservoirs with at
least 20,000 acre-feet of storage each. The Bureau of Reclamation (BOR), Idaho Power
Company, and a host of other organizations own and operate various facilities. These facilities
have substantial influence on water resources, supplies, and the movement of surface and
groundwater through the region. The total storage capacity of these reservoirs is more than

9.7 million acre-feet. In addition, there are numerous smaller state, local, and privately owned
and operated dams and reservoirs throughout the upper Snake River Basin.

Within the action area, water quality limited segments are streams or lakes which are listed under
section 303(d) of the CWA for either failing to meet their designated beneficial uses, or for
exceeding state water quality criteria. The current list of 303(d) listed segments was compiled by
the IDEQ in 2010, and includes 7 defined stream reaches within the Hells Canyon and Lower
Snake River Asotin 4™-field HUCs. Individual stream reaches are listed for parameters such as
water temperature, sedimentation/siltation, escherichia coli, dissolved oxygen, pH, and
nutrient/eutrophication biological indicators. Please refer to the following website for reach-
specific 303(d) listed stream segments: http://www.deq.idaho.gov/water-quality/surface-
water/monitoring-assessment/integrated-report.aspx.

2.3.2. Baseline for Metals

Because of their wide variety of uses, metals enter the environment through many pathways.
The most direct routes are through acid mine drainage from active and abandoned mines and
point-source discharges from industrial activities such as plating, textile, tanning, and steel
industries. Municipal waste water treatment plants and urban runoff are also significant source
of metals to the environment. Arsenic, copper, and zinc used as pesticides and wood
preservatives enter the environment via drift, erosion, surface runoff, and leaching. Copper is
applied directly to the water as an aquatic herbicide. Particulate metals from combustion and
dust can be transported through the air.

Metals can enter the aquatic environment in a dissolved form or be attached to organic and
inorganic particulate matter. The amount of metal in the dissolved versus particulate form in
natural waters can vary greatly, but the particulate form is usually found in greater
concentrations. Metals can flux between different states and forms in an aquatic environment
due to changes in pH, temperature, oxygen, presence of other compounds, and biological
activity. These transformations can occur within and between water, sediment, and biota as the
cycles of nature change. Dredging and disposal operations can result in substantial suspension
and re-suspension of particulates in the water column, including those contaminated with metals.

Most metals addressed in this Opinion can enter the environment through natural and

anthropogenic pathways, and many of these metals naturally occur in the region in low
background concentrations. Most elevated concentrations of toxic metals in critical habitat have
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been associated with hard rock mining operations, particularly in the Salmon River basin. There
has been extensive degradation of critical habitat in many streams, some of which had been
associated with complete extirpation of salmon and steelhead populations because of poor water
quality (e.g., Panther Creek).

2.3.2.1. Baseline for Arsenic in Action Area

Concentrations of arsenic in river waters are usually low, typically in the range 0.1 to 2.0 ug/L
worldwide. However, relatively high concentrations of naturally occurring arsenic in rivers can
occur as a result of geothermal activity or the influx of high-arsenic groundwaters. Arsenic in
surface water is strongly associated with sediments and is highest in the toxic zones near the
surface water interface (Mok and Wai 1989; Nicholas and others 2003).

Arsenic concentrations of 10 to 70 pg/L have been reported in river waters from geothermal
areas, including the western USA (Plant et al. 2007; Mclntyre and Linton 2011; Table 2.4.3.1).
In a probabilistic study of arsenic in 55 Idaho rivers, the median total concentration was 2.0
Mg/L, ranging from 0.06 to 17 pg/L, from unfiltered samples (Essig 2010). In the Stibnite
Mining District located in the East Fork of the South Fork Salmon River (EFSFSR), arsenic is
naturally elevated in groundwater (up to 1000 pg/L), which then has been mobilized by mining
and milling. Arsenic concentrations up to 96 pg/L in filtered samples and 109 pg/L in unfiltered
have been measured in the EFSFSR downstream of the Stibnite Mining District (Woodward-
Clyde 2000).

Arsenic is greatly elevated above background levels in the Panther Creek watershed, downstream
of the Blackbird Mine. The loss of the Panther Creek population of Chinook salmon from
Blackbird Mine contamination was one of the factors leading to the decline and ESA listing of
Snake River spring/summer Chinook salmon (NMFS 1991). High arsenic in whole (unfiltered)
surface waters (>100 pg/L) has been detected, although dissolved arsenic in filtered samples has
been very low (<2 pg/L) in all samples (Table 2.4.3.2). Based on their relative toxicities and
ambient concentrations, copper was probably the biggest factor causing the loss of the Panther
Creek Chinook population, although arsenic contributes to aquatic risk (Section 2.4.3; NMFS
2007).

Arsenic, cobalt, and copper were greatly elevated in sediments, periphyton, and in the tissues of
aquatic insects in Panther Creek at the time of Chinook listing (Figures 2.3.1.1 to 2.3.1.3).
Ongoing remedial efforts that began in 1995 have led to some reductions in arsenic
concentrations in Panther Creek sediments and in the foodweb, although concentrations in both
remain elevated above upstream reference concentrations as of 2010 (Figures 2.3.1.1 and
2.3.1.3). Arsenic in tissues of aquatic insects declined with initial remedial efforts, but from
2006 to 2010, there have been no further decreases in arsenic in insect tissues. In contrast to
marked reductions in copper in Panther Creek (Section 2.3.3.), arsenic in periphyton has yet to
decline in Panther Creek. This suggests the presence of a persistent reservoir of arsenic in
sediments and floodplain soils.
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Figure 2.3.1.1. Arsenic in Panther Creek sediments sampled in similar stream reaches
before and after remediation efforts. In both surveys arsenic declined with increasing
distance downstream from Blackbird Creek. Arsenic appears to have generally declined
over time, although arsenic is still greatly elevated until the diluting flows of Napias
Creek, a large tributary, enter. This suggests a reservoir of arsenic may persist in
sediments or riparian soils that may be difficult to further control. As of 2011, EPA is
evaluating the feasibility of additional remediation to further reduce arsenic releases
from Blackbird Creek. Data from Mebane (1994) and Golder (2009), probable effect
concentration from MacDonald et al. (2000a).
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Figure 2.3.1.2. Arsenic in periphyton (algae and other organic material collected from
stream rocks) in Panther Creek sampled in similar stream reaches before and after
remediation efforts. Periphyton is the primary food source for many aquatic insects.
Data from Beltman et al. (1994) and EcoMetrix (2011).
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Figure 2.3.1.3. Arsenic in macroinvertebrate tissues of Panther Creek sampled in similar
stream reaches before and after remediation efforts. In both time periods arsenic
declined with increasing distance downstream from Blackbird Creek. At the uppermost
mining-affected sites, Panther Creek downstream of Blackbird Creek, arsenic initially
declined markedly following remediation, but has not further declined from 2006
through 2010. The 2008 spike in arsenic concentrations apparent in sediment and
periphyton graphs was not apparent in macroinvertebrates, suggesting limited
bioavailability of arsenic in that event. Data from Beltman et al. (1994) and EcoMetrix
(2011).

Arsenic is a suspected carcinogen in fish. It is associated with necrotic and fibrous tissues and
cell damage, especially in the liver. Arsenic can result in immediate death through increased
mucus production and suffocation. Other effects include anemia and gallbladder inflammation.
The toxicity of arsenic is influenced by a number of factors including fish size, water
temperature, pH, redox potential, organic matter, phosphate content, suspended solids, presence
of other toxicants, speciation of the chemical itself, and the duration of exposure (Dabrowski
1976; Eisler 1988a; McGeachy and Dixon 1989; Sorensen 1991; Cockell et al. 1992; Rankin and
Dixon 1994; Mcintyre and Linton 2011). Juvenile salmonids have been found to be more
sensitive to arsenic toxicity than alevins (Buhl and Hamilton 1990, 1991). Trivalent arsenic
(arsenite) tends to be more toxic than other forms, and inorganic forms of arsenic (including
pentavalent) are typically more toxic than organic forms (EPA 1985a; Eisler 1988a; Sorensen
1991). Chronic toxicity in fish appears to be inversely proportional to water temperature under
certain experimental conditions (McGeachy and Dixon 1990).
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2.3.2.2. Baseline for Chromium

Although weathering processes result in the natural mobilization of chromium, the amounts
added by anthropogenic activities are thought to be far greater. Major sources are the industrial
production of metal alloys, atmospheric deposition from urban and industrial centers, and large
scale wrecking yards and metals recycling and reprocessing centers (Reid 2011). Few, if any, of
these major urban or industrial sources are expected in the largely rural action area in Idaho.

Few data on chromium concentrations in ldaho were located. In the Stibnite Mining District in
the EFSFSR basin, total chromium concentrations collected under low flow conditions in
September 2011 ranged from <0.2 pg/L to 0.24 pg/L (http://waterdata.usgs.gov/nwis, HUC
17060208). In the Blackbird Mining District, concentration of chromium in seeps and adits
around the Blackbird Mine were not higher than average background filtered surface water
concentrations near the Blackbird Site (<2.9 ug/L) (Beltman and others 1993)

2.3.2.3. Baseline for Copper

Copper concentrations of about 0.4 to 4 pug/L have been considered typical of major river waters
in the United States, not directly influenced by industrial or urban activities (Stephan and others
1994). Specific data reviewed within the Idaho action area mostly fell within that range.
Whenever available, data given here were limited to the data collected in 1993 or later using
“clean” sampling and analyses and quality control measures. This is because prior to the
implementation of “clean” procedures, contamination of metals samples during collection and
analyses was nearly ubiquitous (Shiller and Boyle 1987; Windom and others 1991; Stephan and
others 1994).

In the Salmon River basin, reliable copper data are available for several locations. With the
exception of the Panther Creek drainage, discussed separately, almost all other locations had low
copper concentrations relative to Stephan et al.’s (1994) range. In the Salmon River upstream of
Panther Creek, dissolved copper ranged from 1.4 to 1.6 pg/L in six samples collected during
high and low flows in 1993. Yet, in the Salmon River sampled a few miles downstream of
Panther Creek at the same time, copper ranged from 5.3 to 25.9 pug/L (Maest and others 1994).
In the Stibnite Mining District in the EFSFSR basin, copper concentrations collected under low
flow conditions in September 2011 ranged from <0.5 pg/L to 4 pg/L which is almost the same as
the range given by Stephan et al. (1994) (http://waterdata.usgs.gov/nwis, HUC 17060208). In
the mainstem upper Salmon River in the vicinity of the Thompson Creek Mine (TCM), copper
concentrations in 1998 to 2000 ranged from <0.2 to 1 pg/L, in 17 of 18 samples, with a single
much higher value of 5.5 pg/L during October 1998. That single high value may not have been
reliable, since the tributaries to the Salmon River that directly receive Thompson Creek effluent,
and thus should have had higher copper concentrations had the high copper value originated
from the mine, showed consistently lower copper concentrations, <0.2 to 2 pug/L (Mebane 2000).
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Copper has been monitored in the vicinity of the Hecla Grouse Creek Mine, which discharges to
the Yankee Fork River via a pipeline and diffuser, and also to Jordan Creek, a smaller stream.
Copper in Jordon Creek downstream of mine discharges in 2010 was very low, ranging from
<0.5 pug/L to 1 pg/L, and in the Yankee Fork River, downstream of mine effluents similarly
ranged from 0.5 to 0.9 pg/L (Hecla Mining Company data).

In wilderness regions of the Middle Fork Salmon River, Idaho, filtered copper concentrations in
Loon Creek and Big Creek ranged from 0.6 to 0.93 pg/L (Maest and others 1994). Other
locations in the Salmon River, Idaho drainage with copper data included the Pahsimeroi River at
Ellis, Lemhi River near Lemhi, Salmon River near Salmon, Salmon River near White Bird, and
Johnson Creek, a tributary to the South Fork Salmon River. Copper concentrations at all these
sites ranged from <1 to 4 pg/L from 1991 to 1995 (Hardy and others 2005).

In the Clearwater River basin, much less information is available, which is probably because
there is less recent mining activity and associated monitoring in the Salmon River basin. The
available copper data located had low values. For instance, in Lapwai Creek and in the South
Fork Clearwater River at Stites, copper in filtered samples collected between 1991 and 1995
ranged from <1 pg/L to 2 pg/L, n=8 each (Hardy and others 2005).

In the Hells Canyon reach of the lower Snake River, near Anatone, Washington, copper
concentrations from the same time period were a little higher than those usually reported from
the Clearwater or Salmon River drainages, ranging from 1 to 4 pug/L, n=18 (Hardy and others
2005).

Other than the Panther Creek drainage, the highest copper concentrations from the state of
Idaho’s statewide monitoring project was from the Clark Fork River, at Cabinet Gorge, ldaho
with values up to 38 pg/L from 1992 to 1995 (Hardy and others 2005). The Clark Fork has been
subject to large scale mining disturbances and copper contamination, although these disturbances
are >200 miles upstream of Cabinet Gorge.

Natural background concentrations of copper and other metals can occur; however, these seem to
be rare and limited to very small streams or springs. Areas of Panther Creek, Idaho, that had no
evidence of mining disturbances but were near mining prospects did sometimes have much
higher copper concentrations than noted above. For example, Mebane (1994) reported 312 pg/L
in a spring in the headwaters of Little Deer Creek, and 10.7 pg/L in Little Deer Creek at its
mouth.

In summary, other than Panther Creek and the Salmon River shortly downstream, copper
concentrations measured throughout the action area are usually in the range of <0.5 to 4 pg/L.

Baseline for Copper Concentrations in the Panther Creek Watershed. Baseline conditions are
described separately for the Panther Creek watershed, because copper contamination and the
resulting loss of the Panther Creek Chinook salmon population was one specific factor leading to
the decline of the species, and listing of spring/summer Chinook salmon under the ESA (NMFS
1991). Because of this, copper concentrations and associated biological conditions in Panther
Creek at the time of listing and contemporary conditions are considered here in detail. Concerted
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site remediation efforts began in 1995 and have been sustained to date. The objectives of these
remedial efforts are specifically intended to restore water quality to restore lost anadromous fish
populations. To wit, the remedial action objective for Panther Creek is to “restore and maintain
water quality and aquatic biota conditions capable of supporting all life stages of resident and
anadromous salmonids and other fishes in Panther Creek” (EPA 2003d; 2008). As follows, the
effectiveness of these efforts is evaluated through comparisons with upstream reference
concentrations over time. The following information and series of figures were prepared by
compiling available data that had been collected before and after the onset of remedial efforts.

Copper was greatly elevated above background levels in the Panther Creek watershed,
downstream of the Blackbird Mine from the 1950s through 1990s. The loss of the Panther Creek
population of Chinook salmon was attributed to Blackbird Mine contamination, rather than
copper specifically (NMFS 1991). Blackbird Mine contamination to Panther Creek consisted
mostly of copper, cobalt, arsenic, and iron (Maest and others 1994; Mebane 1994). However,
based on their relative toxicities and ambient concentrations, copper was probably the biggest
factor causing the loss of the Panther Creek Chinook population, although arsenic continues to
contribute to aquatic risk (Section 2.4.3; NMFS 2007).

Copper was greatly elevated in the Panther Creek stream food webs, that is, sediments,
periphyton, and in the tissues of aquatic insects in Panther Creek at the time of Chinook listing
(Figure 2.3.1.4). The magnitude of contamination at that time was extreme, with values in
sediment, periphyton, and aquatic insects hundreds of times higher than upstream background
concentrations. Following initial remedial efforts, copper concentrations in Panther Creek
downstream of Blackbird Mine influences dropped markedly by the mid-2000s. These efforts
have led to reductions in copper concentrations in Panther Creek water, sediments and in the
foodweb on the order of 90%, and are approaching upstream reference concentrations (Figure
2.3.1.4). Sediment, periphyton, and aquatic insect copper values obtained upstream of mine
influences have been very consistent over time, even across different studies. This indicates that
the more recent, lower copper values obtained downstream of mine influences are likely real, and
cannot be attributed to methods differences.
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Figure 2.3.1.4. Copper in Panther Creek
foodwebs has greatly declined
following Blackbird Mine remediation
efforts that have been ongoing from
1995 to date. (Top) copper in
sediments in 1992 and 2008 (Mebane,
1994; Golder, 2009); (Middle), copper
in periphyton; and (Bottom), copper in
aquatic insect tissues (Beltman and
others, 1994; EcoMetrix, 2011).
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Figure 2.3.1.5. Copper
concentrations (a) and
corresponding diversity of all
aquatic insects and abundance of
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rainbow trout/steelhead and
shorthead sculpin in (c) in Panther
Creek, Idaho, downstream of
mining-influenced Blackbird
Creek. Aquatic insect diversity
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concentrations at upstream
reference sites have been <3ug/L
in measurements from 1993 to
date, since the routine use of
appropriate low detection levels
and “clean” field sampling and
laboratory techniques.



1000 -
] Onset of mine reclamation efforts e Cu :
)
Cu chronic criterion 4
y &
1(10_ . . -‘ . JBearzack

E . . N P
g : :' . 2 * 1 y
E 1s . : r i JCobat

- - Blackbi

= hd L d
S 10 . e .° v !

] L ) » ! -

] m ’\\/’1 (X ] -, » -

] - -

1 L) - -e .

o 2 maoe e o
1 s hd h
— T T T T A T T 7T - 1 - 1 - T T T T T 7T " e Mines
T, oy, %, ‘88, Tea,7%, ‘%, %, ‘%, Yo, ‘@, “w, Y, Yo, <o, vy oy

—s— Total taxa richness (Proporiion of reference)

304 —o— Mayfly abundance {Proportion of reference) o
- - - Reference
25
b4
£ 20
- 3 [+ P
= ]
o i
- 15
] ]
= 1 =]
o ]
L L T T il SR
o
e a\ Se— ey
B8 05
] . /}/ -— -\. O
] ~ e "O O
00 v T A T T T T T T
Fi /. /. 7y 7y 7y 74 74 74
&%%%%%9&%%%%%’ %Q;fa
3.0
—#— Rainbow trout/Sieehead (Proportion of reference)
g 25 —0— Shorthead sculpin (Proportion of refi )
S — — -Reference
= 20
o
= .
s 15 \
=
[+
=10 - - e e e e e - — == SN e T TeTa
[=] e
g ¢ o
o 05 /]/ (m]
00 £ oop op-pg-p°
T T T T T 7 T T T T T T

% 0 a "% W% Y% W % Yo Ya Y Y Yo

Figure 2.3.1.6. Copper concentrations (a) and corresponding diversity of all aquatic insects
and mayflies (b), and abundance of mayflies (c), in Panther Creek, Idaho, downstream
of mining-influenced Big Deer Creek. (See Figure 2.3.1.5 for data sources)
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Data for copper in water and associated biological data were compiled and evaluated for four key
locations: Panther Creek downstream of the upstream mining influenced tributary, Blackbird
Creek (Figure 2.3.1.5), and Panther Creek downstream of the downstream mining influenced
tributary, Big Deer Creek (Figure 2.3.1.6). These locations are particularly data rich with a
remarkable 30-year period of record for copper and stream invertebrates. To make the
invertebrate data comparable between years and between different studies, all of the results from
the mining-influenced locations are scaled as a proportion of the upstream reference locations
that were collected concurrently for each sampling event shown.

The ecology of Panther Creek, as measured by the abundance and diversity of aquatic insects and
fish populations began to rebound as copper declined. In Panther Creek downstream of
Blackbird Creek, prior to about 1998, aquatic invertebrate communities were extremely
impoverished with species richness less than half that of upstream samples. Mayflies were
absent or scarce. After 1998, mayflies began to appear in the samples and by 2009 were about as
abundant as upstream reference (Figure 2.3.1.5, middle). Insect species richness reached about
80% of upstream reference station counts by about 2002 and seems to have plateaued.
Quantitative fish data are fewer than for insects. In electrofishing surveys in 1967 and 1980, no
fish of any species were captured from Panther Creek downstream of Blackbird Creek. By 2002,
when the recent program of biomonitoring started, rainbow trout were more abundant than at the
upstream reference. Sculpin were present but were about half the density of the nearby upstream
reference stations. By 2006, the sculpin were more abundant than at upstream reference, and as
the sculpins became increasingly abundant, rainbow trout densities declined (Figure 2.3.1.5,
bottom).

Sculpin are emphasized in these comparisons because they may be a useful indicator species in
biomonitoring of potential pollution effects. Sculpin have been observed to decline or disappear
from streams with elevated metals from mining, may be more sensitive or at least as sensitive as
listed salmonids, and decline with increasing proportions of fine sediments on the stream
bottoms (Mebane, 2001; Maret and MacCoy, 2002; Mebane and others, 2003; Besser and others,
2007).

The insect and fish communities in Panther Creek downstream of Big Deer Creek have shown a
similar recovery pattern. Prior to the mine reclamation work, insect diversity was even lower
than at Panther Creek downstream of Blackbird Creek, and sculpins were completely absent until
about 2006. By 2010, sculpin densities had recovered to the point where they were about half as
abundant as upstream of Blackbird Creek (Figure 2.3.1.6). This does not necessarily indicate
that copper concentrations are still limiting sculpin densities for two reasons. First, in Idaho,
there are natural transitions in fish communities from headwaters downstream. Higher elevation
headwater streams tend to be steeper and colder than lower elevation streams. Often, trout are
the only fish found in perennial headwater streams. As streams drop in elevation they tend to
become less steep, warmer, and larger. These mid-sized streams, such as upper Panther Creek
tend to be dominated by sculpins and salmonids. As streams transition into larger rivers, the
sculpin become less abundant and minnows and suckers appear (Mebane 2002b; Mebane and
others 2003). Therefore, sculpin densities would be expected to decline in lower Panther Creek
relative to upstream monitoring sites.
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Big Deer Creek had higher copper concentrations than did Panther Creek, and biological
impairment was so severe that almost all aquatic life had been extirpated. In 1992, total number
of aquatic insects in Big Deer Creek upstream of mine influences ranged from 1,938 to 4,995
insects/m? compared to 0 to 68 insects/m? downstream of mine influences (Mebane 1994). No
fish could be found downstream of the Blackbird Mine influences. Recovery has been slower in
Big Deer Creek than Panther Creek, but by 2010 the aquatic insect communities were as diverse
as upstream reference, and by 2009 rainbow trout populations had recovered to reference
conditions. Sculpins do not occur in Big Deer Creek even upstream of mine pollution.

In summary, in comparison to conditions at the time that Snake River spring/summer Chinook
salmon were listed, copper concentrations in Panther Creek have declined and associated
biological communities have largely recovered. Aquatic insect diversity is still lower than in
reference conditions. Current copper criteria are not consistently met in Panther Creek,
particularly during spring runoff. However, whether these spring copper criteria exceedences are
likely related to residual effects on aquatic insect communities cannot be determined from the
available data. A given relatively low copper concentration such as 3 pug/L would likely be more
toxic in Panther Creek during baseflow conditions from late summer to early spring than during
high spring flows when more organic carbon is also present (Appendix C).

2.3.2.4. Baseline for Cyanide

NMFS located few cyanide data that were specific to Idaho. The most likely sources of cyanide
in waters are probably forest fires, gold mining operations that use cyanide leaching, and perhaps
road salting. The most comprehensive monitoring data were associated with the Grouse Creek
Mine, located in the Yankee Fork of the Salmon River near Custer, Idaho. The Grouse Creek
Mine is an inactive gold mine that operated from about 1995 to 1997, and used a cyanide vat
leach process. When operating, up to 110 pg/L weak acid dissociable (WAD) cyanide was
present in effluent discharged to either Jordan Creek (a tributary to the Yankee Fork), or was
discharged directly to the Yankee Fork. Subsequently, cyanide levels in the effluent declined to
mostly undetectable levels. In 2003 maximum effluent WAD cyanide was 3 pg/L; from 2004
through 2010 all ambient values in Jordon Creek or the Yankee Fork River were less than the
detection limit of 2 pug/L (D. Landres, Hecla Mining Company, letter of 31 March 2011 to
Michael Gearheard, EPA, Seattle, Washington).

While no Idaho specific data were located, the major current risk of cyanide toxicity in the action
area is probably from forest fires or other biomass burning (e.g. burning waste biomass for
energy conversion, crop burning, prescribed forest fires and wildfires) (Barber and others 2003;
Pilliod and others 2003). Barber et al. (2003) examined releases of cyanides from biomass
burning and their effect on surface runoff water. In laboratory test burns, available cyanide
concentrations in leachate from residual ash were much higher than in leachate from partially
burned and unburned fuel and were similar to or higher than a 96-h median lethal concentration
(LCsp) for rainbow trout (45 pg/L). Free cyanide concentrations in stormwater runoff collected
after a wildfire in North Carolina averaged 49 pg/L, again similar to the rainbow trout LCs and
an order of magnitude higher than in samples from an adjacent unburned area (Barber and others
2003).
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In other areas, greatly elevated cyanide had been shown to occur in snow exposed to urban
traffic and highway deicing. Deicing salts contain cyanide compounds as anticaking agents. In
the Cincinnati area, cyanide in snow around urban highways averaged 154 pg/L compared to 20
Mg/L in urban areas that were not close to major highways (Glenn and Sansalone 2002). Similar
results could be expected in Idaho if similar deicing compounds are used.

2.3.2.5. Baseline for Lead

In natural waters, lead is usually complexed with particulate matter resulting in much lower
dissolved than total concentrations (Mager 2011). For instance, in the pervasively lead
contaminated Coeur d’Alene River of northern Idaho, dissolved lead concentrations rarely
exceed 20 pg/L whereas total concentrations often exceed 100 pg/L. A maximum dissolved lead
concentration of 420 pg/L was reported for this location (Clark 2002; Balistrieri and Blank
2008). The Coeur d’Alene River is north of occupied habitat, as is the Clark Fork River, Idaho,
where up to 60 pg/L dissolved lead has been reported (Hardy and others 2005). Within the
action area, reliable lead data are sparse but the available data are quite low. The highest lead
concentration obtained by the Idaho IDEQ/U.S. Geological Survey (USGS) statewide monitoring
program within the action area was from the Hells Canyon reach of Snake River near Anatone,
Washington (7 pg/L). All other measurements from within the Clearwater and Salmon River
basins and the Snake River downstream of Hells Canyon dam were <1 pg/L (Hardy and others
2005). Mebane (2000) reported lead concentrations in the upper Salmon River near the TCM as
high as 2 pg/L, but most values were <0.2 pg/L.

2.3.2.6. Baseline for Mercury

Mercury is distinguished from other contaminants with natural sources (metals*) considered in
this Opinion for several reasons, one of which is that ambient concentrations in water as well as
concentrations of concern are two to four orders of magnitude lower than for other metals. As
explained in the “Species Effects of Mercury Criteria” (Section 2.4.6.1), there are no species
effects of concern, only habitat effects through food chain exposure. Thus the baseline
concentrations of mercury are described in the context of the subsection “Factors influencing
mercury tissue concentrations in fish.”” Generally, mercury concentrations measured in
salmonids in Idaho streams and lakes ranged from <0.05 to 1.1 mg/kg ww (Table 2.4.6.2)
Baseline concentrations of mercury in Idaho waters ranged from <0.2 to 6.8 ng/L (Table 2.4.6.2).

2.3.2.7. Baseline for Nickel

Nickel is rare in the waters of Idaho, even in areas disturbed by mining. In the Blackbird Mine
area, Beltman et al. (1993) reported Ni concentrations in mine waters and seeps in excess of

1500 pg/L; however, in the streams that were large enough to support fish populations and that
were affected by mining (Blackbird and Big Deer Creeks), nickel ranged from <10 to 60 pg/L.

*i.e., naturally occurring elements as opposed to invented, purely synthetic compounds such as PCBs and most
pesticides
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In the samples with high nickel concentrations, copper concentrations were greater than 900
pa/L which is sufficient to Kkill all the aquatic life without any contribution from nickel. These
two streams are upstream of critical habitats. In designated critical habitats (Panther Creek and
lower Big Deer Creeks) nickel was <10 pg/L. Although few other data were located, what was
found indicates nickel concentrations may be assumed to be low in the action area. In the mining
affected SF Coeur d’Alene River, located in northern Idaho, Mebane et al. (2012) reported nickel
concentrations ranging from <2 to 8 pg/L.

2.3.2.8. Baseline for Selenium

In Idaho rivers, the median selenium concentration determined from a probabilistic sampling of
55 river sites was 0.13 pg/L in water (range <0.09 to 1.75 pg/L) and in fish, median muscle
selenium residues were 1.28 mg/kg dw (range 0.22 to 14.7 mg/kg dw) (Essig 2010). Essig’s
study used a randomized design, that is, each sampling site was selected from a random draw of
feasible sampling sites, rather than targeting areas of interest because of potentially elevated
selenium concentrations. Within the range of listed anadromous salmon and steelhead in Idaho,
an area of the upper Salmon River basin was identified as having anomalously high selenium in
soils, aquatic habitats, and food webs. These are evaluated further in Section 2.4.8 in the
subsection ““Bioaccumulation of selenium through stream food web trophic transfer.”

2.3.2.9. Baseline for Silver

Silver is sparingly soluble and rare in aquatic environments. The EPA (1987b) give natural
background silver concentrations as being in the 0.1 to 0.5 pg/L. Wood (2011) however, noted
that values in this range were obtained before the widespread adoption of clean sampling
techniques in the 1990s and considered values in this range to be orders of magnitude too high.
Instead better estimates of natural background silver concentrations were in the range of 0.1 to 5
ng/L (0.0001 to 0.005 pg/L). Such concentrations are not detectable with the technology used in
non-specialty analytical laboratories. Even in highly contaminated areas, silver concentrations
rarely exceed 0.1 to 0.3 pg/L. In nature, silver is unlikely to be found in its ionic form. Given
the extremely high affinity of silver for reduced sulfur, most silver in the environment is
expected to occur as silver sulfides, even in oxygenated waters (Wood 2011). Even in Idaho’s
Silver Valley where 100-plus years of silver mining resulted in one of the largest superfund
cleanup projects in the nation, silver is not a contaminant of concern (NRC 2005). No data
specific to the action area were located.

Although silver sulfides are the form most likely found in the environment, the form of silver
usually used in toxicity tests is silver nitrate, which is much more toxic (Woo0d,2011). Chronic
toxicity to freshwater aquatic life from silver nitrate may occur at concentrations as low as 0.12
Hg/L (EPA 19800) and the literature reviewed for silver criterion ranges from 0.3 to 11 pg/L
over a hardness range of 25 to 200 mg/L.
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2.3.2.10. Baseline for Zinc

Median baseline concentrations of zinc in large rivers, not directly influenced by mining, urban,
or industrial activities are usually in the neighborhood of 0.5 to 4 pg/L (Gaillardet and others
2007). In contrast, streams with extensive mining disturbances such as the Coeur d’Alene River
basin in north ldaho, sometimes have very high zinc concentrations, in excess of 2000 pg/L.
Such ambient Zinc concentrations killed juvenile salmonids in hours to a few days, and fish and
aquatic insect populations are depressed. (Maret and MacCoy 2002; Maret and other, 2003;
Mebane and others 2012).

In mineralized areas in Idaho with naturally high zinc concentrations in watershed rock and soils,
but that have not been highly disturbed, average zinc concentrations may be up to 10X higher
than typical large river concentrations. In Jordan Creek, a tributary to the Yankee Fork River in
the upper Salmon River subbasin, average zinc concentrations in monthly sampling from 2004
through 2009 were about 12 pg/L, with a maximum measurement of 40 pg/L. This maximum
measurement is higher than Idaho’s proposed acute criterion of 32 ug/L, calculated assuming
the hardness was 25 mg/L, per IDEQ policy (Table 1.3.1). If the criterion were calculated using
the actual measured hardness of 15 mg/L, the applicable criterion under Idaho’s proposed
standard would be about 24 pg/L. This sampling site is located upstream of the Grouse Creek
Mine, and presumably mostly natural. Zinc concentrations measured directly in the tailings pond
effluent from the Grouse Creek Mine were similar, with a 2010 mean of 11 pug/L and a
maximum of 31 pg/L. In the Yankee Fork River, upstream of Jordan Creek and upstream of the
tailings pond effluent outfall, the average zinc concentrations were a little lower than they were
in Jordan Creek. Average 2004 to 2009 zinc concentrations were 9 pg/L with a maximum of 30
pg/L. If calculated using the sample hardness of 18 mg/L, the zinc acute criterion would be
about the same, 28 ug/L (Hecla Mining Company data, sites “S-6" and *“S-9,” Cindy Gross,
Hecla Mining Company, personal communication).

Zinc concentrations measured in the Salmon River near Clayton, in the vicinity of the TCM from
1998 to 2000 ranged from about 2 to 6 pg/L. In Thompson Creek itself, just downstream of a
permitted mine effluent discharge, zinc was noticeably higher during that time period, averaging
about 7 pg/L, with a maximum concentration of about 30 pug/L. Based on the minimum hardness
of Thompson Creek during that period, about 50 mg/L, the acute zinc criteria as calculated under
Idaho’s proposed standard would be about 65 pg/L, well above measured ambient zinc
concentrations downstream of the mining discharges. Upstream background zinc concentrations
in Thompson Creek are about 2 pug/L (Mebane 2000).

Zinc has been elevated in a third watershed in the close vicinity of the Yankee Fork and
Thompson Creek areas. Kinnikinic Creek, is a small tributary to the upper Salmon River, near
Clayton, Idaho, and is the home of the Clayton Silver Mine. In 1999, zinc concentrations ranged
from <5 upstream of the Clayton Silver Mine to 224 pg/L downstream of the tailings pile that
was encroaching into the stream. Following a 2001 EPA removal action, IDEQ monitoring in
Kinnikinic Creek yielded zinc concentrations ranging from 2 pg/L upstream of the mine to 64
Mg/L just above the confluence with the Salmon River. In the latter sampling, water hardness
was about 100 mg/L, which would yield zinc criteria of about 106 pg/L (IDEQ 2003).
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Elsewnhere in the Idaho action area, available zinc concentrations were low, with some noticeable
exceptions. In USGS monitoring in the mid-1990s in the Lapwai Creek near Lapwai, Pahsimeroi
River at Ellis, the Little Salmon River near Riggins, and the Snake River in Hells Canyon near
Anatone, Washington, the maximum zinc concentrations were 7 pug/L (n=8). The Lemhi River
near Lemhi was a noticeable exception with a maximum zinc concentration of 210 pg/L during
this time period, although the median was much lower, 5 pug/L. Other streams that occasionally
had anomalously high zinc measurements were Johnson Creek near Yellow Pine, the Salmon
River near Salmon, and the Salmon River near White Bird, with maximum zinc measurements of
20, 16, and 24 pg/L respectively (Hardy and others 2005).

2.3.2.11. Baseline for Organic Pollutants

There has not been a comprehensive water quality study conducted of organic pollutant levels in
the action area, and little information concerning the occurrence of most organic pollutants is
available. There are reports of measurable concentrations of PCBs, DDTs, and organochlorine
pesticides (lindane, chlordane, and heptachlor) at specific sites within Idaho (Munn and Gruber
1997; Pinza et al. 1992; EPA 1992b; Wegner and Campbell 1991; Apperson and Anders 1990),
but contamination does not appear to be extensive. Data collected as part of the National Water
Quality Assessment Program in the nearby Central Columbia Plateau suggests that elevated
levels of toxic organic pollutants of concern in the action area are most likely to be found in
areas influenced by urbanization and agriculture (Williamson et al. 1998).

Because of the low usage of these compounds, water column concentrations are expected to be
negligible. Water column concentration data from the Snake River, Oregon/ldaho within the
Hells Canyon Dam complex are the most relevant environmental concentration data located
(Table 2.3.1). The complex is just above the Hells Canyon Dam on the Snake River. Sediment
and fish tissue residue data for most of the organic chemicals of concern in this Opinion were
available from the lower Snake River downstream of Hells Canyon and the lower Salmon River
(Clark and Maret 1998). Clark and Maret (1998) also report data from within Brownlee
Reservoir and many sites in the Snake River basin upstream of Brownlee. For the most part, the
highest concentrations of organic chemicals of concern within the state of Idaho occurred within
Brownlee Reservoir. However, the available concentration data in water, sediment, and fish
were generally close to or below the levels of detection (Table 2.3.1). The “true” concentrations
from Brownlee Reservoir have some uncertainty because the analytical reporting limits for the
available data were sometimes close to, and in the case of PCBs, greater than the most stringent
applicable water quality criteria.
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Table 2.3.1. Baseline concentrations of organic pollutants in sediments and fish tissue
measured in waters within the action area, or upstream waters that drain into the action
area.

Substance Most stringent Water - measured  ggdiment (range) Fish tissue, any
water criteria values (range) speci
pecies (range)
from Table 1.3.1
ug/L pg/L mg/kg dry mg/kg wet weight
weight
Endosulfan (a and B) 0.056 <0.0007 <0.001 No data
Aldrin 0.00014 <0.0005 <0.001 <0.005
Chlordane 0.00057 0.00082 <0.002 0.020
4,4’-DDT (note 1) 0.00059 <0.00066 0.0081 0.072
Any DDE/DDT None 0.00015 0.011 3.3
metabolite
Dieldrin 0.00014 0.00093 0.0007 0.037
Endrin 0.0023 <0.00017 <0.002 <0.005
Heptachlor 0.00021 <0.00097 <0.001 <0.005
Lindane (gamma-BHC) 0.063 No data <0.001 <0.005
Polychlorinated 0.000045 <0.1 <0.05 0.160
biphenyls (PCBs)
Pentachlorphenol 6.2 0.00047 <0.001 <0.005
(PCP) (note 2)
Toxaphene 0.0002 No data <0.2 0.26

Data sources: Water data from Brownlee Reservoir, 2011, Idaho Power Co., unpublished data; Sediment and Fish
tissue, various locations in ldaho although highest values tended to be from Brownlee Reservoir (Clark and Maret
1998). Note 1: Sediment and tissue DDT samples are as p,p’-DDT; Note 2: as pentachloroanisole, the principal
degradation product of PCP.

2.4. Effects of the action on the species and its Designated Critical Habitat

“Effects of the action” means the direct and indirect effects of an action on the species or critical
habitat, together with the effects of other activities that are interrelated or interdependent with
that action, that will be added to the environmental baseline (50CFR 402.02). Indirect effects are
those that are caused by the proposed action and are later in time, but still are reasonably certain
to occur.

This analysis identifies potential effects of each of the criteria that would be expected to occur if
water concentrations were equal to the proposed criteria.

NMFES’ general analytical approach for evaluating effects for the various chemical criteria under
consideration was to first consider general issues related to EPA’s methodology for deriving the
criteria, which affect all or multiple criteria. We then evaluated the individual constituent criteria
for potential species or habitat effects on listed salmon and steelhead. Consistent with the two
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part structure of EPA’s aquatic life criteria, on which the proposed Idaho criteria are based, with
CMC to protect against short-term effects of exposures to criteria chemicals, and a CCC to
protect against long or indefinite term exposures, the protectiveness of the CMCs were evaluated
against data on effects in short-term exposures (< 96 hours) and CCCs were evaluated against
data on effects in longer-term exposures.

In most instances, direct testing evidence for the listed salmon species was not available, and test
data obtained with other fish species was used as surrogate estimates of potential effects to listed
salmon. Steelhead were an exception, since they and rainbow trout are different forms of the
same species (Behnke and Tomelleri 2002; Quinn 2005). In most cases, rainbow trout data were
available since rainbow trout are commonly tested in ecotoxicology. Rainbow trout are often
used as a surrogate for all listed Oncorhynchus, using geometric means. At least with several
metals, rainbow trout are probably similar in sensitivity to Chinook salmon and probably
considerably more sensitive than sockeye salmon. Few direct data with sockeye salmon were
located, which may be related to Chapman’s (1975) recommendation against testing sockeye
salmon following his observations that they were much less sensitive to metals than were
Chinook or coho salmon or rainbow/steelheads (Chapman 1975).

In addition to Idaho’s aquatic life criteria, EPA has also approved Idaho criteria designed to
protect human health from recreational, fish consumption, and drinking water uses which are
also applicable to the waters in the action area. In practice, when multiple criteria are applicable
to the same water body, the most stringent criteria will drive discharge limits and other pollution
management efforts (IDEQ 2007a; subsection 70.1, "Applicability of standards, multiple
criteria™). For our analysis, if review of the aquatic life CCC indicated that adverse effects to
listed species or their habitats were likely, then we reviewed the human health-based ambient
water quality criteria concentrations for the same substance to see if the human-health
concentrations would be protective of the listed steelhead and salmon.

2.4.1. Evaluation of issues that are common to multiple aquatic life criteria

All criteria being evaluated as part of this action were developed by EPA following EPA’s
guidelines for deriving numerical national water quality criteria for the protection of aquatic
organisms and their uses. For short, these are referred as the “Guidelines” (Stephan et al. 1985).
Thus it is important to consider the structure of the Guidelines in regard to protection of listed
salmon, steelhead, and their critical habitats to evaluate whether criteria derived following them
would likely be protective.

The EPA’s Guidelines for criteria development represent the best judgments of a committee of
EPA scientists as of the mid-1980s. As the title states, the objectives of the criteria development
was the “protection of aquatic organisms and their uses.” Because the Guidelines are quite
detailed and have much explicit guidance, their use has tended to make criteria documents (the
supporting documents prepared by EPA in deriving national recommended water quality criteria)
objective, transparent, and reproducible. However, the Guidelines recognize that ecotoxicology
and criteria derivation cannot be reduced to a series of decision rules, and many judgments are
required to produce an individual criteria document. Because the Guidelines are fundamental to
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criteria, they are fundamental to the evaluation of the protectiveness of criteria for ESA-listed
species and habitats. The fundamental assumptions and procedures in the Guidelines are
inherent to their degree of protectiveness for listed salmon and steelhead. Thus some of key
criteria derivation steps are briefly described here and the underlying assumptions are critically
examined.

The Guidelines include some fundamental assumptions:

e Effects which occur on a species in appropriate laboratory tests will generally occur on
the same species in comparable field situations.

e [Foragiven substance, if average species sensitivities are rank ordered, the species
sensitivity distributes itself in a rather consistent way for most chemicals. Thus, each
species tested is not representative of any other species but is one estimate of the general
species sensitivity (i.e. a point along the distribution).

e The goal of aquatic life criteria is to protect aquatic communities and socially valued
species within those communities. Aquatic organisms may have ecologically redundant
functions in communities. The loss of some species might not be important if other
species would fill the same ecological function. Thus it is not necessary to protect all of
the species all of the time.

e If 95% of the species in acceptable datasets were protected, that would be sufficient to
protect aquatic ecosystems in general. In the ecological risk assessment literature, this is
often referred to as the 5™ percentile of a species sensitivity distribution (SSD) or
shortened to the HC5 approach, for the hazardous chemical concentration adversely
affecting no more than 5% of the species in a natural community.

e To estimate a criterion protective of 95% of the species, it is acceptable to extrapolate
from compilations of severely toxic effects from short-term, “acute” tests to less severe
effects in long-term, “chronic” exposures.

e If one or more water quality characteristics such as temperature, pH, or water hardness
affect the acute toxicity of a substance in a predictable way, then the acute criterion for
that substance should be expressed as a function of that characteristic. It is acceptable to
assume that toxicity relationships established with short-term exposure data, such as
those between water-hardness and metals toxicity, would be the same in long-term
exposures. Thus acute-toxicity and hardness or other relations may be applied equally to
chronic criteria (Stephan et al. 1985; Stephan 1985; Stephan 2002)

Relying on these assumptions, the EPA Guidelines are derived with the following general steps
(Stephan et al. 1985):

e First, datasets of acute (short-term) responses of aquatic organisms to the substance of
interest are compiled and screened for data sufficiency, relevance and quality.

62



e |If a water quality characteristic is considered to affect the toxicity of the substance, then a
relation is developed and the acute data are normalized to a common water condition.
For example, with several metals, hardness-toxicity regressions were developed and used
to adjust acute toxicity values to a common hardness of 50 mg/L.

e The adjusted acute data are averaged to obtain species mean acute values (SMAVSs), and
SMAVs are averaged to obtain genus mean acute values (GMAVS). The GMAVs are
rank ordered, and value close to the 5™ percentile most sensitive genus is calculated,
called the final acute value (FAV). The FAV is divided by 2 to extrapolate from a lethal
concentration for sensitive taxa to a concentration expected to kill few sensitive taxa.
The FAV/2 value becomes the CMC, which is commonly referred to as the acute
criterion.

[In this procedure, if multiple values for a species were available, with differing
sensitivities, a geometric mean of all values was taken to calculate the SMAV. If
different SMAVs were available, a geometric mean was similarly calculated. For
example, with EPA’s 1984 copper criteria, the SMAVs for Chinook, Coho and Sockeye
salmon were calculated as 42, 70, and 233 pg/L, and a GMAYV of 89 pg/L was calculated
to represent all Oncorhynchus. In that era, steelhead and rainbow trout were considered
in a different genus, Salmo.]

e Chronic (long-term) data are compiled, and acute-to-chronic ratios (ACRs) are calculated
for at least 3 species. These are calculated by matching acceptable acute and chronic
tests and dividing the acute LCsg by the “Chronic Value” from the chronic test. The
chronic value in turn is calculated as the geometric mean of the highest tested
concentration in which selected responses were not statistically significantly different
from the controls, called the no observed effect concentration (NOEC), and the lowest
concentration that was statistically different from the controls, called the lowest observed
effect concentration (LOEC). The selected responses considered are survival, growth,
and reproduction, data on other sublethal effects such as swimming performance, or
altered behaviors are put aside. The available ACRs are then selectively averaged, for a
Final ACR for the substance. The continuous criterion concentration (CCC), commonly
called the chronic criterion then becomes the FAV divided by the final ACR (Stephan et
al. 1985).

This synopsis reflects the most common way the Guidelines were used with the criteria evaluated
in the Opinion, but obviously doesn’t reflect all the details of Stephan et al.’s (1985) 98 page
document.

These steps and other key judgments and practices from the EPA Guidelines for developing
aquatic life criteria are critically evaluated in the following parts of this section.
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2.4.1.1. The assumption that not harming more than 5% of the species tested in laboratories is
sufficient protection of ESA-listed species and critical habitats

The EPA’s fundamental approach to setting criteria involves compiling reports of laboratory
tests for species and genus mean values, rank ordering the genus mean values, and basing criteria
on the 5™ percentile of a distribution of the rank ordered values. This approach has been the
subject of much criticism and controversy in the ecotoxicology literature. Many arguments
relate to further inherent assumptions required of the approach that may not be met, are untested,
or are untestable. Published concerns include:

e Whether haphazard collections of data from single-species laboratory toxicity tests can be
considered relevant to natural ecosystems;

o Small datasets can be significantly biased toward more or less sensitive species than
would be expected in natural ecosystems;

e Whether any species loss from a community due to a toxin is acceptable. Reducing
community integrity to a simple proportion of species could discount keystone or
dominant species if they were in the lower 5" percentile of sensitivity;

e Whether the 5™ percentile of the SSD as the appropriate level of protection is a
scientifically sound number or just a familiar number;

e Because the approach depends on comparable data, it is biased toward mortality data
(which are most abundant) and biased against less abundant data on abnormal behavior or
other sublethal data that may be as important for maintaining biological integrity and
more relevant at low, ambient concentrations;

e The few species for which multiple tests results are available sometimes show high
variability in sensitivity, yet this variability is often omitted from SSD presentations,
which implies greater precision than is the case. Thus apparent differences between
species’ ranks on a SSD may not be meaningful, especially for species with only single or
few datapoints; and

e Uncertainties in the statistical properties of the distributions and appropriate models.

(Cairns 1986; Forbes and Forbes 1993; Hopkin 1993; Smith and Cairns 1993; Underwood 1995;
Power and McCarty 1997; Aldenberg and Jaworska 2000; Newman et al. 2000; Forbes and
Calow 2002; Suter et al. 2002; Duboudin et al. 2004; Brix et al. 2005; Maltby et al. 2005; Forbes
et al. 2008)

In contrast to these many criticisms, other studies or reviews have found reasonably good
agreement between effects in laboratory and field tests (Geckler et al. 1976; de Vlaming and
Norberg-King 1999), and lack of pronounced adverse effects in ecosystem tests at criteria-like
concentrations below the 5™ percentiles of SSDs (Versteeg et al. 1999; Mebane 2010).
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No explicit consideration of protection of exceptionally vulnerable populations of threatened or
endangered species was included in the criteria guidelines. However, it is clear from
contemporaneous and subsequent writings by the authors that they thought criteria should
specifically protect or be adjusted to protect socially valued special status species, including
threatened and endangered species. For instance, the introduction to the Guidelines states that
“to be acceptable to the public and useful in field situations, protection of aquatic organisms and
their uses should be defined as prevention of unacceptable long-term and short-term effects on
(1) commercially, recreationally, and other important species....” as well as fish and invertebrate
assemblages (Stephan et al. 1985). Other writings and guidance are more explicit about the need
to consider protection of species listed under the ESA; suggesting a review of whether the 95%
of protected species included listed species and adequate prey for them (Stephan 1985, 1986;
EPA 1994). If not, the criteria should be adjusted to protect these “critical” species. Such
reviews and adjustments were recommended to be done on a site-specific basis, where a “site”
may be a state, region, watershed, water body, or segment of a water body (EPA 1994). The
recommendation to consider listed species at the “site” rather than national level was not stated
but presumably related to complexity and the fact that imperiled species often have limited
distributions.

2.4.1.2. The assumption that effects in laboratory tests are reasonable predictors of effects in
field situations

The preceding discussion concerned whether compilations of laboratory test values were
appropriate to treat as surrogates of the diversity of natural systems. A related but even more
fundamental question is, whether tests of chemicals in laboratory aquaria with “domesticated”
cultures of test animals are likely to produce similar effects as would exposure to the same
substance on the same or closely related species in the wild? If the responses between animals in
laboratory aquaria or the wild are different, is there likely a bias in the sensitivity of responses
from either the lab or wild settings? That is, are the effects of chemical contamination more
likely to be more or less severe in the laboratory or wild settings? This question is important
because water quality criteria are designed to apply to and protect ambient waters, that is,
streams, rivers, and lakes, yet the data used to develop them are invariably compiled from
laboratory testing under tightly controlled and thus quite artificial environments.

While by definition, laboratory toxicity testing is conducted in controlled, artificial condition
rather than in the wild under uncontrolled conditions, some laboratory tests are designed such
that they are of questionable environmental relevance. By “environmentally relevant” in the
context of interpreting laboratory toxicity tests we mean whether the test conditions were
designed in a way to be relevant to conditions that might occur in the environment. Whether or
not test data were environmentally relevant include the questions such as: Were fish or other
organisms exposed to chemicals in concentrations ranges and ratios that actually occur in the
environment? Or were organisms exposed to conditions contrived to produce effects, such as
massive doses over short time periods? Were organisms exposed in a manner similar to that in
the wild such as by water across the gills or diet? Or were organisms exposed in a manner
designed to produce effects but wouldn’t occur outside of laboratories, such as injection or a
bollus in feed? In feeding studies, were chemicals in a form similar to that that might be
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encountered in ambient conditions? In water studies, was the dilution water a natural water type,
rather than a preparation with mineral content unlike that that would occur in nature?
“Environmental relevance” cannot be a hard and fast test, because studies would then be limited
to field studies, which have the converse problem of being uncontrolled and difficult to
unambiguously attribute apparent effects to causes. However, some studies clearly have little
direct environmental relevance, and these studies are given less reliance in this opinion than
“environmentally relevant” studies. For instance, in vitro tests using excised tissues, or cell lines
bathed in a dosed solution are often valuable for investigations comparative biochemistry
orphysiology, or on mechanisms of toxicity, but standing alone, have little direct relevance
responses of a whole, living organism under conditions experienced in the wild.

There are myriad of factors that may influence the effects of a chemical stressor on aquatic
organisms, and this complexity makes the question of bias in sensitivity difficult or even
impossible to answer with any certainty. A number of reasons why the effects of a chemical
could be more- or less-severe on listed steelhead and salmon in laboratory or in wild settings
were considered and are summarized in table 2.4.1.1.
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Table 2.4.1.1. Reasons why the effects of a chemical substance could be more- or less-
severe on listed steelhead and salmon in laboratory or in wild settings

Factor Are effects likely more severe in typical lab settings or in the wild?
Environmental
Conditions
Nutritional state - acute In the wild. In acute toxicity tests with fish fry, fish are selected for uniform size, and
test exposures unusually skinny fish that might be weakened from being in poor nutritional state are

culled from tests. For instance, if <90% of control fish survive the 4 days starvation of
an acute toxicity test, the test may be rejected from inclusion in the criteria dataset. In
the wild, not all fish can be assumed to be in optimal nutritional state. While perhaps
counterintuitive, starvation can protect fish against waterborne copper exposure
(Kunwar et al. 2009). Fish are routinely starved during acute laboratory tests of the type
used in criteria development.

Nutritional state — In the wild. Fish in the wild must compete for prey and if chemicals impair fish’s

chronic test exposures ability to detect and capture prey because of subtle neurological impairment, this could
cause feeding shifts and reduce their competitive fitness (Riddell et al. 2005). Fish in
chronic lab tests with waterborne chemical exposures are often fed to satiation and food
pellets don’t actively evade capture like live prey. Perhaps these factors dampen
responses in lab settings.

Temperature In the wild. In lab test protocols, nearly optimal test temperatures are recommended,
e.g., 12°C for rainbow trout, the most commonly tested salmonid. Fish may be most
resistant to chemical insults when at optimal temperatures. At temperatures well above
optimal ranges, increased toxicity from chemicals often results from increased
metabolic rates (Sprague 1985). Under colder temperatures fish have been shown to be
more susceptible to at least Cu, Zn, Se and cyanide, although the mechanisms of toxicity
are unclear (Hodson and Sprague 1975; Kovacs and Leduc 1982b; Dixon and Hilton
1985; Erickson et al. 1987; Lemly 1993b; Hansen et al. 2002a).

Flow In the wild. Fish expend energy to hold their position in streams and to compete for and
defend preferred positions that provide optimal feeding opportunity from the drift for
the energy expended. Subordinate fish are forced to less profitable positions and
become disadvantaged. Subordinate fish in lab settings still get adequate nutrition from
feeding. Chemical exposure can reduce swimming stamina or speeds, as can exposure
to soft water. Chemical exposures in soft water can be expected to exacerbate effects
(Adams 1975; Kovacs and Leduc 1982b; McGeer et al. 2000; De Boeck et al. 2006).

Disease and parasites In the wild. Disease and parasite burden are common in wild fish, but toxicity tests that
used diseased fish are likely to be considered compromised and results would not be
used in criteria compilations. Chemical exposure may weaken immune responses and
increase morbidity or deaths (Stevens 1977; Arkoosh et al. 1998a,b).

Predation In the wild. Fish use chemical cues to detect and evade predators; these can be

compromised by some chemical exposures (Berejikian et al. 1999; Phillips 2003; Scott
et al. 2003; Labenia et al. 2007).
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Factor

Are effects likely more severe in typical lab settings or in the wild?

Exposure

Variable exposures

Metal form and
bioavailability

Chemical equilibria

Prior exposure

Life stages exposed

In the lab. Most toxicity tests used to develop criteria are conducted at nearly constant
exposures. Criteria are expressed not just as a concentration but also with an allowed
frequency and duration of allowed exceedences. In field settings, most point or non-
point pollution scenarios that rarely if ever exceed the criteria concentration (i.e., no
more than for one four day interval per 3 years), will have an average concentration that
is less than the criteria concentration. For some chemicals, such as copper, fish might
detect and avoid harmful concentrations if clean-water refugia were readily available.

Uncertain. Metals other than Hg and some organics are commonly assumed to be more
bioavailable in the lab because dissolved organic carbon (DOC), which reduces the
bioavailability and toxicity of several metals, is low in laboratory tests that are eligible
for use in criteria. The Guidelines call for <5 mg/L TOC (total organic carbon) in order
to be used in criteria (Stephan et al. 1985), but probably more often TOC is <2 mg/L in
laboratory studies However, in mountainous streams in Idaho, TOC is often as low
(=1-2 mg/L) during baseflow conditions (Appendix C), so differences in bioavailability
between streams and laboratory waters that both have low TOC are not necessarily
large. (Organic carbon is more often discussed as DOC in this Opinion. TOC includes
particulates, which other than during runoff conditions in streams will tend to be low
and thus TOC and DOC would be similar during conditions without runoff).

Uncertain. While results conflict, metals are usually considered less toxic when in
equilibrium with other constituents in water, such as organic carbon, calcium,
carbonates and other minerals. In the wild, daily pH cycles prevent full equilibria from
being reached (Meyer et al. 2007a). Likewise, in conventional laboratory flow-through
test designs chemicals may not have long enough contact time to reach equilibria.
Static-renewal tests are probably nearly in chemical equilibria although organic carbon
accretion can lessen toxicity which may not reflect natural settings (Santore et al. 2001;
Welsh et al. 2008).

Uncertain. If fish are exposed to sublethal concentration of a chemical, they could
potentially either become weakened or become more tolerant of future exposures. With
some metals, normally sensitive life stages of fish may become acclimated and less
sensitive during the course of a chronic test if the exposure was started during the
resistant egg stage (Chapman 1983, 1985; Sprague 1985; Brinkman and Hansen 2007).
(further discussion follows in the text).

In the wild. Most lab studies are short term; realistically testing all life stages of
anadromous fish is probably infeasible. Reproduction is often the most sensitive life
stage with fish but most “chronic” studies are much shorter and just test early life stage
survival and growth (Suter et al. 1987). At different life stages and sizes, salmonids can
have very different susceptibility to some chemicals; even when limited to a narrow
window of YQY fry, sensitivity can vary substantially (this review). Unless the most
sensitive life stages are tested, lab tests could provide misleadingly high toxicity values
for listed species (further discussion follows in the text).
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Factor

Are effects likely more severe in typical lab settings or in the wild?

Chemical mixtures

Dietary exposures

Population dynamics
Density effects

Meta-population
dynamics

In the wild. In field conditions, organisms never experience exposure to a single
pollutant; rather, ambient waters typically have low concentrations of numerous
chemicals. The toxic effects of chemicals in mixture can be less than those of the same
chemicals singly, greater than, or have no appreciable difference. The best known case
of one toxicant reducing the effects of another is probably Se and Hg (e.g., Belzile et al.
2006). However, strongly antagonistic responses are probably uncommon, and much
more common are situations where chemical mixtures have greater toxicity than each
singly or little obvious interaction (e.g., Norwood et al. 2003; Borgert 2004; Playle
2004; Scholz et al. 2006; Laetz et al. 2009). In general, it seems prudent to assume that
if more than one toxicant were jointly elevated it is likely that lower concentrations of
chemicals would be required to produce a given magnitude of effect than would be
predicted from their actions separately. However, the magnitude or increased effects at
environmentally relevant concentrations is uncertain and for some combinations may be
slight or imperceptible.

In the wild. Toxicity test data used in criteria development have been mostly based
solely on waterborne exposures, yet in the wild, organisms would be exposed to
contaminants both through dietary and water exposures. With at least some organics
(e.g., dioxins, PCBs) dietary exposures are more important than water exposures as is
the case for some inorganics (As, Hg, Se). For some other metals (Cd, Cu, Ni, Pb, Zn),
at environmentally relevant concentrations that would be expected when waterborne
concentrations are close to criteria, dietary exposures have not been shown to directly
result in appreciable adverse effects to fish (Hansen et al. 2004; Schlekat et al. 2005;
Erickson et al. 2010). However, while dietary exposures of metals have not yet been
implicated in adverse effect to fish at or below criteria concentrations, they may in fact
be both the primary route of exposure and an important source of toxicity for benthic
invertebrates (Irving et al. 2003; Poteat and Buchwalter 2014). For instance Besser et
al. (2005a) found that the effects threshold for Pb to the benthic crustacean Hyalella was
well above the chronic criterion in water exposures, but when Pb was added to the diet,
effects threshold dropped to near criteria concentrations. Ball et al. (2006) found that
feeding Cd contaminated green algae to the benthic crustacean Hyalella caused a 50%
growth reduction at about the NTR chronic criteria.

In the lab. Salmonid fishes are highly fecund (~500 to 5000 eggs per spawning female).
When abundant, overcrowding and competition for food and shelter may result in
relatively high death rates for some life stages, particularly YOY during their first
winter. After many fish die in a density-dependent bottleneck, the survivors have
greater resources and improved growth and survival. Conceptually, if an acute
contamination episode Killed off a significant portion of YOY fish prior to their entering
a resource bottleneck, then assuming no residual contaminant effects, the losses to later
life stages and to adult spawners would be buffered.

In the lab. If habitats are interconnected, as is the case in intact stream networks, then if
pervasive contamination from discharges to a stream were to impair only some
endpoints or life-stages, such as reproductive failure or YOY mortalities, immigration
from source populations may make detection of population reductions in the affected
sink population difficult (Ball et al. 2006; Palace et al. 2007). If an episodic
contamination pulse were to kill a large proportion of fish in a stream, the proximity of
refugia and donors from source populations affect recovery rates (Detenbeck et al.
1992).
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Considering all the reasons why the effects of a given chemical concentration could have more
or less severe effects in laboratory settings or the wild, general conclusions are elusive. It may
be that the best overall conclusion is the same as that reached by Chapman (1983) that “when
appropriate test parameters are chosen, the response of laboratory organisms is a reasonable
index of the response of naturally occurring organisms.” His conclusion in turn contributed to
one the most fundamental assumptions of EPA Guidelines, that is, “these National Guidelines
have been developed on the theory that effects which occur on a species in appropriate
laboratory tests will generally occur on the same species in comparable field situations.”

Summary: Based on this analysis, the assumption that effects in laboratory tests are reasonable
predictors of effects to species in the wild is dependent upon the specific factor being considered.
While it is generally reasonable to interpret effects from laboratory tests as being applicable to
field situations where criteria are applied, there is some risk that laboratory tests may
underpredict effects in the wild.

2.4.1.3. Susceptibility of Salmonids to Chemicals at Different Life Stages

Since a species can only be considered protected from acute toxicity if all life stages are
protected, EPA’s Guidelines recommend that if the available data indicate that some life stages
are at least a factor of two more resistant than other life stages, the data for the more resistant life
stages should not be used to calculate species mean acute values (Stephan et al. 1985). Smaller,
juvenile life stages of fish are commonly expected to be more vulnerable to metals toxicity than
larger, older life stages of the same species. For instance, a standard guide for testing the acute
toxicity of fish recommends that tests should be conducted with juvenile fish, that is, post-larval
or older and actively feeding, usually in the size range from 0.1 and

5.0g in weight (ASTM 1997).

A review of several data sets in which salmonids of different sizes were similarly tested shows
that even among juvenile fish in the 0.1 to 5.0g size range, differences in sensitivity can
approach a factor of 10. This emphasizes the importance of EPA’s guidance not to use the more
resistant life stages. However, the data sets analyzed indicated that in practice, there were
sometimes greater influences of life stage on the sensitivity of salmonids to some substances than
was apparent to the authors of the individual criteria documents using the datasets available to
them at the time. Some of the SMAVs and GMAVs which were used to rank species sensitivity
and set criteria were considerably higher than ECses with salmonids that were tested at the most
sensitive life stages (Figures 2.4.1.1t0 2.4.1.4).

For three Pacific salmonid species for which comparable test data were available for different
life stages; coho salmon (Oncorhynchus kisutch), rainbow trout (O. mykiss) and cutthroat trout
(O. clarki), the data suggest that swim-up fish weighing around 0.5g to about 1g may be the most
sensitive life stage. None of the data sets examined in detail or other published studies reviewed
had sufficient resolution to truly define at what weight fish became most sensitive to metals, but
along with other data they suggest that larger fish may be less sensitive than fish at 0.4 to 0.5g.
For instance with zinc, rainbow trout in the size range of about 0.1 to about 1.5 g consistently
became more sensitive to zinc in two studies with multiple tests in that size range (Figure 2.4.1.2
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and Figure 2.4.1.3). The paucity of data with salmonids in the size range of about 0.5 to 2g
prevents definitive statements of a most sensitive size across species or even tests. All data
located for early swim-up stage Oncorhynchus in the 0.1 to 0.5g range were consistent with
increasing sensitivity with size. With Hansen et al’s. (2002c) rainbow trout studies, this
relationship continued with fish up to about 1.5g. However, with cutthroat trout, the few data
available suggests that fish larger than about 0.5g become less sensitive with increasing size
(Figure 2.1.4.2).

Some studies with older and larger rainbow trout have found that the fish became more resistant
to zinc and copper (Chapman 1978b; Chapman and Stevens 1978; Howarth and Sprague 1978;
Chakoumakos et al. 1979). Studies with copper all showed this trend, but the strength of size-
sensitivity relations varied across studies. Chakoumakos et al. (1979) found that fish between
about 1 and 25g in weight varied in their sensitivity to copper by about eight times (Figure
2.4.1.4), but steelhead (O. mykiss) that were tested with copper at sizes of 0.2, 7, 70, and 27009
showed little pattern of sensitivity with size (Chapman 1978b; Chapman and Stevens 1978).
However, the large differences in sizes may have missed changes at intermediate sizes in the
ranges compared at Figures 2.4.1.1 to 2.4.1.4. Similarly, with copper and rainbow trout,
Anderson and Spear (1980) found that three sizes of rainbow trout (3.9, 29 and 176g) had similar
sensitivities.

NMFS reviewed several data sets that indicated increasing susceptibility of salmonids to at least
metals with increasing size and age as fish progressed from the resistant alevin stage. The “U”
shaped size-sensitivity response with the most sensitive life stage for salmonids fish around 0.5¢g
in weight seems a reasonable interpretation of the available data, but few data were available in
the size range of 0.5 to 2g, so it is possible the most sensitive stage is larger. Hedtke et al.
(1982) tested coho salmon for the influence of body size and developmental stage with copper,
zinc, nickel, and PCP. Fish were exposed as alevins, swim-up fry, and juveniles, and within
these developmental stages smaller fish were tested against larger fish. For copper, zinc, and
PCP, the swim-up fry stage was most susceptible, and within the swim-up stage, the larger fish
were more susceptible to copper and zinc than smaller fish (~0.25g vs. 0.7g fish, wet weight).
For PCP, there was no difference for size of fish within the sensitive alevin to swim-up stage,
and with Ni all fish were very resistant (Hedtke et al. 1982). In three test pairs with rainbow
trout exposed to cadmium and zinc under similar hardness, pH, and temperature, the fish tended
to become more sensitive with increasing size from 0.4 to 0.9g for rainbow trout and zinc, and
0.26 to 0.66g with Cd. Further growth in juvenile rainbow up to 1.1 and 1.6g for cadmium and
zinc had little effect on sensitivity (Figure 2.4.1.3). In parallel tests with bull trout (Salvelinus
confluentus), size had little effect on sensitivity over a range of 0.08 to 0.22g for cadmium
although with zinc; however, the smallest fish (0.1g) were also least sensitive (Hansen et al.
2002c). Similar tests with copper and rainbow and bull trout showed roughly similar patterns.
Three tests with rainbow trout at the same hardness and using fish from the same source had the
most sensitive results for 0.43g fish (LCss of 36, 54, and 93 ug/L for rainbows weighing 0.43,
0.3, and 0.68g, respectively). Bull trout tested at constant temperature of 8°C tended to become
more sensitive with increasing size up to ~1g (Hansen et al. 2002a). Besser et al. (2007)
similarly found that 0.5g rainbow trout were more sensitive than 0.13g fish to copper and zinc,
but not for cadmium.
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These patterns do not seem to hold for all species. Contrary to the patterns with the salmonids,
newly hatched sculpins were more sensitive to cadmium, copper, and zinc than were older
juveniles (Besser et al. 2007). Similar to the sculpin results but contrary to all the other salmonid
results, Carney et al. (2008) found that the brown trout (Salmo trutta) became less sensitive to
copper with increasing size. Guppies exposed to toxicants with different modes of action tended
to become more susceptible with increasing size and age (dieldrin, PCP, cyanide, copper, zinc,
and nickel) (Anderson and Weber 1975).

Summary: Salmonids can have profound differences in susceptibility to chemicals at different
life stages, and in some instances, species mean acute values used in criteria may be skewed high
because insensitive life stages were included. A “U” shaped pattern of sensitivity with life stage
was suggested for several datasets with Pacific salmon or trout species (i.e., Oncorhynchus) and
some metals. Across several good datasets, the most vulnerable life stage and size appeared to
be swim-up fry weighing between about 0.5 to 1.5g. However, no consistent pattern was
obvious across other species of fish, chemicals, and life stages.

Caution is needed when using SMAVs or GMAVSs as summary statistics for ranking species
sensitivity or setting criteria. Reviews of the protectiveness of chemical concentrations or
criteria that rely in large part upon published mean acute values for species of special concern
such threatened species, or their surrogates, may be subject to considerable error if the
underlying data points are not examined. This may include analyses such as SSD, interspecies
correlation estimates (ICE, Asfaw et al. (2004), or any other relative sensitivity comparisons that
uses mean acute values at the family, genus, or species level.
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Figure 2.4.1.1. Size-developmental stage patterns with coho salmon from 2 to 7 weeks post
hatch, data from Chapman (1975). Species and genus mean acute values (SMAVs and
GMAV) are from the respective criteria documents (EPA 1984b, 1984a, 1985, 1987b),
adjusted to test water hardness. All tests used Willamette River water, TOC 3.4 mg/L,
hardness 22 mg/L.
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Figure 2.4.1.2. Relations between size of swim-up rainbow and cutthroat trout and toxicity
to zinc and lead sensitivity in renewal tests conducted in water from the South Fork
Coeur d’Alene River, Idaho. Data from (Mebane et al. 2012). All test values adjusted to
a median test hardness of 35 mg/L CaCOj3 using hardness-toxicity regressions from
(Mebane et al. 2012). SMAVs were adjusted using the hardness-criteria equations from
the respective criteria documents.
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Figure 2.4.1.3. Resistance to cadmium and zinc toxicity decreased with increasing size over
a weight range of 0.2 to 1.6g for swim-up rainbow trout. Data from Hansen (2002a) and
Stratus (1999) using 96-h probit LCsy values. All tests conducted at a hardness of 30
mg/L and pH of 7.5 SMAYV values were adjusted using the hardness-criteria equations
from the respective criteria documents.
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Figure 2.4.1.4. Resistance to copper toxicity decreased with increasing size over a weight
range of 0.06 to 0.4g for swim-up rainbow trout, but above about 1g weight, resistance
to copper toxicity increased with increasing size. Dashed lines indicate hardness-
adjusted rainbow trout species mean acute value (SMAV) from EPA (1984). A. Relation
between copper toxicity and the size of swim-up rainbow trout (<0.5g), from renewal
tests conducted in water from the Clark Fork River, MT (Erickson et al. 1999); B.
Relation between copper toxicity and the size of larger juvenile rainbow trout (>0.7g,
older than swim-up fish), data from Chakoumakos et al’s (1979) tests under uniform
water conditions (hardness 194 mg/L); C. Rainbow trout of difference sizes tested under
uniform conditions at hardness 99 to 102 mg/L, data from Howarth and Sprague (1978).
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2.4.1.4. Effects of Acclimation on Susceptibility to Chemicals

Exposure to sublethal concentrations of organic chemicals and other metals may result in
pronounced increases in resistance to later exposures of the organisms. With metals, the
increased resistance may be on the order of two to four times for acute exposures, but may be
much higher for some organic contaminants (Chapman 1985). However, the increased resistance
can be temporary and can be lost in as little as 7 days after return to unpolluted waters (Bradley
et al. 1985; Sprague 1985; Hollis et al. 1999; Stubblefield et al. 1999). For this reason, EPA’s
Guidelines specify that test results from organisms that were pre-exposed to toxicants should not
be used in criteria derivation (Stephan et al. 1985).

However, there is a less obvious source of acclimation that is not precluded by the Guidelines
and influences chronic values and thus chronic criteria. Several tests have shown that life stages
typically sensitive to toxins (e.g., fry stage) become more resistant when toxicity tests were
initiated during resistant early life stages (ELS, e.g., embryo stage). This suggests that
acclimation to toxin(s) during ELS exposure may lead to greater resistance in later life stages in
comparison to the same life stages of naive fish (fish which had no previous exposure)
(Chapman 1978a; Spehar et al. 1978; Chapman 1994; Brinkman and Hansen 2004, 2007). The
Guidelines could actually be interpreted to exclude chronic exposures that did not pre-expose,
and acclimate fish to metals as eggs (Stephan et al. 1985), which was probably unintended.

Chapman (1994) exposed different life stages of steelhead (Oncorhynchus mykiss) for the same
duration (3 months) to the same concentration of copper (13.4 pg/L at a hardness of 24 mg/L as
CaCOg). The survival of steelhead which were initially exposed as embryos was no different
from that of the unexposed control fish, even though the embryos developed into the usually-
sensitive swim-up fry stage during the exposure. In contrast, steelhead which were initially
exposed as swim-up fry without the opportunity for acclimation during the embryo state,
suffered complete mortality (Figure 2.4.1.4). Brinkman and Hansen (2007) compared the
responses of brown trout (Salmo trutta) to long-term cadmium exposures that were initiated
either at the embryo stage (i.e., ELS tests) or the swim-up fry stage (i.e., chronic growth and
survival tests). In three comparative tests, fish that were initially exposed at the swim-up fry
stage were consistently two to three times less resistant than were the fish initially exposed at the
embryo stage.

These studies support the counterintuitive conclusion that because of acclimation, longer-term
tests or tests that expose fish over their full life cycle are not necessarily more sensitive than
shorter-term tests which are initiated at the sensitive fry stage. Conceptually, whether this
phenomenon is important depends on the assumed exposure scenario. If it were assumed that
spawning habitats would be exposed, then the less-sensitive ELS tests would be relevant.
However, for migratory fishes such as listed salmon and steelhead, their life histories often
involve spawning migrations to headwater reaches of streams, followed downstream movements
of fry shortly after emerging from the substrates, and followed by further seasonal movements to
larger, downstream waters to overwinter (Willson 1997; Baxter 2002; Quinn 2005). These life
history patterns often correspond to human development and metals pollution patterns such that
headwater reaches likely have the lowest metals concentrations, and downstream increases could
occur due to point source discharges or urbanization.
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From the discussion in the Guidelines of the types of chronic data with fish that are acceptable
for use in criteria development, it is clear that the intent was to capture information on the most
sensitive life stage of a fish species. Unfortunately, the wording of the Guidelines could be
interpreted to preclude the use of the more sensitive chronic growth and survival tests that were
initiated with salmonid fry stage, and specify the use of the less sensitive ELS tests (Stephan et
al. 1985, at p. 44).

Summary: In chronic tests with salmonids and metals, the Guidelines inadvertently favor a test
method (ELS tests) that may be inherently biased toward insensitivity because acclimation can

occur during the insensitive egg stage of exposure. Thus, Species Mean Chronic Values listed in
criteria documents may be also be biased high.
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Figure 2.4.1.5. Effect of developmental stage at the onset of continuous copper exposure
(13.4 pg/L) on the survival of juvenile steelhead trout (figure from Chapman 1994).

2.4.1.5. Implications of the use of the “chronic value” statistic in setting criteria

A related issue with the derivation of chronic criteria is the test statistic used to summarize
chronic test data for species and genus sensitivity rankings. Literature on chronic effects of
chemicals often contains variety of measurement endpoints, different terms, and judgments by
the authors of what constitutes an acceptable or negligible effect. While the Guidelines give a
great deal of advice on considerations for evaluating chronic or sublethal data (Stephan et al.
1985, at p.39), those considerations were not usually reflected in the individual criteria
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documents reviewed for this consultation. In practice for most of the criteria documents
reviewed, “chronic values” were simply calculated as the geometric mean of the lowest tested
concentration that had a statistically significant adverse effect at the 95% confidence level
(lowest observed effects concentration [LOEC]) and the next lower tested concentration (no
observed effects concentration [NOEC]). The “chronic value” as used in individual criteria
documents is effectively the same thing as the maximum acceptable toxicant concentration
(MATC) used in much environmental toxicology literature, even though the MATC term is
never used in the Guidelines. This MATC approach has the potential to seriously underestimate
effects because the statistical power in typical toxicity tests is fairly low. A bias in many
ecotoxicology papers is to focus on avoiding “false accusations” of a chemical with 95%
accuracy (i.e., Type I error or false positive, the risk of declaring an effect was present when in
fact the apparent effects only occurred by chance). Often no consideration whatsoever is given
to the companion problem, known as Type Il error, or false negatives, (i.e., declaring no adverse
effects occurred when in fact they did but because of the limited sample size or variability, were
not significant with 95% confidence).

The magnitude of effect that can go undetected with 95% confidence in a NOEC statistic can be
large, greater than 30% on average for some endpoints, and much higher for individual tests
(Crane and Newman 2000). This problem is compounded with the “chronic value” or MATC
when calculated in its most common form as the geometric mean of a NOEC and LOEC. For
instance, 100% of juvenile brook died after being exposed to 17 pg/L copper for 8 months; this
was considered the LOEC for the test. The next lowest concentration tested (9.5 pg/L) had no
reduced survival relative to controls (McKim and Benoit 1971). Therefore, the only thing that
can be said about the geometric mean of these two effect concentrations, i.e., the chronic value of
12.8 pg/L that was used in the chronic copper criteria (EPA 1985d) is that it represents a
concentration that can be expected to kill somewhere between all or no brook trout in the test
population. Similarly, Grosell et al. (2006a) showed that the NOECs and LOEC:s for reduced
growth in snails exposed to lead corresponded with about a 57% and 90% growth reduction, and
over 70% reduced growth for the MATC. Animals suffering such severe stunted growth may not
even reproduce, so the MATC would not seem to be a very acceptable maximum toxicant
concentration. Suter et al. (1987) evaluated published chronic tests with fish for a variety of
chemicals and found that on the average the MATC represented about a 20% death rate and a
40% reduction in fecundity. They noted that “although the MATC is often considered to be the
threshold for effects on fish populations, it does not constitute a threshold or even a negligible
level of effect in most of the published chronic tests. It corresponds to a highly variable level of
effect that can only be said to fall between 0% and 90%.” Barnthouse et al. (1989) further
extrapolated MATC-level effects to population-level effects using fisheries sustainability models
and found that the MATC systematically undervalued test responses such as fecundity, which are
both highly sensitive and highly variable.

One implication of this issue is that because the MATC chronic values typically used in criteria
documents under review may represent substantial adverse effects for that test species, the
criteria on the whole will be less protective than the intended goal of protecting 95% of the
species. How much less protective is unclear and probably varies among the criteria datasets.
One dataset from which a hypothetical NOEC-based chronic criterion could readily be
recalculated and compared with the usual MATC criteria was a 2006 cadmium criteria update
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(Mebane 2006). In this comparison, the MATC-based chronic criteria would protect about 92%
of the aquatic species in the dataset at the NOEC level. Because the NOEC statistic also can
reflect a fairly sizable effect (Crane and Newman 2000), it may be that at least with Cd, the true
level of protection is closer to about 90% than the 95% intended by the Guidelines.

A specific question for interpreting ecotoxicological data to evaluate the protectiveness of
species listed under the ESA is, what level of effect is “insignificant?” “Insignificant effects”
have been defined in this context to “relate to the size of the impact and should never reach the
scale where take occurs” and “based on best judgment, a person would not be able to
meaningfully measure, detect, or evaluate insignificant effects” (USFWS and NMFS 1998). To
evaluate what test statistic best approximated a “true” no-effect concentration for evaluating risks
to ESA-listed species, we made a limited comparison of NOECs versus regression or
distribution-based methods for estimating no- or very low effects concentrations. The alternative
statistics evaluated were the lower 95™ percentile confidence limit of the concentration affecting
10% of the test population (LCL- EC10), or estimates of the EC1 or ECO (1% or 0% effects).
NMFS concluded that the ECO was the preferred, best estimate of no-effect value from a toxicity
test. However, if data were insufficient to calculate an ECO or other regression based
approaches, the NOEC may be the best available statistic for estimating “insignificant” effects
(Appendix B).

Summary: The Chronic Value statistic is calculated by splitting the difference between an
adverse effects concentration (the LOEC) and a concentration expected to have low adverse
effects (the NOEC). However, in practice the NOEC can have more adverse effects than implied
by the term “NOEC”, and splitting the difference between two adverse effects concentrations
produces another adverse effect concentration. Thus the Chronic Value statistic used to set
chronic criteria through ACRs, etc., in practice produces an uncertain level of effect and may
result in less protection than intended by the EPA Guidelines. This has been estimated to result
in a level of protection was closer to about 90% of the species represented in an SSD than the
95% intended by the Guidelines.

2.4.1.6. The assumption that dividing a concentration that killed 50% of a test population by two
will result in a safe concentration

One challenge for deriving aquatic life criteria for short-term (acute) exposures is that the great
majority of available data is for mortality, which is a concentration that kills 50% of a test
population. A fundamental assumption of EPA’s criteria derivation methodology is that the
FAV, the LCs for a hypothetical species with a sensitivity equal to the 5 percentile of the SSD,
may be divided by two in order to extrapolate from a concentration that would likely be
extremely harmful to sensitive species in short-term exposures (kill 50% of the population) to a
concentration expected to kill few, if any, individuals. This assumption, which must be met for
acute criteria to be protective of sensitive species, is difficult to evaluate from published
literature because so few studies report the data behind an LCsy test statistic. While LCss are
almost universally used in reporting short-term toxicity testing, they are not something that can
be “measured” but are statistical model fits. An acute toxicity test is actually usually a series of
four to six tests run in parallel in order to test effects at different chemical concentrations. An
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LCsp is estimated by a statistical distribution or regression model which generates an LCs
estimate, usually a confidence interval, and then all other information is thrown away. Thus,
while the original test data included valuable information on what concentrations resulted in no,
low, or severe effects, that information is lost to reviewers unless the unpublished raw lab data
are available to them.

The assumption that dividing an LCso by two will result in a no- or very low effects
concentration rests on further assumptions of the steepness of the concentration-response slope.
Several examples of tests with metals which had a range of response slopes are shown in Figure
2.4.1.6. We selected these examples from data sets that were relevant to salmonid species in
Idaho and for which the necessary data to evaluate the range of responses could be located
(Chapman 1975, 1978b; Marr et al. 1995b; Marr et al. 1999; Mebane et al. 2010; Mebane et al.
2012).

The citations are to reports with detailed enough original data to examine the mortality at the
LCso concentration divided by two. The vast majority of published data was inadequate for this
comparison, because usually only the LCsps are reported, not the actual responses by
concentration. We examined around 100 tests for this comparison. The examples shown in
Figure 2.4.1.6 range from tests with some of the shallowest concentration-response slopes
located to very steep response slopes. In the shallowest tests (panels A and E), an LCsy/2
concentration would still result in 15% to 20% mortality. However, a more common pattern
with the metals data was that an LCs0/2 concentration would probably result in about a 5% death
rate (panels B and F), and in many instances, no deaths at all would be expected (panels C and
D).

In one of the few additional published sources that gave relevant information, Spehar and Fiandt
(1986) included effect-by-concentration information on the acute toxicity of chemical mixtures.
Rainbow trout and Ceriodaphnia dubia were exposed for 96 and 48 hours, respectively, to a
mixture of six metals, each at their presumptively “safe” acute CMC. In combination, the CMC
concentrations killed 100% of rainbow trout and Ceriodaphnia, but 50% of the CMC
concentrations killed none (Spehar and Fiandt 1986). This gives support to the assumption that
dividing a lethal concentration by two would usually kill few if fish, although it does not bode
well for arguments of the overall protectiveness of criteria concentrations in mixtures.

Other reviews include Dwyer et al. (2005b) who evaluated the “LCs0/2” assumption with the
results of the acute toxicity testing of 20 species with five chemicals representing a broad range
of toxic modes of action. In those data, multiplying the LCsq by a factor of 0.56 resulted in a low
(10%) or no-acute effect concentration. Testing with cutthroat trout and cadmium, lead, and zinc
singly and in mixtures, Dillon and Mebane (2002) found that the LCsy/2 concentration
corresponded with death rates of 0% to 15%.

Summary: The assumption that one-half of an LCs concentration for a sensitive test, i.e., a
concentration near the 5" percentile of the ranked species sensitivities, will result in little or no
deaths was supported by several data sets plus two published articles. While up to 20% mortality
was calculated, in most cases the expected morality associated with a LCs/2 was less than 10%
and often zero.
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Figure 2.4.1.6. Examples of percentages of coho salmon or rainbow trout killed at one-half
their LCso concentrations with cadmium, copper, and zinc.
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2.4.1.7. Issue of Using Flow Through, Renewal, or Static Exposure Test Designs

One area of controversy in evaluating toxicity test data or risk assessments or criteria derived
from them has to do with potential bias in how test organisms are exposed to test solutions.
Exposures of test organisms to test solutions are usually conducted by variations on three
techniques. In “static” exposures test, solutions and organisms are placed in chambers and kept
there for the duration of the test. The “renewal” technique is like the static technique except that
test organisms are periodically exposed to fresh test solution of the same composition, usually
once every 24 or 48 hours, by replacing nearly all the test solution. In the “flow-through”
technique, test solution flows through the test chamber on a once-through basis throughout the
test, usually with at least five volume replacements/day (ASTM 1997).

The term “flow-through test” is commonly mistaken for a test with flowing water, i.e., to mimic
a lotic environment in an artificial stream channel or flume. This is not the case; rather the term
refers to the once-through, continuous delivery of test solutions (or frequent delivery in designs
using a metering system that cycles every few minutes). Flows on the order of about 5-volume
replacements per 24 hours are insufficient to cause discernible flow velocities. In contrast, even
very slow moving streams have velocities of around 0.04 ft/sec (a half inch per second) or more.
At that rate, a parcel of water would pass the length of a standard test aquarium (~2 ft) in about
48 seconds, resulting in about 3,600 volume replacements per day. At more typical stream
velocities of about 0.5 ft/sec would produce over 20,000 volume replacements/day.

Historically, flow-through toxicity tests were believed to provide a better estimate of toxicity
than static or renewal toxicity tests because they provide a greater control of toxicant
concentrations, minimize changes in water quality, and reduce accumulation of waste products in
test exposure waters (Rand et al. 1995). Flow-through exposures have been preferred in the
development of standard testing protocols and water quality criteria. The EPA Guidelines first
advise that for some highly volatile, hydrolysable, or degradable materials, it is probably
appropriate to use only results of flow-through tests. However, this advice is followed by
specific instructions that if toxicity test results for a species were available from both flow-
through and renewal or static methods, then results from renewal or static tests are to be
discounted (Stephan et al. 1985). Thus, depending upon data availability, toxicity results in the
criteria databases may be a mixture of data from flow through, renewal, or static tests, raising the
question of whether this could result in bias. In the 1985 Guidelines, the rationale for the general
preference for flow-through exposures was not detailed, but it was probably based upon
assumptions that static exposures will result in LCsqs that are biased high (apparently less toxic)
than comparable flow-through tests or because flow-through tests are assumed have more stable
exposure chemistries and will result in more precise LCsg estimates.

With metals, renewal tests have been shown to produce higher ECsgs (i.e., metals were less
toxic), probably because of accretion of dissolved organic carbon (DOC) (Erickson et al. 1996;
Erickson et al. 1998; Welsh et al. 2008). However, in contrast to earlier EPA and American
Society for Testing and Materials (ASTM) recommendations favoring flow-through testing,
Santore and others (2001) suggested that flow-through tests were biased low because copper
complexation with organic carbon, which reduces acute toxicity, is not instantaneous and typical
flow-through exposure systems allowed insufficient hydraulic residence time for complete
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copper-organic carbon complexation to occur. Davies and Brinkman (1994) similarly found that
cadmium and carbonate complexation was incomplete in typical flow-through designs, although
in their study incomplete complexation had the opposite effect of the copper studies, with
cadmium in the aged, equilibrium waters being more toxic. A further complication is that it is
not at all clear that natural flowing waters should be assumed to be in chemical equilibria
because of tributary inputs; hyporheic exchanges; and daily pH, inorganic carbon, and
temperature cycles. Predicting or even evaluating risk of toxicity through these cycles is
complex and seldom attempted (Meyer et al. 2007a), in part because pulse exposures cause latent
mortality (i.e., fish die after exposure to the contaminant is removed), a phenomenon that is often
overlooked or not even recognized in standard acute toxicity testing.

When comparing data across different tests, it appears that other factors such as testing the most
sensitive sized organisms or organism loading may be much more important than if the test was
conducted by flow through or renewal techniques. For instance, Pickering and Gast’s (1972)
study with fathead minnows and cadmium produced flow-through LCsps that were lower than
comparable static LCsos (~ 4,500 to 11,000 ug/L for flow-through tests versus ~30,000 ug/L for
static tests). The fish used in the static tests were described as “immature” weighing about 29
(2000 mg). The size of the fish used in the Pickering and Gast (1972) their flow-through acute
tests were not given, but is assumed to have been similar. In contrast, 8- to 9-day old fathead
minnow fry usually weigh about 1 mg or less (EPA 2002c). Using newly hatched fry weighing
about 1/1000™ of the fish used by Pickering and Gast (1972) in the 1960s, cadmium LCsgs for
fathead minnows at similar hardnesses tend to be around 50 pg/L with no obvious bias for test
exposure. Similar results have been reported with brook trout. One each flow-through and static
acute tests with brook trout were located, both conducted in waters of similar hardness (41 to 47
mg/L). The LCs of the static test which used fry was < 1.5 pg/L whereas the LCs, of the flow-
through test using yearlings was > 5,000 pg/L (Carroll et al. 1979; Holcombe et al. 1983).

Summary: When all other factors are equal, it appears that renewal tests may indicate chemicals
are somewhat less toxic (e.g., higher LCsps), but there is no clear consensus whether this
indicates that renewal tests are biased toward lower toxicity than is “accurate” or whether
conventional flow-through tests are biased toward higher toxicity. Comparisons with data across
studies suggest that factors such as the life stage of exposures, can dwarf the influence of flow-
through or renewal methods for the acute toxicity of at least metals.

2.4.1.8. The “Water-Effect Ratio” Provision

The water-quality criteria for metals proposed in this action include a Water Effects Ratio
(WER) in their equations. The purpose of WERs is to empirically account for characteristics
other than hardness that might affect the bioavailability and thus toxicity of metals on a site-
specific basis. Because the WERSs are directly incorporated into the criteria equations, no
separate action is needed to change the criteria values using a WER. Following EPA’s (EPA
1992) precedent, the default WER value for the proposed criteria is 1.0 “except where the
Department assigns a different value” (Idaho Department of Environmental Quality 2011, at
210.03.c.iii. ).
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The concept of adjusting metals criteria to account for differences in their bioavailability in site-
waters has long been a precept of water quality criteria (Carlson et al. 1984; EPA 1994; Bergman
and Dorward-King 1997). The WER approach uses one or more standard-test species (usually
Ceriodaphnia and/or fathead minnows) which are tested in tandem in dilution waters collected
from the site of interest and in a standard reconstituted laboratory water. The results in the
laboratory water are presumed to represent the types of waters used in tests used in EPA criteria
documents. The WER is the ratio of the test LCsg in site water divided by the LCsg in laboratory
water; the ratio is then multiplied by the aquatic life criteria to obtain a WER-adjusted site-
specific criteria. The approach has probably been most used with copper because of the
profound effect of DOC to ameliorate toxicity, which is not correlated with hardness.

The main problem with the concept and approach is trying to define a single “typical” laboratory
dilution water that reflects that used in criteria documents. Testing laboratories may generate
valid results using all sorts of different dilution waters including dechlorinated tap water, natural
groundwaters (well waters), natural surface waters such as Lake Superior or Lake Erie, and
reconstituted waters made from deionized water with added salts. The widely used “Interim
Guidance on Determination and Use of Water-effect Ratios for Metals” (Stephan et al. 1994b)
specified using recipes from EPA or ASTM for making standardized water that results in a water
hardness with unusually low calcium relative to magnesium concentrations compared to that of
most natural waters (“hardness” is the sum of equivalent concentrations of calcium (Ca) and
magnesium (Mg) and is discussed more in Section 2.4.2, “The Influence of Hardness on Metals
Toxicity”). This has the effect of making metals in the reconstituted laboratory waters made by
standard recipe more toxic than would be expected in waters with more natural proportions of
calcium and magnesium. This is because at least for fish and some invertebrates and copper,
calcium reduces toxicity somewhat but magnesium affords little or no protection (Welsh et al.
2000a; Naddy et al. 2002; Borgmann et al. 2005b).

The effect of this issue is that unrepresentative lab waters can generate low ECs, values which
when used as a denominator with higher ECss from site waters can produce extremely high-
biased values. For instance, in WER testing on the Boise River, Idaho, a stream receiving treated
municipal wastewater effluent, testing with Ceriodaphnia and copper resulted in mean site:lab
WER of 18.4, which when multiplied by the copper CMC at a hardness of 40 mg/L would result
in a WER adjusted CMC of 132 pg/L. Yet the Ceriodaphnia ECsgs in that same site water
ranged from 18.6 to 60 pg/L (CH2M Hill 2002). Thus, the published WER procedure would
generate a site-specific acute copper criterion that was three to seven times higher than
concentration that killed 50% of a sensitive species in that same site water. Such a grossly
unprotective site-specific criteria was argued for on the grounds that it was procedurally in
accordance with the Idaho metals criteria under consultation, because it follows from the WER
equation and definition in the NTR and derivative ldaho criteria. Because it arguably followed
EPA’s 1994 Interim Guidelines for developing Water Effect Ratios (Stephan et al. 1994b),
whatever the outcome was, was therefore procedurally acceptable.

Both EPA and IDEQ have made steps to reduce the bias that could be introduced by low ECsg
values in laboratory waters compared with site waters. The EPA (2001a) effectively eliminated
the issue by setting the WER as the lesser of the site water ECso/ lab water ECs ratios or the
ratio of site water ECs, divided by the SMAV from an updated criteria dataset. When this latter
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calculation was applied to the Boise River dataset, it produced an average copper WER of 2.6
instead of 18.4 and produced a site-specific acute copper criterion of 18.5 pg/L for a hardness of
40 mg/L (CH2M Hill 2002). Given the Ceriodaphnia ECsgs of 18.6 to 60 pg/L in site water, this
approach may not fully protect species as sensitive as Ceriodaphnia but it’s an improvement.
The IDEQ (2007a) regulations at subsection 210.03.c.iii specify that calcium and magnesium
ratios should be similar to those in EPA’s criteria laboratory waters or the water body for which
WERSs are to be applied. However, such an approach was used in the Boise River project and
exorbitantly high WERs still resulted so it is not clear that the WER approach can be corrected in
this way. Further, IDEQ’s implementation procedures for NPDES permits call specifically for
the use of EPA’s 1994 interim procedures (IDEQ 2007a, at subsection 210.04) although IDEQ
has the discretion to use “other scientifically defensible methods” as they see fit.

Other approaches by EPA that might be used as an interim, operational substitute include
establishing criteria on a more mechanistic basis that can directly account for the factors that
affect toxicity. One example is the biotic ligand model (BLM) which is supposed to capture the
major interactions between metals concentrations, competition, and complexation that control
bioavailability and thus toxicity (Di Toro et al. 2001; Niyogi and Wood 2004). For copper,
BLM was used as the basis of EPA’s (2007a) updated aquatic life criterion, which for copper at
least, should negate much of the need for empirical WER testing. The predictiveness of the
copper BLM over a wide range of environmental conditions makes the BLM a more versatile
and effective tool for deriving site-specific water quality criteria compared to the WER method
(EPA 2000c; Di Toro et al. 2001).

This provision has rarely been used in Idaho, but NMFS is recommending a term and condition
to help reduce future risk if WERSs are developed in critical habitat for listed salmon and
steelhead.

Summary: While seldom used to date, the WER is a fundamental part of the formula-based
water quality criteria for metals. In guidance and practice, the manner in which WERs are
developed has a substantial risk of undermining the protectiveness of criteria. Procedures that
are consistent with the action evaluated in this opinion could result in criteria concentrations that
were higher than concentrations that were acutely toxic to sensitive organisms when tested in the
same site water. Two alternate procedures could achieve the intent of the WER provision (to
adjust criteria based on site-specific conditions). First, the WER could be calculated by using the
lower ratio from either (a) the site water ECso/ lab water ECs ratios or (b) the ratio of site water
ECso divided by the species mean acute value (SMAV) for that test organism (e.g., Ceriodaphnia
dubia, fathead minnow, or rainbow trout) from a criterion dataset as described by EPA (2001a).
Second, with copper the EPA (2007) BLM-based criteria is intended to adjust for site-specific
water quality differences (EPA 2007a; DiToro et al. 2001).

2.4.1.9. Issue of Basing Criteria on Dissolved or Total-Recoverable Metals
One difference between the proposed action and the NTR as first published by EPA (1992) is

that the proposed metals criteria are defined on the basis of “dissolved” metals rather than for
“total recoverable” metals. “Dissolved” metals are those that pass through a 0.45 um filter, and
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“total recoverable” metals are determined from unfiltered samples, and thus consist of both
dissolved and particulate or colloidal phases. Metals sorbed to particulates are subject to gravity
and will eventually settle from undisturbed water whereas dissolved metals are truly in solution
and will not settle from gravity.

This criteria change was based on a 1993 EPA policy statement that “it is now the policy of the
Office of Water that the use of dissolved metal to set and measure compliance with WQSis the
recommended approach, because dissolved metal more closely approximates the bioavailable
fraction of metal in the water column than does total recoverable metal. This conclusion
regarding metals bioavailability is supported by a majority of the scientific community within
and outside the Agency. One reason is that a primary mechanism for water column toxicity is
adsorption at the gill surface which requires metals to be in the dissolved form.”” (Prothro 1993).

To implement Prothro’s (1993) policy change, metals criteria had to be recalculated on a
dissolved basis. Because the tests in the acute and chronic datasets used to derive metals criteria
were mostly reported total recoverable rather than dissolved metals, in order express metals
criteria on a dissolved metals basis, a conversion was needed. To do so, Stephan (1995)
evaluated what data were available on the proportions of dissolved versus total recoverable
metals in different laboratories that contributed data used in the EPA metals criteria. The
resulting conversion factors ranged from 0.32 with chromium (111) to 0.99 with chronic zinc.
With lead, because its solubility usually decreases as hardness increases, the conversion factor
for lead varies with hardness, ranging from 1 at hardness 25 mg/L to 0.69 at hardness 200 mg/L.
For most metals, the conversion factors were close to 1 indicating that for the laboratory
conditions under which the toxicity tests in the datasets were conducted, almost all metals were
present in dissolved form (Stephan 1995)

Because no supporting documentation was given by Prothro (1993) in support of their
conclusions, they are hard to evaluate. There is theoretical support for the assumption that
metals need to be in dissolved form to adsorb to the gill surface (Wood et al. 1997), and it does
seem logical to assume that metals bound to particulates would be less toxic. However, no
compelling evidence was found that particulate bound metals can be assumed to be non-toxic.
Only two studies were located that examined the toxicity of particulate metals in controlled
experimental studies. Both found toxicity associated with particulate bound copper (Brown et al.
1974; Erickson et al. 1996).

Erickson et al. (1996) estimated that the adsorbed copper has a relative toxicity of almost half
that of dissolved copper, and noted that the assumption that toxicity can be simply related to
dissolved copper was questionable, and a contribution of adsorbed copper to toxicity cannot be
generally dismissed (Erickson et al. 1996). One possible reason for the observed toxicity from
particulate-bound copper is that adsorbed metals could become desorbed, becoming more
bioavailable, as the pH of water moving across fish gills decreases. If the pH of water where a
fish is living is 6 or greater, then the pH will be lowered as water crosses the gill (Playle and
Wood 1989). Most ambient waters in the Snake River basin action area have pH greater than 6.

A further manner in which particulate bound metals could become biologically active is through
sediment or food exposure. For instance, in Panther Creek, a tributary to the Salmon River,
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Idaho, total copper concentrations were measured at greater than twice that of dissolved
concentrations (Maest et al. 1995). Copper was also greatly elevated in biofilms (algae and
detritus) and sediment, and correlations between copper concentrations in benthic invertebrates
and biofilms were stronger than were correlations between invertebrates and water or sediment
(Beltman et al. 1999). Copper sorbed to sediments was also bioavailable and toxic to benthic
invertebrates when exposed to Panther Creek sediments after the sediments were transferred to
clean overlying water (Mebane 2002a). In this stream at the time of those studies, dissolved
copper consistently exceeded dissolved criteria values, so these studies do not directly help with
the question of whether streams with low contamination that largely comply with dissolved
criteria could result in sediment contamination at hazardous concentrations. Others have
reported toxicity from metals contaminated freshwater sediments even when overlying waters
mostly are at dissolved criteria (Canfield et al. 1994; Besser et al. 2008).

Attempting to define, evaluate, and manage risks associated with contaminated sediments by
basing criteria on total recoverable metals would likely be so indirect as to be ineffective.
However, in the absence of such efforts the assumption that metals sorbed to particles are in
effect biologically inert and can safely be ignored is questionable. The effect of this stance is to
give up some conservatism in aquatic life criteria for metals.

Summary: The component of the action to define metals criteria as applying only to the
dissolved fraction of metals rests on the rationale that metal particulates are less toxic than
dissolved metals. Criteria are adjusted from total to dissolved metals fraction through conversion
factors. The total to dissolved conversion factors for metals criteria were set in a generally
conservative manner and are close to 1 for most metals. While the conversion factors per se are
not a conservation problem, the concept of basing criteria solely on the dissolved fraction may
not always be protective. While we concur that for divalent metals (e.g., cadmium, copper, lead,
nickel, zinc), the particulate fraction is less toxic, the particulate fraction is not necessarily non-
toxic. Conceptually, the particulate fractions of metals and inorganics could contribute to
foodweb exposure pathways from sediments or biofilms to macroinvertebrates to fish. This is of
particular concern for substances with primarily dietary routes of exposure (e.g., arsenic,
mercury, and selenium).

2.4.1.10. Mixture Toxicity: criteria were developed as if exposures to chemicals occur one at a
time, but chemicals always occur as mixtures in effluents and ambient waters

In point or nonpoint pollution, chemicals occur together in mixtures, but criteria for those
chemicals are developed in isolation, without regard to additive toxicity or other chemical or
biological interactions (Table 2.4.1.1). Whether the toxicity of chemicals in mixtures is likely
greater or less than that expected of the same concentrations of the same chemicals singly is a
complex and difficult problem. While long recognized, the “mixture toxicity” problem is far
from being resolved. Even the terminology for describing mixture toxicity is dense and has been
inconsistently used (e.g., Sprague 1970; Marking 1985; Borgert 2004; Vijver et al. 2010). One
scheme for describing the toxicity of chemicals in mixtures is whether the substances show
additive, less than additive, or more than additive toxicity. The latter terms are roughly similar
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to the terms “antagonism” and “synergism” that are commonly, but inconsistently used in the
technical literature.

For both metals and organic contaminants that have similar mechanisms of toxicity (e.g.,
different metals, different chlorinated phenols), assuming chemical mixtures to have additive
toxicity has been considered a reasonable and usually protective (Norwood et al. 2003; Meador
2006). This conclusion is in conflict with the way effluent limits are calculated for discharge of
toxic chemicals into receiving water. Each projected effluent chemical concentration occurring
during design flow is divided by its respective criterion, along with adjustments for variability
and mixing zone allowances (EPA 1991). Thus, each substance would be allowed to reach one
“concentration unit” and any given discharge or cleanup scenario would likely have several
concentration units allowed, which is sometime referred to as cumulative criterion units.

Experimental approaches in the literature usually report “toxic units” (TUs) based on observed
toxicity in single substance tests, rather than criterion units. In this “concentration addition”
scheme, toxicity of different chemicals is additive if the concentrations and responses can be
summed on the basis of “TUs.” For instance, assume for simplicity that cadmium is more toxic
than copper to a species, with the an ECs, of 4 ug/L for cadmium, and an ECs, of 8 pg/L for
copper. We will also call each single metal ECso a TU. The toxicity of mixtures could be
estimated as follows:

— 4l Oug/l _ : :
4 ng/L Cd + 0 pg/L Cu L0 Gt TU 1 TU, (obviously, for a single substance), or

2ug/L Cd + 4 pg/L Cu= 249t 4k -0 5405=1TU.
4,9/L/ITU  8ug/LITU

Using this approach, some studies have shown significant additive toxicity. For instance, Spehar
and Fiandt (1986) exposed rainbow trout and Ceriodaphnia dubia simultaneously to a mixture of
five metals and arsenic, each at their acute CMC, which by definition were intended to be
protective. There were no survivors. In chronic tests, adverse effects were observed at mixture
concentrations of one-half to one-third the approximate chronic toxicity threshold of fathead
minnows and daphnids, respectively, suggesting that components of mixtures at or below no
effect concentrations may contribute significantly to the toxicity of a mixture on a chronic basis
(Spehar and Fiandt 1986).

A common outcome in metals mixture testing has been that metals combinations have been less
toxic than the sum of their single-metal toxicities, i.e., show less than additive toxicity or are
antagonistic (Finlayson and Verrue 1982; Hansen et al. 2002c¢; Norwood et al. 2003; Vijver et al.
2011; Mebane et al. 2012). The other possibility, more than additive toxicity (also called
synergistic effects) are rare with metals although it has been shown with pesticides (Norwood et
al. 2003; Laetz et al. 2009).

Summary: The water criteria evaluated in this opinion were all developed as if only one
chemical was present at a time. However, in the real world chemicals always occur in mixtures.
As result, criteria and discharge permits based upon them may afford less protection than
intended. Measures to address this potential underprotection need to be included in discharge
permits.
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The efficacy of whole-effluent toxicity tests to evaluate mixture toxicity. The EPA’s approach
to the mixture toxicity problem in effluents, including effects of substances without numeric
criteria or unmeasured substances, has been to recommend an integrated approach to toxics
control (EPA 1991, 1994). The EPA has long recognized that numerical water quality criteria
are an incomplete approach to protecting or restoring the integrity of water. A major part of
EPA’s strategy for measuring and controlling such potential issues has been through the concept
of an integrated approach to toxics control, where meeting numerical criteria is but one of three
elements. The other two elements are: (1) The concept of regulating whole effluents through
whole- effluent toxicity (WET) testing; and (2) through biological monitoring of ambient waters
that receive point or nonpoint discharges (EPA 1991, 1994). Because of assumptions that: (1)
Chemicals will inevitably occur in ambient waters in mixtures rather than occurring chemical by
chemical in the fashion that criteria are developed; and (2) it’s not possible to know all the
potential contaminants of concern in effluents and receiving waters, let alone measure them, it is
not feasible to predict effects by chemical concentrations alone. Thus, the EPA developed
procedures for testing the whole-toxicity of effluents and receiving waters, including procedures
for identifying and reducing toxicity (e.g., Mount and Norberg-King 1983; Norberg-King 1989;
Mount and Hockett 2000). In practice, some consideration of the potential for aggregate toxicity
through WET testing is made by EPA for major permits that they administer in Idaho.

Test procedures for WET testing are intended to be practical for permitted dischargers or test
laboratories to carry out as a routine monitoring tool. Thus, to simplify testing, improve test
repeatability, and to facilitate interpretation of test results by dischargers and permit compliance
staff, the EPA has limited WET testing requirements to select standard test species and test
conditions (EPA 2002a, 2002c). Most commonly, EPA has required monitoring for chronic
WET through testing of two species, fathead minnows and the cladoceran (“water flea”)
Ceriodaphnia dubia. Both tests are administered as 7-day tests. Ceriodaphnia have a short
life-cycle, so even though the test is only 7 days, it spans three broods, and so can be considered
a “true” chronic test that includes all or most of an organism’s life cycle. In contrast, the 7-day
fathead minnow “chronic” test only spans about 1% of the 2-year or so life span of a fathead
minnow and is more properly called a short-term method for predicting chronic toxicity.

The rationale and performance of WET testing for predicting or protecting against impairment
have been complicated and controversial and have been debated in conferences and articles,
among them a special issue of the journal Environmental Toxicology and Chemistry (v19, 1,
January 2000) and an entire book (Grothe et al. 1996). Issues with WET testing include whether
the tests are sensitive, and whether any single species toxicity test can meaningfully predict in
stream effects or lack thereof. For instance, Clements and Kiffney (1996) noted that
Ceriodaphnia effluent tests were correlated with effects detected from stream microcosms or
field surveys, but the latter two tended to be more sensitive than the Ceriodaphnia effluent tests.
Conversely, Diamond and Daley (2000) and de Vlaming et al. (2000) found that the chronic
WET methods were useful for predicting ambient impairment.

The best comparison of the sensitivity of WET tests in relation to listed salmon, steelhead and
their prey is probably a series of tests conducted at the same laboratory with the same dilution
water with copper and different species (Table 2.4.1.2). Neither the Ceriodaphnia or 7-day
fathead minnow test were as sensitive as 30- or 6-day chronic tests with rainbow trout; the
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Ceriodaphnia were about twice as resistant as the rainbow trout, and the 7-day fathead minnow
test was almost five times as resistant as the longer rainbow trout test. Dwyer et al. (2005a) also
found that the Ceriodaphnia test was considerably more sensitive than the 7-day fathead test to a
complex “effluent” comprised of a mixture of pesticides, chlorinated organic compounds,
ammonia, and metals. The low sensitivity of the 7-day fathead minnow test might be because
the species is inherently less sensitive to some substances than salmonids or because a 7-day
exposure is too short to be an accurate “short-term” chronic measurement (Suter 1990;
Lazorchak and Smith 2007).

Comparisons with other metals were less reliable because they required comparing tests across
studies and regression-based hardness normalizations (Table 2.4.1.3). Focusing on the more
sensitive Ceriodaphnia test, sensitivity comparisons were made for four metals with rainbow
trout (treating rainbow trout as a surrogate for listed salmon and steelhead). The comparisons
used the most convenient, readily available statistics that were comparable across tests, even
though those statistics do not reflect protective concentrations in of themselves (e.g. EC20,
MATC, see “Implications of the use of the ““chronic value™ statistic”). A sensitivity ratio of 1.0
or less suggests that Ceriodaphnia are at least as sensitive as the salmonid surrogate and that the
WET testing should be protective for aggregate, direct toxicity of waste mixtures in effluents
(Table 2.4.1.2). The comparisons suggest that for cadmium and zinc the Ceriodaphnia test
would be almost as sensitive or more sensitive as the average rainbow trout test; however, for
copper and lead. Chinook salmon or rainbow trout could be much more sensitive than the
Ceriodaphnia.

A further consideration beyond these simple comparisons of whether reduced survival or
reproduction in Ceriodaphnia test results occurred at higher or lower concentrations than
mortality to listed salmonids, is whether WET tests such as Ceriodaphnia can be used as a proxy
indicator of sublethal effects of chemicals to salmonids, such as olfactory impairment. The
limited information available suggests that they can be used in this way, at least for copper.
Toxicity of copper to aquatic organisms can often be predicted using a “biotic ligand model” or
BLM. The BLM uses geochemical speciation modeling to model bioaccumulation of copper on
the organisms’ gills or their other biological tissues in contact with water (i.e., their “biotic
ligands”), and then uses an empirical species-specific toxicity adjustment to predict effects
(Appendix C). This empirical species-specific toxicity adjustment was initially done to predict
killing organisms with different sensitivities following short-term exposures (EPA 2007a).
However, it has been successfully expanded to predict olfactory impairment (or lack thereof) in
coho salmon or behavioral avoidance in rainbow trout or Chinook salmon (Appendix C; Meyer
and Adams 2010). These analyses suggest that on the average, adverse effects predicted for
Ceriodaphnia dubia would occur at lower copper concentrations than would olfactory
impairment or avoidance behavior in rainbow trout, based upon lower modeled critical
accumulation values for Ceriodaphnia dubia (0.06 vs. 0.19 nmol/g wet weight (Appendix C;
Meyer and Adams 2010).

In contrast, the Ceriodaphnia WET test has been shown to be able to predict adverse effects in
benthic macroinvertebrate communities in streams, but that the Ceriodaphnia WET test appeared
less sensitive than the more complex stream communities (Clements and Kiffney 1996). This
suggests that with a sensitivity adjustment, the Ceriodaphnia WET test could be used to predict
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whether effluents were likely to adversely modify critical habitats by reducing the benthic

macroinvertebrate forage base for rearing salmonids.

Table 2.4.1.2. Relative sensitivity of standard 7-day WET tests with Ceriodaphnia and
fathead minnows to rainbow trout with copper under directly comparable test

conditions (ASTM moderately-hard water, hardness 170 mg/L).

EC25 for the most sensitive endpoints

Organism Test duration  (pg/L) Source
30-days
(starting with (Besser et al.
Rainbow trout fry) 21 2005b)
60-days
(starting with (Besser et al.
Rainbow trout eggs) 25 2005b)
(Besser et al.
Fathead minnow 30-days 12-24 (range of 3 replicate tests) 2005b)
(Dwyer et al.
Fathead minnow 7-days 103 2005a)
(Dwyer et al.
Ceriodaphnia dubia 7-days 51 2005a)

Table 2.4.1.3. Relative sensitivity of the standard WET Ceriodaphnia dubia 7-day test in
relation to a surrogate salmonid for listed salmon and steelhead (rainbow trout except
where noted), pooled from data compilations

Surrogate
Ceriodaphnia salmonid Sensitivity Ratio
dubia SMCV SMCV (C.dubia +

Metal  (pg/L) (Mg/L) Salmonid) Notes (source)

Cd 2.04 1.7 1.2 MATC, (Mebane 2006)

Cu 19 23.8 0.8 EC20s, (EPA 2007a);

Cu 19 5.9 3.2 Chinook salmon biomass EC20 (EPA 2007a);
Rainbow trout, geometric mean of 5 tests,
normalized to hardness 50; (Mebane et al.
2008); C. dubia is from a single test at hardness

Pb 46 28 1.6 52 mg/L, pH 7.56 (Mager et al. 2011a) (note)

Zn 33 113 0.3 NOECs; (Van Sprang et al. 2004)

Note: Much new data with C. dubia and chronic toxicity of Pb has been recently generated (Parametrix 2010; Mager
et al. 2011a). While this was too much to synthesize and estimate whether C. dubia are usually more or less than
salmonids, recent toxicity values with C. dubia indicate the sensitivities overlap those of rainbow trout and the
species may be much more sensitive than previously indicated (Jop et al. 1995; Mebane et al. 2008)

Summary: Our review generally supports EPA’s concept of assessing mixture toxicity of criteria
substances under consultation through WET testing and instream bioassessment. However, the
more sensitive of the two commonly used chronic WET tests, the three-brood Ceriodaphnia
dubia test was sometimes less sensitive than chronic tests with salmonids. The 7-day fathead
minnow test was consistently less sensitive than chronic salmonid tests in the data reviewed.
This suggests that to be protective of listed salmonids, the assessment triggers for the
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Ceriodaphnia test might have to be scaled to account for sensitivity and or differences in
tolerable risk for a threatened species versus a zooplankton.

In much of EPA’s (2000a) biological evaluation of the action, and elsewhere in the present
opinion, the effects of criteria provisions or substances are evaluated linearly, one-by-one.
Despite this simplification, in the environment chemicals in water never occur in isolation, but
rather always occur as mixtures. The toxicity of mixtures is probably dependent upon many
factors, such as which chemicals are most abundant, their concentration ratios, differing factors
affecting bioavailability, and organism differences. Because of this complexity, accurate
predictions of the combined effects of chemicals in mixtures appear to be beyond the present
state of the ecotoxicology practice.

Here, despite the complexities and many exceptions, we make a general assumption that, at their
criteria concentrations, the effects of chemicals in mixtures would likely be more severe than
would be the same concentration of the mixture components singly.

Addressing mixture toxicity through the use of WET testing and instream bioassessment are
practical and reasonable approaches for addressing the expected increased toxicity of a given
concentration of a chemical in the presence of other chemicals. However, the assessment
triggers on WET tests may not be sensitive enough to protect listed salmonids with reasonable
certainty, and biomonitoring has not always been well defined. Measures for implementing
biomonitoring are provided in Section 2.9 and Appendix E

2.4.1.11. Frequency, Duration and Magnitude of Allowable Criteria Concentration Exposure
Exceedences.

For simplicity, much of the discussion of the water quality criteria that are the subject of this
consultation treats the criteria as though they were defined solely as a concentration in water.
However, the action actually defines aquatic life criteria in three parts: a concentration(s), a
duration of exposure, and an allowable exceedence frequency. All of EPA’s criteria
recommendations define criteria using a statement similar to the following:

“The procedures described in the ‘Guidelines for Deriving Numerical National Water
Quality Criteria for the Protection of Aquatic Organisms and their uses’ indicate that, except
possibly where a locally important species is very sensitive, freshwater aquatic organisms
and their uses should not be affected unacceptably if the 4-day average concentrations of [the
chemical] do not exceed [the ‘chronic’ criterion continuous concentration] more than once
every 3 years on the average and if the 1-hour average concentration does not exceed [the
‘acute’ criterion maximum concentration] more than once every 3 years on the average.”

The 4-day and 1-hour duration and averaging periods for criteria were based upon judgments by
EPA authors that included considerations of the relative toxicity of chemicals in fluctuating or
constant exposures. The EPA’s (1985) Guidelines considered an averaging period of 1 hour
most appropriate to use with the criterion maximum concentration or (CMC or “acute” criterion)
because high concentrations of some materials could cause death in 1 to 3 hours. Also, even
when organisms do not die within the first few hours, few toxicity tests attempt to monitor for
latent mortality by transferring the test organism into clean water for observation after the
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chemical exposure period is over. Thus, it was not considered appropriate to allow
concentrations above the CMC for more than 1 hour (Stephan et al. 1985). Recent criteria
documents (e.g., EPA 2007a) have used an averaging period of 24 hours for their CMC, although
no explanation could be found for the deviation from the 1985 Guidelines and thus, the issue of
latent toxicity might not have been considered.

A review of more recent information supported EPA’s judgments from the 1980s that if an
averaging period is used with acute criteria for metals, it should be short. Some of the more
relevant research relates the rapid accumulation of metals on the gill surfaces of fish to their later
dying. When fish are exposed to metals such as cadmium, copper, or zinc, a relatively rapid
increase in the amount of metal bound to the gill occurs above background levels. This rapid
increase occurs during exposures on the order of minutes to hours, and these brief exposures
have been sufficient to predict toxicity at 96 to 120 hours. The half saturation times for cadmium
and copper to bind to the gills of rainbow trout may be on the order of 150 to 200 seconds (Reid
and McDonald 1991). Several other studies have shown that exposures well under 24 hours are
sufficient for accumulation to develop that is sufficient to cause later toxicity (Playle et al. 1992;
Playle et al. 1993; Zia and McDonald 1994; Playle 1998; MacRae et al. 1999; Di Toro et al.
2001). Acute exposures of 24 hours might not result in immediate toxicity, but deaths could
result over the next few days. Simple examination of the time-to-death in 48- or 96-hour
exposures would not detect latent toxicity from early in the exposures. The few known studies
that tested for latent toxicity following short-term exposures have demonstrated delayed
mortality following exposures on the order of 3 to 6 hours (Marr et al. 1995a; Zhao and Newman
2004, 2005; Diamond et al. 2006; Meyer et al. 2007a). Observations or predictions of
appreciable mortality resulting from metals exposures on the order of only 3 to 6 hours supports
the earlier recommendations by Stephan and others (1985) that the appropriate averaging periods
for the CMC is on the order of 1 hour.

The 4-day averaging period for chronic criteria was selected for use by EPA with the CCC for
two reasons (Stephan et al. 1985). First, “chronic” responses with some substances and species
may not really be due to long-term stress or accumulation, but rather the test was simply long
enough that a briefly occurring sensitive stage of development was included in the exposure
(e.g., Chapman 1978a; Barata and Baird 2000; De Schamphelaere and Janssen 2004; Grosell et
al. 2006b; Mebane et al. 2008). Second, a much longer averaging period, such as 1 month would
allow for substantial fluctuations above the CCC. Whether fluctuating concentrations would
result in increased or decreased adverse effects from those expected in constant exposures seems
to defy generalization. A comparison of the effects of the same average concentrations of copper
on developing steelhead, Oncorhynchus mykiss, that were exposed either through constant or
fluctuating concentrations found that steelhead were about twice as resistant to the constant
exposures as they were to the fluctuating exposures (Seim et al. 1984). Similarly, Daphnia
magna exposed to daily pulses of copper for 6 hours at close to their 48-hour LCs
concentrations had more severe effects after 70 days than did comparisons that were exposed to
constant copper concentrations that were similar to the average of the daily fluctuations
(Ingersoll and Winner 1982). In contrast, cutthroat trout exposed instream to naturally
fluctuating zinc concentrations survived better than fish tested under the same average, but
constant zinc concentrations (Nimick et al. 2007; Balistrieri et al. 2012). Thus, literature
reviewed either supports or at least do not contradict EPA’s position on averaging periods.
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The third component of criteria, EPA's once-per-3-years allowable exceedence policy was based
on a review of case studies of recovery times of aquatic populations and communities from
locally severe disturbances such as spills, fish eradication attempts, or habitat disturbances
(Yount and Niemi 1990; Detenbeck et al. 1992). In most cases, once the cause of the
disturbance was lifted, recovery of populations and communities occurred on a time frame of
less than 3 years. The EPA has subsequently further evaluated the issue of allowable frequency
of exceedences through extensive mathematical simulations of chemical exposures and
population recovery. Unlike the case studies, these simulations addressed mostly less severe
disturbances that were considered more likely to occur without violating criteria (Delos 2008).
Unless the magnitude of disturbance was extreme or persistent, this 3-year period seemed
reasonably supported or at least was not contradicted by the information we reviewed.

A more difficult evaluation is the exceedence magnitude, which is undefined and thus not limited
by the letter of the criteria. Thus, by the definition, a once-per-3-year exceedence that has no
defined limits to its magnitude, could be very large, and have large adverse effects on listed
species. However, within the 4-day and 1-hour duration constraints of the criteria definitions,
some estimates of the potential magnitude of exceedences that could occur without “tripping” the
duration constraints can be calculated. This is because environmental data such as chemical
concentrations in water are not unpredictable but can be described with statistical distributions,
and statements of exceedence probabilities can be made. Commonly with water chemical data
and other environmental data, the statistical distributions do not follow the common bell-curve or
normal distribution, but have a skewed distribution with more low than high values. This pattern
may be approximated with a log-normal statistical distribution (Blackwood 1992; Limpert et al.
2001; Helsel and Hirsch 2002; Delos 2008).

The following three hypothetical scenarios are intended to illustrate contaminant concentrations
that could occur without violating the exceedence frequency and duration limitations of the
proposed criteria (Figure 2.4.1.7). The scenarios use randomly generated values from a log-
normal distribution with different variabilities and serial correlations. Serial correlation refers to
the pattern in environmental data where values at time one are often highly correlated with
values at time two and so on. For example, a hot day in summer is much more likely to be
followed by another hot day than a bitterly cold day, a low chemical concentration during stable
low flows on a day in September will most likely be followed by low chemical concentration the
next day, a high chemical concentration in a stream during runoff on a day in April will more
likely to be repeated by another high concentration, and so on (Helsel and Hirsch 2002; Delos
2008). Under Scenario 1, effects could be appreciable since the mean concentrations are close to
the criteria, and organisms would have little relaxation of exposure for recovery. Under Scenario
2, effects to a population of sensitive organisms would presumably be slight, since the mean
concentrations were well below the criterion, and the exceedence magnitude was slight followed
by a recovery opportunity. Scenario 3 might be more likely in runoff of nonpoint pollutants
from snowmelt or stormwater. In these scenarios, sensitive populations could experience effects
ranging from appreciable reductions if the contaminant pulse hit during a sensitive part of their
life history, to no effect if it hit during a resistant phase or if the listed species was less sensitive
than the species that drove the criteria calculations.
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An actual event that was very similar to Scenario 3 occurred when an upset at a large, industrial
mining operation caused elevated cadmium concentrations in Thompson Creek, a tributary to the
upper Salmon River in Idaho. In April 1999, a pulse of cadmium about 30X higher than
background, 2.6 times higher the chronic criterion, and equal to the acute criterion was detected.
The duration of exceedence was probably greater than a day and less than a week. By August
1999, when a biological survey was conducted, few if any adverse effects could be detected in
the benthic community structure. Whether subtle differences between unaffected upstream
survey sites were lingering effects of the disturbance or just differences in naturally patchy
stream invertebrate communities was unclear. However, it does suggest that benthic
communities in similar mountain streams would be either resilient to, or recover quickly from
criteria exceedences of this magnitude (Mebane 2006, pp. 47,62).

These hypothetical scenarios used a simplified, fixed criterion, whereas in actuality, some of
EPA’s criteria vary and may be positively correlated with the concentrations of metals in water.
If the criteria accurately reflect risks from varying environmental conditions, and if ambient
conditions co-vary with and are positively correlated with criteria, this will tend to lessen risks
resulting from ambient increases in concentration. In cases where the criteria were positively
correlated with the contaminants, such as in the following Section 2.4.4 example for Pine Creek
with cadmium or the BLM-copper example for Panther Creek, the frequency and magnitude of
exceedences is expected to be less than if the criteria and contaminant concentrations did not rise
and fall together. This is because the contaminant and another water quality parameter that
mitigates toxicity have common sources and rise and fall together, such as cadmium and calcium
in Pine Creek where the source for both is probably weathering of gangue rock and spring
snowmelt and runoff appears to dilute both.

In the Panther Creek example, copper and DOC tended to rise and fall together with snowmelt
and runoff, similarly mitigating exceedence frequency and magnitude. This was the case in all
examples examined. In the Panther Creek example, the hardness-based criterion is negatively
correlated with copper concentrations, which gives the impression of risks of copper being
exacerbated due to lower hardness corresponding with higher copper. However, this impression
is probably misleading because copper risks indicated from the hardness-based criteria are often
the opposite from risks indicated by BLM-based criteria, which is considered to more accurately
represent the copper risks (Section 2.4.4; Appendix C).

While NMFS did not locate any plausible examples of negative correlations between
contaminants and important factors modifying toxicity, it is likely that such scenarios do occur
somewhere because if the event that releases the contaminant, such as a runoff pulse from a
storm or snowmelt, caused a contaminant spike from washing accumulations into a stream and at
the same time lowered the pH and hardness, then the magnitude of exceedences could be more
severe. Such a circumstance could be plausible for metals such as cadmium, lead, or zinc in
which hardness is a major modifier of toxicity.

Further, the actual possibility that an extreme exceedence would occur and be “allowed” under
the exceedence policy seems unlikely. This is because in natural waters seasonal and hydrologic
factors tend to cause concentrations to be serially correlated, that is low concentrations follow
low concentrations and high concentrations follow high concentrations (Helsel and Hirsch 2002;
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Delos 2008). Thus for an extreme exceedence to be allowable under the chronic criteria 4-day
average concentration definition, it would also have to not exceed the 1-hour acute criteria
definition. A very large exceedence of the sort illustrated in Figure 2.4.1.7, Scenario 3, would
likely span across more than one, 1-hour averaging period for acute criteria and “violate” the one
exceedence per 3-year recurrence interval term. While there are no regulatory limits on the
upper concentration of an exceedence of the 1-hour acute criteria, the idea that a chemical
concentration in a natural water could rapidly rise to acutely toxic concentrations and then drop
back down to below criteria seems like a remote possibility. In urban watersheds with high
proportions of impervious surface, runoff is flashier than in forested watersheds, and short-term
pulse exposures could occur in those settings Booth et al. (2002). In the predominately forested
areas of the action areas, such scenarios seem less likely.
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Figure 2.4.1.7. Three example allowable scenarios for criteria exceedence magnitudes
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Summary: The 1-hour and 4-day exceedence durations for acute and chronic criteria
respectively are supported by the science as reasonable and adequately protective. Whether the
allowable 1 in 3 years exceedence frequency is sufficiently protective was difficult to evaluate,
in part because the magnitude of allowable exceedences is undefined. However, the likelihood
that a runoff pulse could both rise and fall so high within an hour that it could cause acute effects
without exceeding the acute criteria seems unlikely. This does remain an aspect of uncertainty
regarding the protectiveness of criteria.

2.4.1.12. Special Consideration for Evaluating the Effects of the Action on Critical Habitat

Fundamentally, the analyses of water quality criteria for toxic substances included in this
Opinion are most directly analyses of the “water quality” features of the PCE’s of critical habitat.
The WQS directly characterize and define the conditions and quality of surface waters that listed
salmon and steelhead experience, either as incubating embryos in the interstices of spawning
gravels, or as juveniles and adults in the water column. Analyzing whether the action would
represent an “adverse modification” of water quality is at least conceptually more
straightforward than whether these modifications would jeopardize the continued existence of
listed species. This is because quantitative causal predictions relating habitat change to species
population changes and long-term viability are uncertain. Many simplifying assumptions are
required, including things like specifics of species life histories, other interacting physical and
biological factors, the nature and magnitude of assumed exposures such as whether the exposures
are joint or separate, continuous or intermittent, magnitude of exceedences, and so on.
Quantitative models relating water quality changes to extinction risks may provide value in a
relative sense for evaluating relative risks of different “what if” scenarios (e.g., McCarthy et al.
2004; Baldwin et al. 2009; Mebane and Arthaud 2010). However, except for cases of extreme-
risk with very high extinction probabilities (perhaps for example, Spromberg and Scholz 2011),
the absolute projections from quantitative models of habitat and population changes may be
thought of as mathematical speculation. Further, all mathematical population models will project
some extinction risk, and policy definitions or scientific consensus are elusive on how much
habitat modification or extinction risk is too much under narrative Endangered Species Act
definitions (DeMaster et al. 2004; McGowan and Ryan 2009; McGowan and Ryan 2010; Owen
2012).

The types of adverse effects reported in the scientific literature that we consider to directly or
indirectly reduce survival or reproduction included such things as reductions in survival, growth,
swimming performance, ability to detect or evade predators (e.g., chemoreception), ability to
detect or capture prey, ability to detect and avoid harmful concentrations of chemicals, homing
ability, disease resistance, certain fish health indicators that have been related to survival or
growth such as gill or liver tissue damage, spawning success, or fecundity. For evaluating what
severity of effects to invertebrates would be considered an appreciable enough reduction in
forage to reduce the conservation value of habitats for freshwater rearing, if a general reduction
in diversity or abundance of invertebrates was expected at criteria conditions, we would consider
that to be “appreciable.” Because salmonids are opportunistic feeders, effects to a single
invertebrate species for example, might not be important. This assumption must be tempered by
the availability of data. Often data were available for very few invertebrate species, so if few
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data were available, but they indicated adverse effects, that could be considered a diminishment
in water quality and habitat value.

Examples of types of effects that we do not consider to be sufficiently severe to represent an
“appreciable diminishment” of water quality and thus the value of critical habitat include simple
bioaccumulation of chemical in tissues, enzyme changes, gene expression or transcription,
molecular changes, or other markers of exposure that may be considered sub-organismal, without
known correlation to other changes such as reduced growth or survival. A human-health analogy
of the latter types of effects would be those considered asymptomatic or sub-clinical, that is, not
rising to the level that caused negative symptoms.

Because multiple criteria (acute and chronic aquatic life criteria, human health based water
quality criteria) for the same substances would apply to any given area of critical habitat, we
compared adverse effects indicated from short-term experiments of 4 days or less duration to the
acute criteria that are intended to protect against short-term effects, and compared adverse effects
shown in longer-term studies to the proposed chronic criteria. Human health-based criteria were
only evaluated if they were both more stringent than chronic criteria and if the chronic criteria
failed to be fully protective. In Idaho, water quality criteria for the protection of “fishable”
beneficial uses based on avoiding health risks from consuming tainted fish, were clearly intended
to be some sort of backstop to the aquatic life criteria because the human-health based criteria
explicitly apply to waters designated for “cold water biota” and “salmonid spawning” aquatic life
uses (Table 1.3.1).

For most of the substances, there were at least some conflicts in the scientific literature where for
the same species and similar types of experiments, one study might find no ill effects from a
given concentration and another might find severe effects. Thus, we considered the overall
strength of the evidence for or against the protectiveness of criteria.

Sediments. If sufficiently elevated, toxic pollutants in ambient water may adversely modify
critical habitat through contamination of stream and lake bed sediments. In general, sediment
contamination by toxic pollutants adversely modifies critical habitat because the particulate
forms of toxicants are either immediately bioavailable through re-suspension, or are a delayed
source of toxicity through bioaccumulation or when water quality conditions favor dissolution at
a later date. Specifically, contaminated sediments are expected to influence: (1) The intra-gravel
life stages of listed salmon and steelhead; (2) the food source of listed salmonids; and (3) the fish
through direct ingestion or deposition on the gill surfaces of particulate forms of toxicants.
However, other than for mercury, it is not clear whether moderately-elevated concentrations in
water (i.e, up to criteria concentrations), would be likely to result in concentrations in bed
sediments that are elevated to a degree that would pose appreciable risks to listed salmonids or
their prey.

The proposed criteria do not explicitly account for exposure to contaminants via sediments.
NMFS recognizes that considerable technical and practical problems exist in defining water
quality criteria on a sediment basis, and that this is presently the subject of considerable research
and debate. Nevertheless, most organic and metal contaminants adsorb to organic particulates
and settle out in sediments. Thus, at sites where there have been past discharges, or where there
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are continuing discharges of contaminants into the water column, sediments form a long-term
repository and a continuing source of exposure that must be addressed if the water quality
component of critical habitat is to be protected. Further, although these substances may not
readily be transferred into the water column, they may still be available to salmonids through
food chain transfer from their benthic prey, or through ingestion of sediment while feeding, as
has been described in preceding sections. Not having water quality criteria that consider uptake
through direct ingestion or food chain transfer leaves potential routes for harm to listed species
that the proposed criteria do not directly address.

Salmonid Prey Items. An important type of indirect adverse effect of toxic substances to listed
salmon and steelhead is the potential reduction of their invertebrate prey base. This is because
for many substances, invertebrates tend to be among the most sensitive taxonomic groups and
because juvenile salmonids depend on aquatic invertebrates during freshwater rearing. Known
effects of specific substances to invertebrates are discussed specifically in those sections;
however, some general considerations and assumptions applicable to all substances follow.

First, in instances of a pulse of chemical disturbance such as insecticide spraying of forests or
crops, effects to aquatic invertebrate communities ranging from increased drift to catastrophic
reductions can result (Ide 1957; Gibson and Chapman 1972; Wallace and Hynes 1975; Wallace
et al. 1986). In such cases, even if the fish are not directly harmed by the chemical, the
temporary reduction in food from the reduction in invertebrate prey can lead to reduced growth,
and reduced growth in juvenile salmonids can in turn be extrapolated to reduced survival and
increased risk of population extinction (Kingsbury and Kreutzweiser 1987; Davies and Cooke
1993; Baldwin et al. 2009; Mebane and Arthaud 2010). However, such severe effects would not
be expected in waters with chemical concentrations similar to the maximum allowed by aquatic
life criteria. The criteria are intended to only allow adverse effects to a small minority of the
species in aquatic communities, and for most substances, the analyses of individual criteria that
follow in Sections 2.4 are consistent with this expectation (although copper has exceptions).

This begs the question, whether the loss of a minority of invertebrate prey species could lead to a
reduction in forage for juvenile salmonids that in turn could affect growth and survival? To
address that question, NMFS reviewed a large number of studies on food habits of salmonids in
streams, lakes, and reservoirs. > The body of evidence indicates that juvenile salmonids are
opportunistic predators on invertebrates, and so long as suitable, invertebrate prey items are
abundant and diverse, the loss of a few “menu items” probably would not result in obvious,
adverse effects. Suitable invertebrate prey items for juvenile salmonids are those that are small
enough to be readily captured and swallowed, and vulnerable to capture (i.e., not taxa that are
burrowers or are armored (Keeley and Grant 2001; Suttle et al. 2004; Quinn 2005)). Some
otherwise apparently suitable taxa such as water mites (Hydracarina) appear to taste bad to
salmonids and others, like copepods, are too small to provide much energy for the effort it takes
to eat them (Keeley and Grant 1997). Freshwater aquatic invertebrates have such great diversity
(over 1200 species in Idaho alone, Mebane 2006), that they have some ecological overlap and
redundancy, so that the loss of a few species would be unlikely to disrupt the stream or lake
ecology greatly (Covich et al. 1999). However, this apparent ecological redundancy is
compromised in streams that have already lost substantial diversity to pollution. For instance, in

> Over 90 were reviewed, although only a handful are listed here.
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copper-polluted Panther Creek, Idaho, during springtime in the early 1990s, the total count of
invertebrates was just as abundant as in reference sites, although the abundance was composed of
fewer species. Yet in October, the abundance in the polluted reaches was less than 10% of
reference (Mebane 1994). With reduced diversity, after a single species hatches and leaves the
streams, a large drop in remaining abundance can occur. Because all species don’t hatch at the
same time, with greater diversity, the swings in abundance would be less severe. Further, in
copper-polluted tributaries to Panther Creek, the usually abundant mayflies were scarce and had
been replaced by unpalatable mites and low-calorie copepods (Todd 2008).

One consistent theme in the literature on the feeding of salmonids in streams is the persistent
importance of mayflies and chironomid midges (Chapman and Quistorff 1938; Chapman and
Bjornn 1969; Sagar and Glova 1987, 1988; Mullan et al. 1992; Clements and Rees 1997; Rader
1997; White and Harvey 2007; Iwasaki et al. 2009; Syrjanen et al. 2011). In lakes zooplankton
are disproportionally important, and as stream size increases and gradients drop, amphipods
become popular food items with migrating and rearing juvenile salmon and steelhead (Tippets
and Moyle 1978; Rondorf et al. 1990; Muir and Coley 1996; Budy et al. 1998; Karchesky and
Bennett 1999; Steinhart and Wurtsbaugh 2003; Teuscher 2004). However, salmonids are
opportunistic and will shift their feeding to whatever is abundant, accessible, and palatable, and
have sometimes have been reported with their stomachs full of unexpected prey such as snails or
hornets (Jenkins et al. 1970; NCASI 1989; Mullan et al. 1992).

In general, the body of the evidence suggests that there is some ecological redundancy among
aquatic stream and lake invertebrates, and if a small minority of invertebrate taxa were
eliminated by chemicals at criteria concentrations, but overall remain diverse and abundant, then
aquatic invertebrate overall community structure and functions, and forage value of critical
habitats would likely persist. However, case-by-case consideration of the data is required
because the previous assumption is tempered by the fact that aquatic insects are typically
underrepresented in criteria datasets and toxicity testing in general (Mebane 2010; Brix et al.
2011).

Some of the anticipated effects will be to food items for juvenile salmonids, a vital component of
juvenile rearing and migration habitat. Reductions in food quantity would result in limited
resources to rearing and migrating fish, which can be expected to reduce population viability
through increased mortality. Under-nourishment can alter juvenile salmon ability to avoid
predators and select habitat within rearing drainages. Mortality can also be expected during
migration, as under-nourished juveniles will not be able to withstand the rigors of migration.

Changes in species composition could have the same results. Biomass quantity is not necessarily
a substitute for prey suitability, as differing prey behavior patterns and micro-habitat needs can
reduce the foraging efficiency of juvenile salmonids. However, juvenile salmonids are
opportunistic predators, and the loss of a minority of taxa might not be a severe indirect effect if
other prey were still diverse and abundant as described above.

Effects to Other Elements of Critical Habitat. Approval of the proposed criteria may also

indirectly affect safe passage conditions and access. Safe passage conditions and access to other
habitats may be prevented or modified if a passage barrier exists in a section of stream because
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of insufficient mixing at an effluent outfall, or dilution capacity is insufficient to provide a
passage corridor. To avoid these forms of adverse modification of critical habitat, the
application of criteria must be protective of listed species. To determine this we evaluated if the
action as proposed would provide safe passage in the manners described in Appendix F
Salmonid Zone of Passage Considerations.

There appears to be little to no relation between adverse changes in water quality caused by
adoption of the proposed criteria and effects to the remaining essential features of critical habitat,
including: (1) Water quantity; (2) riparian vegetation; (3) instream cover/shelter; (4) water
velocity; (5) floodplain connectivity; (6) water temperature; and (7) space.

2.4.2. The Effects of Expressing Metals Criteria as a function of Water Hardness

Some of the metals criteria under review in this consultation are hardness-dependent, meaning
that rather than establishing a criterion as a concentration value, the criteria are defined as a
mathematical equation using the hardness of the water as the independent variable. Thus, in
order to evaluate the protectiveness of the hardness-dependent criteria, it was first necessary to
evaluate the hardness-toxicity relations. The criteria that vary based on site-specific hardness are
Cd, Cu, Cr (1I1), Pb, Ni, Ag, and Zn. Hardness measurements for calculating these criteria are
expressed in terms of the concentration of CaCOs, expressed in mg/L, required to contribute that
amount of calcium plus magnesium. In the criteria equations, hardness and toxicity values and
expressed as natural logarithms to simplify the math. In a general sense, these are referred to by
the shorthand “In(hardness) vs. In(toxicity)” relations.

In the 1980s, hardness was considered a reasonable surrogate for the factors that affected
toxicities of several metals. It was generally recognized that pH, alkalinity and hardness were
involved in moderating the acute toxicity of metals. While it wasn’t clear which of these factors
was more important, because pH, alkalinity, and hardness were usually correlated in ambient
waters, it seemed reasonable to use hardness as a surrogate for other factors that might influence
toxicity (Stephan et al. 1985). In the case of copper, dissolved organic matter or carbon (DOM
or DOC) was also recognized as being important. It was assumed that DOC would be low in
laboratory waters and might be high or low in ambient waters, and that hardness-based copper
criteria would be sufficiently protective in waters with low DOC and conservative in waters with
high DOC (EPA 1985). Most of these relations were established in acute testing, and they were
assumed to hold for long-term exposures (chronic criteria). Whether that assumption is reliable
was and continues to be unclear. For instance, in at least two major sets of chronic studies with
metals conducted in waters with low and uniform DOC concentrations, water hardness did not
appear to have a significant effect on the observed toxicity in most cases (Sauter et al. 1976;
Chapman et al. 1980).
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In the two decades since the NTR metals criteria were developed, a much better understanding
has been developed of the mechanisms of acute toxicity in fish and factors affecting
bioavailability and toxicity of metals in water. Generally, acute toxicity of metals is thought to
be moderated by complexation of metals, competition for binding sites on the surface of the
fish’s gill, and binding capacity of the gill before a lethal accumulation (LAsp) results (Wood et
al. 1997; Playle 1998). The interplay of these factors has been modeled through biogeochemical
“gill surface models” or “biotic ligand models” (BLMs) (Di Toro et al. 2001; Niyogi and Wood
2004). For brevity, “BLM” as used here refers to both.

While BLMs are conceptually applicable for developing water quality guidelines for many
metals, the BLM approach is most advanced for copper. The EPA’s (2007a) recommended
national criteria for copper are based on the BLM. Santore et al. (2001) validated acute toxicity
predictions of the copper BLM by demonstrating that it could predict the acute toxicity of copper
to fathead minnows and Daphnia within a factor of 2 under a wide variety of water quality
conditions. The predictive capability of the BLM with taxonomically distinct organisms is
evaluated in detail in Appendix C. With fathead minnows, rainbow trout, Chinook salmon,
planktonic invertebrates (various daphnids), benthic invertebrates (freshwater mussels and the
amphipod Hyalella sp.) tested in a variety of natural and synthetic waters, predictions were
always strongly correlated with measured acute toxicity. In several field studies, adverse effects
to macroinvertebrate communities appear likely to have occurred at concentrations lower those
allowed by EPA’s (2007) chronic copper criterion. Still, the 2007 BLM-based copper criterion
was a least as or more protective for macroinvertebrate communities than were EPA’s 1985 and
1995 hardness-based criteria for copper.

For copper, the research leading to development of the BLM generally refutes the general
relevance of the hardness-toxicity relation in ambient waters (e.g., Meador 1991; Welsh et al.
1993; Erickson et al. 1996; Markich et al. 2005). This is because the important factors that
influence copper bioavailability are, in rough order of importance, DOC >~ pH >>>Ca > Na =
alkalinity ~ Mg. Hardness is likely correlated with pH, calcium, Na, and alkalinity in natural
waters, but DOC and hardness are not expected to rise and fall together.

For lead, the situation is probably similar with hardness being less important than DOC in many
waters where DOC is abundant, although the BLM for lead is less advanced. With lead, calcium
hardness was an important modifier of toxicity in laboratory waters with low DOC
concentrations. However, at DOC concentrations reflective of many ambient waters (>~ 2.5
mg/L DOC), DOC was more important (Grosell et al. 2006b; Meyer et al. 2007b; Mager et al.
2011b).

In contrast, for cadmium, nickel, and zinc, the BLM and experimental data generally support the
hardness-toxicity assumption in that acute toxicity to fish is influenced by water chemistry
variables that are usually correlated with hardness (e.g., calcium, pH, Na, alkalinity, magnesium,
in rough order of importance). The DOC is less important (Niyogi and Wood 2004). For silver,
the protective effects of hardness are modest for acute or chronic silver toxicity in early life
stages, juvenile, and adult rainbow trout and similar to the protection afforded to acute silver
toxicity in juvenile and adult rainbow trout (Morgan et al. 2005).

103



For cadmium and zinc, or copper under conditions of low organic carbon, the ratios of calcium to
magnesium influences the protective influence of hardness. Under the NTR and Idaho criteria,
hardness is determined for a site, expressed as mg/L of CaCOs, and input to the criteria equations
for each metal. In natural waters considerable variation can occur in the calcium: magnesium
ratio contributing to site-specific water hardness. Studies show significant differences in toxicity
for some metals depending on this ratio. In general, calcium provides greater reductions in
toxicity than magnesuim. For example, in the case of cadmium and zinc, the presence of
calcium is protective against toxicity whereas magnesium, sodium, sulfate ions and the carbonate
system appear to give little to no protection (Carroll et al. 1979; Davies et al. 1993; Alsop et al.
1999). Welsh et al. (2000b) and Naddy et al. (2002) determined that calcium also afforded
significantly greater protection to fish against copper toxicity than magnesium.

The calcium:magnesium ratio in natural waters of ldaho vary by about two orders of magnitude
(Appendix A). Median molar ratios of calcium:magnesium across a USGS/IDEQ network of 56
sites across Idaho monitored from 1989 to 2002 range from 0.56 to 9.73, and median ratios at all
sites except one exceeded 1.3 (Hardy et al. 2005). In several important salmon and steelhead
streams, calcium to magnesium ratio ranges are on the order of 8:1 in Valley Creek, between 4:1
and 7:1 in the upper Salmon River basin above the Pahsimeroi River, between 0.8:1 and 4:1 in
Pahsimeroi River tributaries, 2:1 in the Pahsimeroi River, 1.5:1 in the Lembhi River, and 3:1 in
the Salmon River at Salmon (Clark and Dutton 1996). In the review included as Appendix A,
some of the lowest ratios were found outside the action area in the Coeur d’Alene region and in
south-central and southeastern ldaho. Generally, these analyses indicate that the issue of
hardness-toxicity relations failing and not being protective because of low calcium:magnesium
ratios is not a big concern within the range of anadromous fish in Idaho.

2.4.2.1. The Use of a “Hardness Floor” in Calculating Metals Limits.

The Idaho hardness-dependent criteria, like the NTR criteria restrict the hardness values used in
calculating the criteria to the range of 25 mg/L to 400 mg/L (EPA 1992). For high hardness
values this is probably generally protective because the usual pattern of decreasing toxicity with
increasing hardness breaks down at high hardness values. Heijerick and others (2002) found that
at hardness values greater than 325 mg/L as calcium carbonate, no linearity, and even a decrease
in 48-hour ECsps, was observed with Daphnia magna and zinc. With copper and fathead
minnows, above hardnesses of 150 mg/L, LCsqs apparently approached an asymptote (Erickson
et al. 1996), and with copper and Daphnia at hardness of 400 mg/L and above, no relation was
observed between hardness and toxicity (Gensemer et al. 2002). Thus, while an upper hardness
ceiling of 400 mg/L might be too high, the concept of an upper ceiling is logical.

In contrast, at low hardness values this hardness floor is logically underprotective. What follows
is a review of the history relating to the hardness floor issue, scientific investigations relevant to
the hardness-toxicity relationship at low-hardnesses, and ambient hardness in Idaho.

History of the Hardness Floor. The EPA’s 1992 NTR low-end hardness floor appears to have
been an administrative invention associated with the promulgation of the NTR (EPA 1992); we
found no support for it in any of EPA’s scientific literature policy analyses that was available to
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date. The EPA’s Guidelines (Stephan et al. 1985) defines a general scheme for developing
criteria with increased conservatism (more protective) when data are sparse and uncertainties
high. Their Guidelines specifically describes adjusting criteria based on factors that
affecttoxicity, including the general In(hardness) vs. In(toxicity) relationship. NMFS did not find
the suggestion of imposing a low-end floor on hardness-toxicity relations in the Guidelines or
any of the individual criteria documents from the 1980’s was any suggestion of imposing a low
end floor on hardness-toxicity relations found (e.g., EPA 1984b; 1985c; 1987b). Thus the notion
of making unprotective assumptions about water quality criteria in the absence of supporting
data or theory is generally counter to the EPA’s science approach in the criteria process. Further,
the low-end hardness floor notion is contrary to results of EPA research that specifically
investigated metals toxicity at very low hardness. For example, Cusimano et al. (1986) tested
the toxicities of cadmium, copper, and zinc to rainbow trout at low hardness (9 mg/L).

It appears that EPA tacitly recognized the error of the 1992 low-end hardness floor shortly
thereafter. No hardness floor appeared with the metals criteria contained in the 1995 Great
Lakes Initiative (40 CFR 132.6) nor in EPA’s 1997 California Toxic Rule (40 CFR 131.37), and
EPA’s 1999 national recommended water quality compilation was silent on hardness floor (EPA
1999b). In 2002, EPA directly repudiated the 1992 hardness floor policy, asserting that while
data below hardness of about 20 mg/L are limited, “capping hardness at 25 mg/L without
additional data or justification may result in criteria that provide less protection than that
intended by EPA’s Guidelines for Deriving Numerical National Water Quality Criteria for the
Protection of Aquatic Organisms and Their Uses (EPA 822/R-85-100) or ‘the Guidelines.’
Therefore, EPA now recommends that hardness not be capped at 25 mg/L, or any other hardness
on the low end” (EPA 2002b). The EPA further recommended that “if there is a state or tribal
regulatory requirement that hardness be capped at 25 mg/L, or if there are any situation-specific
questions about the applicability of the hardness-toxicity relationship, a Water Effect Ratio
(WER) procedure should be used to provide the level of protection intended by the Guidelines”
(2002b).

Beyond the preceding quoted sentence, NMFS located no further details on how to use the WER
procedure to remedy the hardness floor issue.

Hardness-toxicity patterns in soft water. Fish maintain their internal mineral balance through
osmoregulation, and the greater the difference between their internal plasma mineral balance,
and the mineral content of the water they live in, the greater the energy required to maintain
homeostasis. In waters with very dilute mineral content (soft water), the energy requirements to
maintain their mineral balance, or ionic balance, can be high. Compared to hard water, costs of
these energy requirements to maintain ionic balance in soft water include reduced growth,
reduced swimming ability, and reduced ability to recover from severe exercise (McFadden and
Cooper 1962; Wood et al. 1983; Wood 1991; Kieffer et al. 2002; Dussault et al. 2008;
Wendelaar Bonga and Lock 2008). In very soft water, fish may be on the verge of
ionoregulatory problems, and because metals also disrupt ionic balance, any increase in metals
may result in plasma ion loss (Playle et al. 1992; VVan Genderen et al. 2008). The similarity in
responses of fish to soft water acclimation and metals exposure suggest that simple extrapolation
of hardness-toxicity relations that were developed at high hardnesses to soft waters may
underestimate the additive responses and thus underestimate metals toxicity in very soft waters.
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Empirical evidence and theoretical considerations both argue against the assumption that the
general pattern of increasing toxicity of metals with decreasing hardness stops at 25 mg/L.
However, the slope might be expected to be different than that at higher hardnesses and there are
both rationales and data suggesting that the slope would be shallower or steeper at low
hardnesses. Based on calculations of cation competition and aqueous complexation, Meyer
(1999) predicted that for divalent transition metals such as cadmium, copper, and zinc, the slope
of hardness-toxicity relations, as In(hardness) vs. In(LCsg) was likely to start shallowing below a
hardness of about 20 mg/L and would reach a slope of zero at a hardness of about 3 mg/L. The
3 mg/L hardness floor theorized by Meyer (1999) was a data-free prediction because tests of
hardness-toxicity relations at low hardnesses seem limited to minimum hardnesses of about 5 to
10 mg/L for cadmium, copper, lead, nickel, and zinc (Miller and Mackay 1980; Cusimano et al.
1986; Long et al. 2004; Sciera et al. 2004; Mebane 2006; Deleebeeck et al. 2007; Mebane et al.
2012). Morgan et al. (2005) did test the comparative effects of silver to rainbow trout at
hardnesses of 2, 150, and 400 mg/L, but because the soft water exposure caused adverse effects
without any metals addition, and the wide range of hardnesses tested, the data were insufficient
to directly evaluate Meyer’s theoretical 3 mg/L hardness-toxicity floor. However, because
exposure to 2 mg/L hardness water by itself caused a doubling in mortality rates and increased
time to hatch for rainbow trout embryos, the notion of 3 mg/L hardness-toxicity floor may be
moot. One of the more comprehensive studies of metals toxicity was by Van Genderen et al.
(2005). They found that over a hardness range of 6 to 40 mg/L in laboratory waters with low
organic matter, there was a linear trend between copper toxicity to fathead minnows and
hardness. They observed a species-specific slope between In (hardness) and In (LCsg) of (0.795
for hardness ranging from 6 to 40 mg/L as CaCO3) was less than the pooled value for all species
developed for EPA’s (1985) copper dataset (0.9422 for hardness ranging from 13 to 400 mg/L as
CaCO03). Van Genderen et al. (2005) suggested that the lower slope indicated that the influence
of cation competition changes in low-hardness waters. The implications of these differing slopes
are that Van Genderen et al.’s (2005) results showed that as hardness declined, copper becomes
more toxic but because of the shallower slope, the increases in toxicity were not as great as
predicted by EPA’s (1985) steeper slope.

However, a safer interpretation of the general relationship between water hardness and metals
toxicity is that aquatic organisms are likely more sensitive to metal exposure than would be
expected by hardness-toxicity relations determined at higher ambient hardnesses. This is
because fish have higher energy requirements to maintain homeostasis in soft water, and may be
more sensitive to metals that inhibit ionoregulation (Greco et al. 1995; Taylor et al. 2000; Taylor
et al. 2003; Van Genderen et al. 2005; Van Genderen et al. 2008; Wendelaar Bonga and Lock
2008). The increased sensitivity of fish to metals in very soft water may persist after fish that
were acclimated or incubated in very soft water move into higher hardness water. Mebane et al.
(2010) incubated rainbow trout in waters above the confluences of two streams, one with very-
soft water (average hardness around 11 mg/L) and one with harder water with an average
hardness of about 21 mg/L. Then the fish were exposed to cadmium and zinc in the harder of the
two waters. The fish that had reared in the stream with softer water were about twice as sensitive
as were trout that had been incubated in the higher hardness water (Mebane et al. 2010). This
has implications for salmonid life histories and habitats. Water hardness tends to be lowest near
the headwaters of streams and increase downstream, and some salmonids tend to ascend streams
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to spawn in the upper reaches of watersheds and after emerging, their fry move downstream into
higher hardness waters.

In Section 2.4.2 of this analysis, NMFS show plots of metals toxicity vs. hardness for various
salmonid species at various life stages for cadmium, copper, lead, nickel, and zinc. For at least
cadmium, copper, and zinc, those plots show a general relationship of decreasing resistance by
the fish with decreasing hardness, a pattern that did not stop at a hardness limit of 25 mg/L
CaCOg3. However, meta-analyses in this manner have limitations for analyzing specific relations
between variables such as hardness-toxicity relations. This is because toxicity to salmonids and
other fishes can vary by other factors which can obscure the patterns of interest. The influence
of different sizes or developmental state is well known to be important, but other factors could
influence the results. These include the strain or stock of fish; incubation or acclimation history
conditions; water characteristics other than hardness such as pH, ionic composition, organic
matter or particulates; and water renewal rates and frequencies. Data pooling such as was done
for the summaries of effects for individual metals later in Section 2.4 is sometimes a beneficial
and necessary means of generalizing study findings because this broader view may sometimes
reveal patterns that may not be apparent in smaller, individual studies. However, important
patterns can be lost.

The following data sets illustrate how pooling data that are only influenced by a few such factors
can greatly confound hardness-toxicity relations. In an effort to develop site-specific water
quality criteria for a soft-water river, the South Fork Coeur d’Alene River, Idaho, toxicity tests
were conducted with cutthroat trout and rainbow across a range of water hardnesses (Mebane et
al. 2012). Rainbow trout were used to develop hardness-toxicity relations. All the rainbow trout
were obtained as eggs from a single supplier (Mt Lassen Trout Farms, Red Bluff, California) and
incubated on site; all tests were done in the same test facility, and were directed by the same
people. However, because it is seldom feasible to always test fish, at say, 30-days post hatch,
some tests were run with fish of slightly different ages. In contrast, some tests were run side-by-
side to specifically examine hardness variability using the same batch of fish at the same time,
using waters collected from different waters with different hardnesses (Mebane et al. 2012).

With zinc, Figures 2.4.2.1 and 2.4.2.2 illustrate how hardness-toxicity patterns were always
stronger when hardness was varied within a test series using the same batch of fish at the same
time, than were patterns from meta-analyses that pooled data from across tests. The most
complete data are with zinc. A simple comparison of hardness-toxicity relations with zinc from
cutthroat trout fry over a hardness range of 11 to 63 mg/L shows that hardness can explain nearly
100% of the variability in toxicity. In contrast, when Mount Lassen rainbow trout are pooled
across different years and batches, hardness explains less than half of the variability. Yet when
the Mount Lassen rainbow trout results are grouped by concurrent test groups, the subgroup
hardness toxicity relations explain from around 85% to 98% of the variation in toxicity compared
to about 38% when pooled across groups. The reasons for the differences between groups are
unclear, although differences in the sizes of fish might be a factor since the largest fry (average
0.46g wet weight) were most sensitive. Other testing has found that in the range of 0.2 to 1.0g,
smaller fry tended to be more resistant to zinc toxicity (Hansen et al. 2002c).
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With zinc, at a hardness of 10 mg/L, the Idaho acute and chronic criteria would both be about 17
Mo/L (Table 2.4.2.1), which is similar to an estimated ECs of about 21 pg/L for rainbow trout in
waters with hardness of about 7 mg/L (Mebane et al. 2012), which was the lowest hardness test
found. A concentration killing 50% of the test organisms can hardly be considered protective. If
instead, the criteria were calculated with the ambient hardness of 7 mg/L, the criteria would be
12 pg/L, and if calculated with the proposed hardness floor of 25 mg/L the criteria would be 36
Mg/L. At 36 pg/L, the lowest concentration actually tested, 80% of the rainbow trout were killed
in this test.

With nickel, the most sensitive organisms appear to be zooplankton with approximate thresholds
of adverse effects (EC4os) of about 3 to 7 pg/L in very-soft water with hardness of 6 mg/L
(Deleebeeck et al. 2007) compared to threshold of adverse effects for rainbow trout of <35 pg/L
at hardness 27 to 39 mg/L (Nebeker et al. 1985). The NTR chronic nickel criterion is well above
these values at 49 pg/L. However, Idaho’s revised criteria, proposed for approval by EPA
(Table 2.4.2.1) are 16, 7, and 5 pg/L at hardnesses of 25, 10, and 6 mg/L.

For lead, a different shortcoming of these types of hardness-toxicity comparisons becomes
apparent in Figure 2.4.2.3. As with zinc, cutthroat trout sensitivity to lead is strongly influenced
by hardness, with a reasonable spread of hardnesses of a range of 11 to 56 mg/L explaining about
80% of the variability in cutthroat ECsgs for lead. For rainbow trout, the range of hardnesses for
six tests was only 20 to 32 mg/L, and when all rainbow trout tests were pooled and regressed
against hardness, the results had no explanatory value (r* = 0.05). The only tests conducted as a
series (the three points with the highest ECsys) only varied from 23 to 32 mg/L, still only resulted
in a regression explaining 48% of the variability (not shown).

Cadmium from the South Fork Coeur d’Alene testing shows a similar pattern with an inadequate
spread of the hardness data (Figure 2.4.2.4). If all tests were pooled, the resulting relation is
weak with a best fit regression only explaining only about 36% of the variability; when the
regression is limited to the four concurrent tests, hardness can explain about 68% of the
variability.

This problem of an inadequate spread in the hardness as the independent variable in regressions
or pooling disparate data is a common limitation in hardness-toxicity meta-analyses of found
data. For example, Meyer et al. (2007b) includes a comprehensive review of metals toxicity
versus hardness. Their plots often show clumps of poorly distributed hardness values. Two
unpublished reviews focusing on soft-water metals toxicity hardness relations showed similar
patterns (CEC 2004a; Lipton et al. 2004). Mebane (2006, p.20) pooled hardness-toxicity data for
rainbow trout and cadmium from across a variety of studies for a total of 37 studies. The plot
shows a fair amount of scatter and hardness explained about half the variability in the cadmium
acute toxicity data with rainbow trout (r* = 0.56). In contrast, hardness-toxicity data for brown
trout where most data were from a single study that explicitly tested cadmium toxicity across a
wide range of hardness showed a much tighter relation between hardness and acute toxicity (r* =
0.97).

These comparisons show that pooling datasets may also wash out patterns that are only apparent
in the smaller, synoptic datasets.
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Figure 2.4.2.1. Zinc toxicity versus water hardnesses for swim-up stage rainbow trout
pooled across test groups and westslope cutthroat trout (data from Mebane et al. (2012).
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Figure 2.4.2.2. Zinc (Zn) toxicity versus water hardnesses for swim-up stage rainbow trout
by concurrent test groups, cutthroat trout, and steelhead tested under similar conditions
by the same people (average fry weights are in parentheses) Data from (data from
Mebane et al. (2012) except for steelhead data which are from Cusimano, Brakke and
Chapman (1986)and Chapman (1978b).
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Figure 2.4.2.3. Lead (Pb) toxicity versus water hardnesses for swim-up stage rainbow trout
either pooled across test groups, or separated into synoptic and other tests and pooled
westslope cutthroat trout (data from Mebane et al. (2012).
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Figure 2.4.2.4. Cadmium (Cd) toxicity versus water hardnesses for rainbow trout tested
under the same conditions on 5/23/99 versus “other” rainbow trout tested by the same
people in the same facility, using the same source of fish eggs, same water sources, but
using fish that were a few weeks apart in age (data from Mebane et al. (2012).
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Relevance of the hardness floor issue in the action area. Nationally, about 20% of the
freshwaters can be considered “softwater” (Figure 2.4.2.5). Within the range of listed salmon or
steelhead “salmon country” in Idaho, water hardness tends to decrease from south to north
(Figure 2.4.2.6). In the Salmon River drainage in the southernmost portion of the range of
anadromous fish in Idaho (“salmon country”), water hardnesses are highly variable, apparently
depending on the bedrock geology. Hardnesses are relatively high in drainages with carbonate
rock (e.g., Lemhi and Pahsimeroi river drainages), intermediate in watersheds with volcanic
rock, and very low in the granitic drainages of the Idaho Batholith. The Idaho Batholith is the
dominant geologic feature of much of central Idaho (Appendix A, Thomas et al. 2003; Hardy et
al. 2005). Hardnesses as low as 4 mg/L have been measured in softwater areas of Idaho (Figure
2.4.2.6); however, the true minimum hardnesses in streams in granitic watersheds are probably
close to that of snowmelt, which is in the range of 0.5 to 1 mg/L total hardness (Clayton 1998).

Figure 2.4.2.5. Soft-water ecoregions of the USA where most water hardness values are
<50 mg/L CaCO3 (Whittier and Aitkin 2008).

The magnitude of likely effects of the hardness floor on criteria values is probably substantial in
waters with the lowest hardnesses within the range of anadromous salmonids in Idaho. The best
data sets are from monitoring of waters into which effluents from hard rock mines are
discharged. Several major active and inactive mining operations are present in the Salmon River
drainage. The inactive operations still discharge effluents and some are regulated by EPA under
the NPDES program.
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Historically, mining also occurred in the Clearwater River and drainages in the Hells Canyon
reach of the Snake River such as around the old mining towns of Cuprum and Florence.
However, these mining districts played out and there has been no large scale mining activity in
these areas in at least the last 50 years or so. The hardness floor issue in Idaho’s salmon country
is only relevant to industrial mining. Within salmon country, NPDES effluent limits have been
imposed by EPA on one major urban wastewater treatment plant (city of Lewiston), many minor
wastewater discharges from small towns and consolidated sewage treatment districts, and two
major forest products facilities. NMFS reviewed the fact sheets detailing known or suspected
pollutants and calculations of the reasonable potential to exceed metals criteria for these current
discharges. Other than the mines, none of the facilities had measured or projected metals
concentrations that approached having reasonable potential to exceed any metals criteria. In the
case of the city of Lewiston, the maximum concentrations measured in the undiluted effluent
exceeded criteria by nine times for copper and about three times for cadmium and zinc.
However, the EPA “reasonable potential to exceed” determination assumes that dilution with
river water will be allowed using 25% of the receiving water flows, and it is only necessary for
facilities to comply with WQS after mixing and dilution. The city of Lewiston discharges into a
large river (the Clearwater River) with a minimum dilution ratio of 37 to 1, which would dilute
these metals to well below criteria. (http://yosemite.epa.gov/r10/water.nsf accessed February
2008). See also Appendix D on issues with mixing zones and dilution assumptions.

Within the Salmon River drainage, the mining operations tend to be located high in watersheds
where the waters may have quite low hardness values. In EPA Region 10’s effluent limits
calculations, EPA tends to use the 5" percentile of measured hardness values, which is a
conservative approach. Estimated ranges of water hardnesses for major mining discharges
within the ranges of listed salmonids are summarized in Table 2.4.2.1. The hardness floor is a
substantive concern in about 75% of the receiving waters.
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Figure 2.4.2.6. Minimum hardness values measured at 323 sites in Idaho between 1979-
2004 (data from Appendix A)
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Table 2.4.2.1. Ranges of low hardnesses observed in Salmon River basin receiving waters
of industrial mine effluents or nonpoint source mine runoff (limited to major facilities
discharging to waters either designated as critical habitats for listed salmonids or at
least some portions are accessible and presumably used by listed salmonids.

Stream Location Hardness Statistics for “range” Source
13 range”
(mg/L as
CaCoQ:s,)
Napias Creek Downstream of mine effluent 4-6 5th percentiles during high  EPA
and low-flow tiers
respectively
Big Deer Creek Downstream of mining- 9-36 Range of 6 observations (Maest et
affected tributary (Bucktail al. 1994)
Cr)
Salmon River Upstream of permitted but 15-54 Range of 14 observations ~ USGS
inactive outfall from
Thompson Cr. Mine
Jordan Creek Downstream of mine effluent 16 — 39 5th percentiles during high  EPA
and low-flow tiers
respectively
Panther Creek Downstream of mining- 17-48 Range of 68 observations  (Maest et
affected tributary (Blackbird al. 1994)
Cr)
Yankee Fork Upstream of mine effluent 19-54 Range of 47 observations ~ Note
Yankee Fork Downstream of mine effluent 24 — 149 Range of 47 observations  Note
Squaw Creek Downstream of mine effluent 45 - 110 5th percentiles during high  EPA
and low-flow tiers
respectively
Thompson Creek Downstream of mine effluent 55 - 85 5th percentiles during high  EPA

and low-flow tiers
respectively

Notes: “EPA” data from factsheets accessed January 2008 from http://yosemite.epa.gov/r10/water.nsf. USGS data

from site 13296500, Salmon River below the Yankee Fork, http://waterdata.usgs.gov/id/nwis/qw; Yankee Fork data

courtesy of B. Tridle, Hecla Mining Co.
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Figure 2.4.2.7. Examples of the effects of the “hardness floor”” on cadmium and zinc
criteria in very-soft and soft water settings. In the Pine Creek example (top), all
hardness observations were less than the 25 mg/L floor. In this very-soft water example,
applying a hardness floor would result in the criteria being considerably less protective
than intended by EPA Guidelines at all times, with the floor-limited criteria as much as
3X higher. The Yankee Fork example (bottom) is probably more typical of soft water
streams in the Salmon River drainage. There the floor has little or no effect during
much of the record, at the worst the floor-limited criteria were about 1.25X higher than
the hardness-dependent criteria.

Thus, there are many streams in the Salmon River and Clearwater River drainages in Idaho
where hardness concentrations average less than 25 mg/L, for which concentrations of
contaminants with hardness ameliorated toxicity should be calculated on actual site conditions,
and which have active metals discharges.
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The magnitude of likely effects of the hardness floor on criteria values is compared graphically
in Figure 2.4.2.6. The first illustration, from Pine Creek, a tributary to the South Fork Coeur
d’Alene River, lIdaho, is located outside the salmon country area of interest, but is shown because
it is probably similar to the streams with very low hardnesses and because it had a robust data
set. In this example, the “floor-limited” criteria values are up to three times higher than criteria
calculated on relevant site hardness values. In this stream, because the hardness never rises
above 25 mg/L, the hardness-floor-limited criteria plot as horizontal lines. While the hardness of
Pine Creek is very low, ranging from only 4 to 16 mg/L in Figure 2.4.2.1, it is not uniquely low.
In the North Fork Payette River at McCall, Idaho, measured hardnesses only ranged from 6 to 7
mg/L, n=9 (Hardy et al. 2005). Since the North Fork Payette River upstream of McCall shares
similar geology as much of the adjacent South Fork Salmon River drainage, similarly low
hardness values are presumed to occur in the South Fork Salmon River drainage.

In the more intermediate example of the Yankee Fork upstream of mine effluent, the floor-
limited criteria are only biased high (unprotective) compared to the uncapped criteria by 1.2
times or less.

2.4.2.2. Summary of Effects of the Hardness Floor for Calculating Metals Criteria

Exposure of listed Snake River salmon and steelhead to levels of metals in discharges at
proposed criteria levels will result in adverse effects. Many of the streams in the Salmon River
and Clearwater River drainages of Idaho also have hardness concentrations that average less than
25 mg/L which is the current floor in the hardness equation. For copper and lead, hardness is
less important than DOC, but if DOC is low, toxicity does increase below the hardness floor.

For nickel, and zinc, acute toxicity to fish rises as hardness declines below the 25 mg/L. For
silver, acute toxicity increases modestly in early life stages, below the hardness floor.

The use of a hardness floor of 25 mg/l in calculating metals discharge limits will allow for
increased exposures of listed fish to levels of metals that result in adverse effects. These effects
range from a direct increase in mortality to decreases in growth and survival of juvenile Snake
River spring/summer Chinook salmon, Snake River fall Chinook salmon, Snake River Sockeye
salmon and Snake River Basin steelhead.

2.4.3. The Effects of EPA Approval of the Arsenic Criteria

Arsenic is been well known for its high dietary toxicity to humans for hundreds of years, and
arsenic poisoning was a popular method of political assassination and murder starting at least in
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the Middle Ages. To mammals, arsenic is carcinogenic, mutagenic, and teratogenic, and at high
enough dietary exposures can be directly lethal. Compared to mammalian toxicology, relatively
little work has been done with fish at environmentally relevant exposures (Sorenson 1991).

At environmentally relevant concentrations, adverse effects in fish from arsenic are most likely
from dietary rather than waterborne exposures as discussed below. Arsenic and selenium
interact with each other in various metabolic functions and each element can substitute for the
other to some extent, which could partly explain the reported protective effect of selenium
against some arsenic-linked diseases (Plant et al. 2007).

The water quality criteria concentrations that are evaluated as part of this action are: acute
criterion, not to exceed 360 pg/L; and chronic criterion, not to exceed 190 pg/L. Also applicable
to all waters in the action area is a recreational use criterion of 10 pg/L. Whereas all of Idaho’s
aquatic life criteria are expressed as dissolved metals, the IWQS are ambiguous whether the
human health based 10 pg/L is expressed as dissolved or total recoverable arsenic. The rules
only state that the criteria addresses “inorganic arsenic only” (IDEQ 2007a). The latter provision
is unexplained and is curious because organic arsenic species probably have different
bioavailablity and toxicity than inorganic species. Plant et al. (2007) stated that organic arsenic
forms are likely more bioavailable and toxic than inorganic forms, although as discussed later in
the section, organic arsenic may be less toxic than inorganic arsenic in the diet of fish.
Presumably the human-health recreational use standard was intended as total arsenic since those
“fishable and swimmable” criteria address exposures from incidental consumption of water
while swimming or eating fish. Neither swimmers nor fish can be expected to filter their water
prior to ingestion.

The human health based criteria apply to all waters in Idaho unless there are specific exclusions.
The IWQS have one such exclusion, Bucktail Creek, a small stream contaminated by mine
waste. Bucktail Creek is a tributary to Big Deer Creek, which is a tributary to Panther Creek,
which in turn a tributary to the Salmon River, in the Middle Salmon-Panther hydrologic unit
(Figure 1.4.3.1). The Middle Salmon-Panther hydrologic unit is designated as critical habitat for
Snake River spring/summer Chinook salmon. This critical habitat designation is defined to
include river reaches presently or historically accessible (except reaches above impassable
natural falls (NMFS 2004). Most of the Big Deer Creek watershed, including Bucktail Creek is
located above an impassable natural fall. Within a mile upstream from the mouth of Big Deer
Creek with Panther Creek, a series of natural cascades and waterfalls block upstream passage by
anadromous fish (Reiser 1986). Therefore Bucktail Creek is not considered to be within the
critical habitat designations for either Snake River spring/summer Chinook salmon or steelhead.
Designated critical habitat for Snake River Basin steelhead is defined specifically by water body;
only the lowest reach of Big Deer Creek, not including Bucktail Creek, is designated critical
habitat for Snake River basin steelhead.

2.4.3.1. Species Effects of Arsenic Criteria

Arsenic toxicity does not vary significantly with hardness (Borgmann et al. 2005a). Because
IDEQ has inclusive rules for designated aquatic life and recreational uses, the human-health

118



related criteria also apply in all designated critical habitats and waters inhabited by listed salmon
and steelhead in Idaho (IDEQ 2007a).

Acute Arsenic Criterion. No studies were found that reported acute toxicity to juvenile or adult
salmonids at arsenic concentrations close to the acute criterion. All studies NMFS reviewed
indicate that acute toxicity, including to alevins, occurs at concentrations that are significantly
higher than the acute criterion (e.g., Buhl and Hamilton 1990). Ambient arsenic concentrations
in surface water are never known to approach the acute criterion.

Chronic Arsenic Criterion. A conclusion that can be drawn from a recent comprehensive
review of arsenic toxicology in fishes by Mcintyre and Linton (2011) is that arsenic is not very
toxic in classic toxicity tests with exposures through water. The results of Birge et al. (1978,
1981) suggests that chronic arsenic toxicity from waterborne exposures occurs to developing
embryos of listed salmonids at concentrations below the chronic criterion. Rainbow trout
embryos were exposed to arsenic for 28 days (4-days post-hatching) at 12°C t013°C and a
hardness of 93 mg/L to 105 mg/L CaCQOs in static tests. Concentrations of 42 to 134 ug/L were
estimated to be associated with the onset of mortality, as LC1 and LC10 respectively (Birge et al.
1980). No detail of the results of this test were reported beyond these statistical effects
estimates, making these results impossible to critically review. Acclimation appears to enhance
resistance to chronic arsenic toxicity (Dixon and Sprague 1981; EPA 1985a). Studies reviewed
in Eisler (1988a) and EPA (1985a) indicate that chronic effects do not occur in other lifestages
until concentrations are at least about an order of magnitude higher than the levels determined by
Birge et al. (1978, 1981) to be detrimental to developing embryos. The reported concentrations
associated with chronic embryo and fry mortality were much lower than the chronic criterion.

Dietary toxicity of arsenic. Cockell et al. (1991) fed rainbow trout arsenic contaminated food
under standard laboratory conditions for 12 to 24 weeks and correlated signs of toxicity with diet
and tissue arsenic concentrations. They found that the threshold for the onset of organ damage
(gall bladder inflammation and lesions) was between 13 and 33 mg/kg arsenic in food.
Woodward et al. (1994, 1995) fed rainbow trout a diet made from invertebrates collected from
the metals contaminated Clark Fork River, Montana, which resulted in lower growth and
survival of the fish fed the metals contaminated wild diet. However, because these wild metals-
contaminated invertebrates were contaminated with several metals including arsenic, and the
effects were equally correlated both with arsenic and copper, effects could not be attributed to
either. Subsequently Hansen et al. (2004) collected metals-contaminated sediments from the
Clark Fork River, reared aquatic earthworms (Lumbriculus) in them, and fed the Lumbriculus to
rainbow trout. Fish fed the Lumbriculus diet had reduced growth and physiological effects, and
the presence of effects was strongly correlated with arsenic but not to other elevated metals. Bull
trout collected from mining-influenced Gold Creek in northern Idaho, showed similar liver
damage with inflammation, necrosis and cellular damage. Arsenic was elevated in the
sediments, periphyton, and macroinvertebrates, and fish tissues, and was correlated with the liver
damage (Kiser et al. 2010). Erickson et al. (2010) further implicated arsenic as the causative
agent by experimentally mixing arsenic into clean sediments, rearing Lumbriculus in them, and
feeding the Lumbriculus to rainbow trout. The rainbow trout fed the worms that had been raised
in arsenic dosed sediments again had reduced growth and disrupted digestion. Erickson et al.
(2010) is difficult to directly compare to feeding studies with field collected invertebrates
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because Erickson et al. (2010) did not report what tissue concentrations bioaccumulated in fish
following 30 days on a diet of arsenic enriched invertebrates. Still, the Erickson et al. (2010)
study produced similar effects to those from field-collected diets with controlled exposures to
contaminated field sediments and strongly implicated arsenic as an important stressor.

Together these studies have shown that inorganic arsenic in the diet of rainbow trout are
associated with reduced growth, organ damage and other physiological effects at concentrations
in the diet of about 20 mg/kg dry weight (dw) and above (Cockell 1991; Hansen et al. 2004;
Erickson et al. 2010). Ranges of reported effects in other species are wider. Damage to livers
and gall bladders occurred in lake whitefish (Coregonus clupeaformis) fed arsenic contaminated
diets as low as 1 mg/kg food dw (Pedlar et al. 2002). Adverse effects of dietary arsenic to
salmonids are summarized in Table 2.4.3.1. Bioaccumulation of arsenic in prey organisms to
concentrations higher than 30 mg/kg dw has been documented from the Clark Fork River,
Montana; Boulder River, Montana; the Coeur d’Alene River, Idaho; and Panther Creek, Idaho.
Concentrations of arsenic in these streams have been measured at higher than background (<~
5ug/L) but were never documented at concentrations even approaching the chronic water quality
criterion of 190 pg/L dissolved arsenic (Table 2.4.3.2). Review of waterborne arsenic
concentrations collected from the same waters suggests that bioaccumulation of arsenic in
invertebrate prey organisms to concentrations harmful to salmonids appears to be able to occur in
streams with dissolved arsenic concentrations on the order of 10 pg/L or less. These studies
focused mostly on the effects of arsenic on organs and growth; however at least one study has
shown that arsenic in fish diets can affect reproduction, although the single dietary exposure
tested was higher (135 mg/kg dw) than in the studies mentioned with salmonids (Boyle et al.
2008).

Field studies of resident trout populations in streams influenced by natural geothermal drainage
in Yellowstone National Park give indirect evidence of tolerance to elevated arsenic or perhaps
density-dependent compensation to low-level toxicity. Goldstein et al. (2001) found that
naturalized rainbow and brown trout were at least present in some streams with arsenic
concentrations in water that were greatly above typical background concentrations. Arsenic was
elevated both in water and invertebrates collected from the Snake River at the southern boundary
of Yellowstone National Park (Table 2.4.3.2). Trout and sculpin densities at that location
appeared robust in comparison to surveys at other least-disturbed rivers in Idaho and the Pacific
Northwest (Maret et al. 1997; Mebane et al. 2003), so arsenic concentrations on the order of 30
Mo/L in water and 11 mg/kg in insect tissues were causing no obvious harm to resident fish
populations.

Most of the fish feeding and field studies reported total arsenic, without speciation analyses of
whether the arsenic was in inorganic or organic forms. Recent evidence suggests that organic
arsenic in the diet of salmonids is less toxic than inorganic arsenic (Table 2.4.3.1). Whether the
arsenic that occurs in salmonid prey items in streams occurs predominately in inorganic or
organic forms is unknown, but is assumed here to be primarily inorganic. Whether dissolved or
particulate arsenic contributes more to arsenic risk is also debatable, but the present evidence
suggests particulate arsenic may be more of a concern. The Idaho water quality criteria are
based on dissolved arsenic, the rationale for which is unstated in EPA’s criteria documents.
Arsenic is a metalloid rather than a metal, but apparently for regulatory purposes, arsenic was
simply considered another metal like cadmium or zinc without any known analysis. While the
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information is sparse, field data suggests that dissolved arsenic may be far less important as a
source to aquatic food webs than particulate and sediment sorbed arsenic. This suggests that the
dissolved arsenic criterion may be less relevant than a sediment, dietary, or tissue residue based
criterion.

Table 2.4.3.1. Relevant concentrations of arsenic in the diet of juvenile fish that were

associated with adverse effects

Fish Species Diet source Effect Arsenic in diet Reference
(mg/kg dw)
Cutthroat trout Metals-contaminated Reduced growth, liver  14-51 (Farag et al. 1999)
invertebrates collected damage
from the Coeur d’Alene
R, ID
Cutthroat trout “ o “ None apparent 2.6-3.5 Farag et al. (1999)
Rainbow trout Metals-contaminated Reduced growth, 19-42 Woodward et al.
invertebrates collected impaired digestion (1994,1995)
from the Clark Fork
River, MT
Rainbow trout “ o “ None apparent 2.8-6.5 Woodward et al.
(1994,1995)
Rainbow trout Lumbriculus (aquatic Reduced growth, 21 (Hansen et al. 2004)
earthworms) impaired digestion,
contaminated using liver and gall bladder
Clark Fork River degeneration
sediments
Rainbow trout Diet of Lumbriculus Reduced growth 34 (Erickson et al. 2010)
exposed to arsenic
Rainbow trout Diet (pellets) amended Reduced growth, 33 (Cockell et al. 1991)
with arsenate impaired digestion,
gall bladder
inflammation
Rainbow trout, Diet (pellets) amended Reduced growth >51 (Hoff et al. 2011)
subadult with arsenite
Rainbow trout Diet (live or pellets) Reduced growth >= 20 mg/kg (Erickson et al. 2011)
amended with inorganic
arsenic (arsenite or
arsenate)
Rainbow trout Diet (live or pellets) Reduced growth >= 100 mg/kg (Erickson et al. 2011)
amended with organic
arsenic
Rainbow trout “ oo “ None apparent 13 Cockell et al. (1991)
Lake Whitefish Diet (pellets) amended Liver and gall bladder >1 (Pedlar et al. 2002)

with As

damage, no effects on
growth
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Table 2.4.3.2. Relevant concentrations of arsenic in stream water, sediment, and in the
tissues of aquatic invertebrates collected from the same streams. Selected undiluted
mine effluent concentrations from within the action area are included for comparison.
Unless otherwise noted, concentrations are averages, values in parentheses are ranges

Location and notes Arsenic in water Arsenic in water Arsenic in sediment Arsenic in
(filtered, pg/L) (unfiltered, pg/L) (mg/kg dw) invertebrate tissues,
average (mg/kg dw)
Effects thresholds (j) 7-33 ~20
“Typical” USA river 0.1-2(l)

waters, not in

enriched areas

Idaho rivers— 2.3(0.06-17)

statewide

assessment (h)

Stream sediments, 6.3 (1)

USGS national

median

Panther Cr, ID, 1992- <1 102 (max) 27-888 76 (f)
93, mining

influenced reaches

(a, f, i)

Blackbird Creek, ID 1.1 158 (max) 939

(a)

South Fork Coeur 04-4 13 (max) 180 42 (d)
d’Alene (b, c)

Clark Fork River at 15 (3-53) 20 (4-80) 170 (3) 21(e)
Galen, MT (b,d)

Snake River leaving 34 (8-55) Nm 38 11 (f)
Yellowstone NP, WY

(b,e)

Snake River at King 3(0.5-7) 4 (2-9) 5(4-7) 1(0.5-2)(f)
Hill, ID (b,e)

Hecla Grouse Creek 2.4 (<1-5) 7 (<5-55)

gold mine, near

Custer, Idaho (k)

Thompson Creek 2 — 4 (projected max
molybdenum mine, for new discharge
nr Clayton, Idaho () was 30)

nm- not measured. (a) (Beltman et al. 1994; Maest et al. 1994; Beltman et al. 1999); (b) USGS Water-Quality Data
for the Nation, http://nwis.waterdata.usgs.gov/nwis/qw ;(c) (Farag et al. 1998); (d) (Hansen et al. 2004); (e) (Ott
1997); (f) Community sample, (g) caddisfly Hydropsyche sp. (h) (Essig 2010) (i) (Mebane 2002a); (j) Effects
thresholds for invertebrate residues are from this review; values for sediment are MacDonald et al.’s (2000a)
threshold and probable effect concentrations. (k) R. Tridle, Hecla Mining Company, unpublished data, Jan 2008 (I)
Thompson Creek mine “NPDES” wastewater permit factsheets, accessed January 2008 from
http://yosemite.epa.gov/r10/water.nsf . (I) (Plant et al. 2007)

Tissue concentrations of arsenic associated with chronic responses in fish. Mclintyre and
Linton (2011) report that regardless of exposure route or form, bioaccumulated fish tissue
concentrations associated with chronic effects were remarkably similar among fish. Adverse
effects appear likely to occur when whole-body tissue concentrations reach about 2 to 5 mg/kg
wet weight (ww). The critical tissue residue concentrations in liver associated with reduced
growth may be somewhat lower, around 0.7 to 1.0 mg/kg ww. This range of critical liver
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concentrations was supported by recent research reported by Hoff et al. (2011) who showed a
change point in growth of rainbow trout when arsenic in liver reached about 6 mg/kg dw, which
would be equivalent to about 1 to 1.5 mg/kg ww.

In a similar study in the Coeur d’Alene River basin, Idaho, Farag et al. (1999) fed fish
invertebrates collected from mining influenced reaches and reported reduced growth, liver
degeneration, and fish tissue concentrations ranging from about 0.5 to 1.2 mg/kg ww. In
contrast, arsenic in fish fed a reference diet collected from a minimally polluted reach of the
North Fork Coeur d’Alene River ranged from about 0.2 to 0.3 mg/kg ww (Farag et al. 1999).
Other metals were also elevated in the fish, particularly lead, although results from Erickson et
al. (2010) and Hansen et al. (2004) argue that most of the toxicity in Farag’s study was probably
attributable to arsenic.

Whole-body arsenic residues associated with reduced growth in fish following feeding studies
(>~ 0.6 mg/kg ww) are difficult to compare to surveys that only sampled edible fillets (muscle).
In a probabilistic study of fish captured from 55 randomly selected river sites throughout Idaho,
Essig (2010) obtained a median arsenic concentration of 0.06 mg/kg ww, ranging from <0.13 to
0.31 mg/kg ww in muscle fillets. The highest value in Essig’s (2010) report was from a brown
trout collected from a geothermally influenced reach of the Portneuf River. In targeted
collections of trout in the Stibnite Mine area, arsenic concentration in fillets were up to 0.96
mg/kg, fresh weight), considerably higher than the maximum value from Essig’s (2010)
randomized survey. In the Stibnite study, arsenic in muscle fillets was considerably lower than
in the remaining trout carcasses (e.g., organs, bone, viscera, skin) after the fillets had been
removed. Arsenic in fillets ranged from <0.25 to 0.96 mg/kg fresh weight versus 0.32 to 6.3
mg/kg fresh weight in the remainders (Woodward-Clyde 2000).

Behavioral and neurotoxic effects. Despite profound neurotoxic effects of arsenic in mammals,
there appears to have been minimal research with behavioral and neurotoxic effects of arsenic in
fish. However, the available information reviewed suggests that behavioral effects could be
important at very low exposure concentrations. Arsenic impaired long-term memory in zebrafish
exposed for 96 hours to arsenic concentrations as low as 1 pg/L before avoidance trials.
Measurement of elevated levels of oxidized proteins in brain tissue of fish exposed to 10 pg/L
arsenic suggested that the observed effects may have been related to oxidative stress in brain
tissue (Mclntyre and Linton 2011).

The information reviewed indicates that at environmentally relevant concentrations, arsenic in
the diets of salmonids poses significant risks for reduced growth. Reduced growth in turn, may
lead to reduced survival or reproduction.

2.4.3.2. Habitat Effects of Arsenic Criteria

Toxicity to Food Organisms. The limited data available suggests that the risk of toxicity to

salmonid food organisms is lower than the risk of toxicity to salmonids from eating arsenic
exposed organisms. However, we did not locate any studies that tested invertebrates using
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environmentally relevant exposures through arsenic enriched periphyton or sediments, and
conducted through full life exposures or obviously sensitive life stages.

Norwood et al. (2007) related bioaccumulation of arsenic in Hyalella azteca, a benthic
invertebrate common in slow moving rivers and lakes, to mortality in 4-week exposures. Lethal
body concentrations associated with 25% and 50% mortality were about 9 and 10 mg/kg dw
respectively. Hyalella exposed to Panther Creek, Idaho sediments for 10 days had a trend of
decreasing growth and survival with increasing arsenic concentrations (Mebane 1994, 2002a).
However, arsenic in Panther Creek sediments was also correlated with cobalt and copper, and
correlations between decreased Hyalella survival and cobalt and copper concentrations in
sediments were stronger than for arsenic, and thus adverse effects were attributed to copper and
or cobalt (Mebane 1994, 2002a). However, arsenic bioaccumulation in Hyalella probably takes
more than 10 days to reach saturation (Norwood et al. 2006) and in general, 10-day Hyalella
tests can be considerably less sensitive than 4 to 7 week tests (Ingersoll et al. 1998). Thus, the
Panther Creek study may not have had the necessary duration for detecting effects of arsenic-
contaminated sediments.

Irving et al. (2008) exposed mayfly nymphs to tri- and pentavalent arsenic in water-only
exposures for 12 days. For trivalent arsenic, the threshold of growth effects was about 100 pg/L.
However, arsenic levels accumulated by the mayfly nymphs in their study (1.2 to 4.6 ug/g dw)
were far lower than those reported from stream locations with far lower water concentrations of
arsenic but that had elevated arsenic in diet or sediments, suggesting that the water-only
exposures may have underrepresented likely environmental exposures. Crayfish collected from
Australian streams disturbed by mining activities had up to 100 mg/kg dw arsenic in their tissues.
Levels of arsenic in the tissues of the crayfish were similar to those found in the sediment, thus it
is highly likely that the primary exposure to arsenic for the crayfish came from the sediment
(Williams et al. 2008).

Other data we reviewed on arsenic toxicity to aquatic macroinvertebrates were from water only
exposures that are unlikely to have much relevance to toxicity under environmental conditions
(EPA 1985a; Eisler 1988a; Canivet et al. 2001). Results reported in Eisler (1988a) suggest that
gammarid amphipods may experience acute toxicity at concentrations of trivalent arsenic that are
below the chronic criterion. Canivet et al. (2001) similarly found increased mortality of
gammarid amphipods and heptagennid mayflyies at about 100 pg/L which is lower than the
chronic criterion of 190 ug/L.

2.4.3.3. Summary of Effects for Arsenic

If only direct water exposures were considered, arsenic would be of minimal concern to listed
salmonids at typical ambient concentrations or at the criteria concentrations under review. The
risk of harm from short-term water-only exposures to arsenic concentrations at the acute criterion

is unlikely enough to be considered a minor risk for short-term exposures.

The chronic criterion appears to avoid chronic adverse effects to the adult and juvenile salmonid
life stages from water-only exposures; however, arsenic concentrations below the chronic
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criterion have been reported to cause mortality in salmonid embryos. The chronic arsenic
criterion is far higher than concentrations of arsenic sufficient to bioaccumulate in invertebrates
to concentrations that cause harm to the salmonids that feed on them. Bioaccumulation of
arsenic in prey organisms to concentrations that could be harmful to salmonids has occurred in
streams at exposures less than 10 pg/L. As such, adverse effects can occur at the chronic
criterion, through reduced growth of juveniles via food web transfer.

2.4.4. The Effects of EPA Approval of the Copper Criteria

Copper toxicity is influenced by chemical speciation, hardness, pH, alkalinity, total and
dissolved organic content in the water, previous exposure and acclimation, fish species and life
stage, water temperature, and presence of other metals and organic compounds that may interfere
with or increase copper toxicity. Adverse effects of copper to salmonids that have been
documented at environmentally relevant concentrations include reduced growth and reproductive
impairment. A host of initially sublethal physiological and behavioral effects to salmonids have
been documented following copper exposures including interference with immune response and
reduced disease resistance, reduced swimming stamina, damage to olfactory cellular tissue,
impaired olfactory function, which in turn impairs ability of fish to avoid predators, find prey,
and migrate from and to their natal streams. Benthic macroinvertebrate communities that form
the food base of salmonids in freshwater streams appear particularly sensitive to copper,
compared to other metals. The Idaho copper criteria under review in this Opinion are hardness
dependent. At a hardness of 100 mg/L the acute criteria for copper is 17 pg/L and the chronic
criteria for copperis 11 pg/L .

2.4.4.1. Species Effects of Copper Criteria

Acute toxicity. Available toxicity test data indicate that, under certain conditions, juvenile
salmonids can be killed by copper concentrations equal to the final acute value (FAV) used to
define the acute criterion. Because acute toxicity data are commonly reported only as the
concentrations lethal to 50% of the test population (LCss), and because 50% test population is a
severe effect, the protectiveness of acute criterion is not evaluated by comparing it directly to
LCso data. Rather, LCs data are compared to the FAV, which is equal to 2X the acute criterion.
The assumption in the criteria derivation and in this opinion is that dividing an LCs, value by 2
will result in a concentration that kills few if any organisms. This assumption was critically
reviewed in Section 2.4.1.6 and in Appendix B. In this manner, the acute criterion, which is
intended to protect against short-term exposures in the environment is compared to short-term
LCs toxicity data. Because the chronic criterion only comes into play for exposure scenarios
longer than 96-hours, the acute criterion regulates allowable concentrations from >1-t0-96 hours.

The studies reviewed indicate that LCsgs for adult listed salmon and steelhead are slightly higher
than the proposed criterion that is the FAV divided by two. This is consistent with older
summaries that found LCs, values for adult salmon and trout were well above the proposed acute
criterion (EPA 1985d; Eisler 1998a). Figure 2.4.4.1 shows all acute data NMFS reviewed, for
tests in waters with hardness less than 200 mg/L, irrespective of lifestage. (We consider waters
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with hardness of less than 200 mg/L more representative of waters in the action area.) Although
most of the LCsp values are higher than the FAV, a substantial minority are lower. Many of the
tests for which the FAV would not be protective fall in two general categories: test waters with
low hardness; and waters in which magnesium contributes much of the measured hardness
values, that is Ca:Mg ratios are lower than in most of the tests used to develop criteria (Welsh et
al. 2000a; Naddy et al. 2002). However, others appear to capture sensitive life stages or stock.
For instance, Chinook salmon exposed to copper in pH 7.7 at hardness 35 mg/L resulted in an
LCso of 7.4, which is lower than the hardness adjusted FAV of 13 pg/L. Rainbow trout tested in
hardness 25 mg/L at pH 6 yielded a LCsp of 2.4 pg/L which is less than the FAV of 9.2 pg/L at
hardness 25 mg/L (Fig. 2.4.4.1, data from Stratus (1996;1998).

100 T (o]

(eXe]

0
S o
o 8 e} o) @
o
8
o
(o)

Copper 10 4 © Chinook salmon
Hg/L ] 2

o)
o P
o o
o
@
(@) Rainbow trout
o___——
==Final acute value
o LC50
1 T } T } T } T {
0 50 100 150 200

Hardness (mg/l as CaCO,)

Figure 2.4.4.1. Comparison of 96-hour LCsps for salmonids with copper and the Idaho
criterion final acute values, calculated for hardnesses up to 200 mg/L as CaC03. LCsgs
limited to species within the genera Oncorhynchus, Salvelinus, and Salmo. If all LCsg

values fell above the line, that would suggest that for the most part, few mortalities
would be likely at criterion concentrations.

Chronic Toxicity. Numerous adverse effects have been reported that were attributable to long-
term exposures of salmonids and other fish to copper. “Chronic effects” as used here refer to
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effects resulting from long-term exposures, and effects from such long-term exposures can
include mortality or sublethal effects.

The most sensitive endpoint in some chronic tests with copper and fish was reproductive
impairment, as reduced fecundity (Mount 1968; Mount and Stephan 1969; McKim and Benoit
1971; Suter et al. 1987). However, with anadromous steelhead and salmon, presumably long-
term exposure of adults to copper in freshwater would be unlikely, since adults are either only
passing through migratory areas or are exposed on their spawning grounds for a few weeks or
less. Thus, the risk of chronic effects from copper is higher for juvenile fish.

Reduced immune response and disease resistance is an effect of copper that appears to be
understudied, considering its potential implications. Stevens (1977) reported that pre-exposure
to sublethal levels of copper interfered with the immune response and reduced the disease
resistance in yearling coho salmon.

Other chronic effects include damage to olfactory tissues, reduced swimming speed, and reduced
growth (Table 2.4.4.1).

Growth effects and population-level risks. Comparisons of available chronic copper effects data
with salmonids and the Idaho chronic criteria were unfavorable to the criteria. In contrast to the
acute LCsq data for salmonids with copper where at least most values were higher than the Idaho
final acute value, with the Idaho chronic criterion about as many adverse effects were
documented to occur at or below the criterion concentrations as above (Figure 2.4.4.2). Relevant
studies are described in more detail in Table 2.4.4.1.

A common chronic effect observed with copper exposure has been reduced growth in laboratory
toxicity tests with salmonids. In tests in soft water, copper concentrations CCC caused about a
4% to 7.5% reduction in the lengths of Chinook salmon and rainbow trout, depending on the
statistical model used to analyze the toxicity data (Table 2.4.4.1). However, the relevance of
subtle and sometimes transitory growth reductions under laboratory conditions to natural-origin
populations may not be obvious. One study used population modeling to estimate the relevance
of subtle and sometimes transitory growth reductions under laboratory conditions to natural-
origin populations (Mebane and Arthaud 2010). Demographic data from Marsh Creek, Idaho,
was used as a “model” headwaters population of Snake River spring/summer Chinook salmon to
develop the population model (Mebane and Arthaud).

The size of juvenile salmon as they first migrate from Marsh Creek is a strong predictor of their
survival during the initial part of their seaward migration. Growth reductions in laboratory tests
were extrapolated to reduced survival in the wild through the size-survival correelations of
migrating juvenile fish. Reductions in growth predict disproportionate reductions in survival of
migrating juveniles. For average sized migrants, a 4% to 7.5% length reduction predicts about a
14% to 26% reduction in survival from Marsh Creek to the LGD, the next downstream census
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point, 640 km downstream. The study used these changes in juvenile survival rates to adjust the
life stage survival rates in the population model, to estimate the population-level consequences of
low-level copper stress on juvenile Chinook salmon.

The study projected population-level risks for up to six generations (30 years). Risks of severe
decline or quasi-extinction were slightly higher under the copper-influenced scenarios, compared
to baseline risks with no copper. Severe declines or quasi-extinction were defined as a 90%
reduction of adult spawners or five-consecutive runs with less than 25 spawners each year
respectively. Risks of “quasi-extinction” rather than absolute extinction were projected because
of biological and mathematical difficulties reaching true zero in the population model. Risks of
severe decline occurring in a single spawning run over a 30-year projection were about 75% for
the baseline scenario, and 76% to 79% for the copper CCC scenarios. Quasi-extinction risk
projections for the same time period averaged 23% for the baseline scenario and 26% to 31% for
the copper CCC scenarios (Mebane and Arthaud 2010).

Projections of population recovery times differed more between the scenarios than did the risks
of decline. The baseline scenario was projected to meet a relative recovery threshold of 500
adults in about 11 years, and the 4% to 7.5% copper growth reduction scenarios were projected
to meet the recovery threshold in the 18 to 28 years (Mebane and Arthaud 2010). The model
results mentioned here all assumed density dependence, that is, the population cannot increase
above an assumed carrying capacity). While the modeling used a real population to increase
realism, all of these risks and population projections should be interpreted in a relative sense in
comparison between the scenarios, not as absolute predictions.

Chemosensory and Behavioral Effects. Sensory system effects are generally among the more
sensitive fish responses and underlie important behaviors involved in growth, reproduction, and
(ultimately) survival (i.e., predator avoidance). Recent experiments on the sensory systems and
corresponding behavior of juvenile salmonids contribute to more than 4 decades of research and
show that dissolved copper is a neurotoxicant that directly damages the sensory capabilities of
salmonids at low concentrations. (Hecht et al. 2007). These effects can manifest over a period of
minutes to hours and can persist for weeks. To estimate toxicological effect thresholds for
dissolved copper in surface waters, Hecht et al. (2007) calculated benchmark concentrations
(BMCs) for juvenile salmonid olfactory function based on recent data. The BMCs ranged from
increases of 0.18 to 2.1 ug/L above background copper concentrations, corresponding to
reductions in predator avoidance behavior of approximately 8% to 57%. The BMC examples
represent the increases in dissolved copper concentration above background copper
concentrations, which were up to 3 pg/L in the tests used to derive the BMCs. These levels are
expected to affect the ability of juvenile salmonids to avoid predators in freshwater. These
BMCs are much less than the corresponding acute Idaho criteria of 20 pg/L, and even the
chronic criteria of 13 pg/L (for a hardness of 120 mg/L for the conditions of a test that was used
in the derivation of the BMC, Table 2.4.4.1). These BMCs thresholds for juvenile salmonid
sensory and behavioral responses fall within the range of other low sublethal endpoints affected
by dissolved copper such as behavior, growth, and primary production, which is around 0.75-2.5
Mo/L (Hecht et al. 2007).
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Studies showing diminished predator avoidance behaviors of juvenile salmon in the presence of
elevated copper have subsequently been expanded through predation experiments (Mclntyre
2012). Short-term (30 min) copper exposure made prey easier for predators to detect and
capture. The primary impact of copper on predator-prey dynamics in her study was faster prey
detection, manifested as faster time to attack and time to capture. Cutthroat trout were more
effective predators on copper-exposed coho during predation trials, as measured by attack
latency, survival time, and capture success rate. The shift in predator-prey dynamics was similar
when predators and prey were co-exposed to copper. The onset of these effects occurred at
concentrations less than the acute criterion for copper: predatory cutthroat trout captured and ate
juvenile coho salmon that had been exposed to 4.5 pg/L copper in only about 1/3 of the time
needed to capture and eat coho that had not been exposed to copper (Mcintyre 2012). For the
water hardness of the test chambers, 56 mg/L, the acute criterion was 10 pg/L.

Hardness and Other Parameters as Predictors of Copper Toxicity. A number of water quality
characteristics influence the toxicity of copper. A conclusion that generally seems to hold across
most data and studies we reviewed is that in laboratory waters that have low and uniform DOC
present, increasing hardness will usually result in alkalinity and pH naturally increasing as well.
In this case, decreasing acute copper toxicity will be expected. However, this pattern may not be
consistent for chronic copper toxicity in similar laboratory waters, and it most certainly does not
hold for natural waters that have variable DOC and pH.

Chakoumakos et al. (1979) determined that hardness and alkalinity influenced the LCsq of
copper to cutthroat trout, whereas pH had greater influence on the speciation of copper involved
in toxicity. They recommended that water quality criteria for copper include all three
parameters: hardness, alkalinity, and pH. Miller and Mackay (1980) determined that the
incipient lethal concentration of copper varied more rapidly with changes in alkalinity in
moderately hard (98 mg/L) water than in soft (12 mg/L) water. Conversely, Lauren and
McDonald (1986) varied pH, alkalinity, and hardness independently and determined that
alkalinity was an important factor reducing copper toxicity to juvenile rainbow trout with no
significant influence of increasing hardness. Lauren and MacDonald (1986) argued that the
degree of acclimation to ambient hardness levels could explain the difference in results. Meador
(1991) found that both pH and DOC were important in controlling copper toxicity to Daphnia
magna. Welsh et al. (1993) evaluated the importance of DOC in affecting the toxicity of copper
to fathead minnows and suggested that water quality criteria be reviewed to consider the toxicity
of copper in waters of low alkalinity, moderately acidic pH, and low DOC concentrations.
Applications of gill models to copper binding also consider complexation by DOC, speciation
and competitive effects of pH, and competition by calcium ions. Welsh et al. (1993) varied
several test water qualities independently and found that pH, hardness, sodium, DOC, and
suspended solids have important roles in determining copper toxicity. They also suggested that
it may be difficult to sort out the effects of hardness based on simple toxicity experiments.

The data NMFS reviewed also suggested that increasing hardness affords more protection for
acute copper exposures than for chronic. Hansen et al. (2002b) found a clear relationship
between ACRs and water hardness, with lower ACRs at higher hardness levels. Similarly with
acute and chronic exposures of copper to Daphnia magna, Chapman et al. (1980) found that
increasing hardness from about 50 to 200 mg/L consistently increased the acute resistance of
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Daphnia to copper, but with chronic exposures, resistance only increased with increasing
hardness from 50 to 100 mg/L; increasing hardness from 100 to 200 mg/L provided no additional
resistance to copper. These results have disturbing implications for a chronic copper criterion
because they contradict a fundamental assumption in the criteria derivation (EPA 1985d) that
that chronic toxicity is similarly modified by water hardness as acute criteria, and the chronic
criterion varies with hardness as a fixed proportion of the acute criteria.

Tests that used natural waters or approximated natural waters by varying DOC along with
hardness and other parameters have repeatedly found that hardness is a minor influence on the
toxicity of copper to aquatic invertebrates and fish (Appendix C; Hyne et al. 2005; Markich et al.
2005; Wang et al. 2009). The results of these studies indicate that the use of site calcium plus
magnesium hardness only as input to an equation to derive a criterion for copper may not be
sufficiently protective of listed salmon and steelhead, and that the criteria need to also consider
the influences of DOC and pH as key water quality variables that are more important for
modulating toxicity. This issue is described in more detail in the Section 2.4.2, “The Influence of
Hardness on Metals Toxicity” and Appendix C.
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Figure 2.4.4.2. Comparison of the copper Idahochronic criterion and adverse chronic or
sublethal effects and estimates of no-effect concentrations to salmonids.
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Table 2.4.4.1. Relevant effects and risk ratios of copper to salmonids or other ecosystem

components, emphasizing effects that occurred at lower concentrations than the relevant
Idaho criteria. Long-term effects (> 4 days to occur) are compared to the chronic
criterion, short-term sublethal effects to the Idaho acute criteria, or for acute LCsgs, the
Idaho final acute value. Risk ratios greater than 1.0 are considered harmful.

Species Effect Exposur  Hardness Effect Effect  Criterion  Risk ratio Source/
e (mg/L) statistic concen- (Hg/L) (r=NTR/ Notes
duration tration effect)
(ng/L) concen-
tration
Sublethal effects
Coho Reduced olfaction 3 hours 120 EC10 - 0.18to 20.2 112t0 9.6 1
salmon and compromised EC50 2.1
(juvenile) alarm response
Coho Reduced olfaction 3 hours 120 ~EC25 0.6 20.2 34 1
salmon and compromised
(juvenile) alarm response
Coho Shorter time to get 3 hours 56 ~EC50 5 10 2 (Mclntyre
salmon captured and eaten 2012)
(juvenile)
Chinook Avoidance in 20 25 LOEC 0.75 4.6 6.1 2
salmon laboratory minutes
(juvenile) exposures
Rainbow Avoidance in 20 25 LOEC 1.6 4.6 2.9 2
trout laboratory minutes
(juvenile) exposures
Chinook Loss of avoidance 21 days 25 LOEC 2 35 1.7 2
salmon ability
(juvenile)
Atlantic Avoidance in 10 20 LOEC 2 4.6 2.3 3
salmon laboratory minutes
(juvenile) exposures
Coho Delays and 6 day 95 LOEC 5 10.9 2.2 4
salmon reduced
downstream
migration of
copper exposed
juveniles
Chinook Reduced growth 120 days 25 EC10 1.9 35 1.8 5
salmon (as weight)
Rainbow Reduced growth 60 days 25 EC10 2.8 35 1.2 6
trout (as weight)
Rainbow Reduced growth 56 days 102 EC10 4.1 115 2.8 (Hansen et
trout (as weight gain) al. 2002b)
Rainbow Reduced critical 30 days 30 EC10 5 4.1 0.8 (Waiwood
trout swimming speed, and
pH 6 Beamish
1978)
Rainbow Reduced growth 30 days 30 EC25 6 4.1 0.8 (Waiwood
trout rate, pH 7.5 and
Beamish
1978)
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Species Effect Exposur  Hardness Effect Effect  Criterion  Risk ratio Source/
e (mg/L) statistic concen- (ng/L) (r=NTR/ Notes
duration tration effect)
(ug/L) concen-
tration
Rainbow Reduced growth 30 days 30 EC25 2 4.1 2 (Waiwood
trout rate, pH 6 and
Beamish
1978)
Brook trout  Delayed growth 23 weeks 45 EC10 3.1 5.7 1.9 7
(as weight)
Brook trout  Reduced growth 3 months 45 EC10 8.5 5.7 0.7 8
(as weight)
Brook trout  Slight mortality 3 months 45 EC10 17 5.7 0.3 7
Brook trout  Complete 22- 45 EC100 17 5.7 0.3 7
mortality months
Brook trout  Reduced growth 60 days 37 EC10 11 4.9 4.4 9
(as weight)
Brook trout  Reduced growth 60 days 187 MATC 6.3 19.3 3.1 9
(as weight)
Brook trout  Reduced growth 60 days 181 EC10 4.8 18.1 4 (Besser et
(as weight) al. 2001a)
Habitat effects: Adverse effects to
ecosystem components
Ecosystem  Reduced ~ 1 year 49 LOEC 2.5 6.2 2.5 10
function photosynthesis
Ecosystem  Loss of ~ 1 year 49 LOEC 5 6.2 1.2 11
structure invertebrate taxa
richnessin a
mountain stream
Macroin- abundance (total 10-d 60 EC50 6 7.3 1.2 12
vertebrate individuals)
community
Snail, 80% mortality in 114-d 136 LOEC 6.3 14.8 2.3 13
Leptoxis in situ river
praerosa exposures
Idaho 25% mortality 28-d 170 EC25 11 17.9 1.6 15
springsnail
Bliss 25% mortality 28-d 170 EC25 14 17.9 1.3 15
Rapids
snail
Snake 25% mortality 28-d 170 EC25 10 17.9 1.8 15
River
pebblesnail
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Species Effect Exposur  Hardness Effect Effect  Criterion  Risk ratio Source/
e (mg/L) statistic concen- (ng/L) (r=NTR/ Notes
duration tration effect)
(ug/L) concen-
tration
Sculpin, 97% mortality 28-d 100 LOEC 7.8 114 1.5 14
Cottus
bairdi
(MO)
Sculpin, No mortality or 28-d 100 NOEC 30 114 0.4 14
Cottus growth effects
bairdi
(MO)
Acute Lethality
Steelhead/  Death (pH 7) 96 h 9.2 LCs 2.8 4.6 3.3 16
Rainbow
trout (fry)
Steelhead/  Death (pH 5.7) 96 h 9.2 LCs 4.2 4.6 2.2 16
Rainbow

trout (fry)

Table notes (data sources): 1. (Hecht et al. 2007; Sandahl et al. 2007); 2. (Hansen et al. 1999); 3. (Sprague et al.
1965); 4. (Lorz and McPherson 1976, 1977); 5. (Chapman 1982); 6. (Marr et al. 1996) ; 7. (McKim and Benoit
1971); 8. (McKim and Benoit 1974); 9. (Sauter et al. 1976); 10. (Leland and Carter 1985), 11. (Leland et al.
1989); 12. (Clements et al. 1989); 13. (Reed-Judkins et al. 1997); 14. (Besser et al. 2009); 15. (Besser et al.
2007); 16. (Cusimano et al. 1986)

2.4.4.2. Habitat Effects of Copper Criteria

Toxicity to Food Organisms. Copper is highly toxic to many freshwater invertebrates (Kiffney
and Clements 2002; Mebane 2002a). Aquatic macroinvertebrates are sensitive to both dissolved
and particulate copper, and some taxa can be more sensitive than salmonids (e.g., Kemble et al.
1994). Data in EPA (1985d) list relatively high LCsgs, which would apparently indicate that the
proposed criteria are usually protective of invertebrates that juvenile salmon and steelhead feed
on. However, compilations of short-term LCsps tend to do a poor job of reflecting the
sensitivities of metals to invertebrates in field conditions. The compilations indicate that stream
invertebrates are not very sensitive to metals, but effects observed in field surveys tend to
indicate that stream invertebrates are very sensitive to copper stress (Buchwalter et al. 2007).
For these reasons, we consider field surveys more relevant indicators of metals effects than acute
toxicity testing.

At concentrations less than or near the Idaho chronic criterion, elevated copper in water can
adversely affect invertebrate communities that salmonids rely on for food (Table 2.4.4.1; Figure
2.4.4.3). Invertebrate communities in rivers also may be sensitive to elevated copper levels in
the sediments. Most commonly, the reported effects to the invertebrate community are changed
composition to pollution-tolerant taxa, rather than by reducing overall abundance (Canfield et al.
1994; Clements and Kiffney 1994; Beltman et al. 1999; Mebane 2002a). However, this might
reflect sampling bias, because most invertebrate surveys reviewed were made in the summer.
When invertebrates were collected in spring and autumn 1992 in Panther Creek, Idaho, a salmon
stream contaminated by copper well in excess of the Idaho chronic criteria, total biomass was
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much lower in the copper-influenced areas. A possible explanation for seasonally low biomass
is that when the diversity was lower, and then a dominant, pollution tolerant insect taxa hatched
and left the stream, the remaining biomass was lower than in unaffected areas with more diverse
communities (Mebane 1994). Seasonal differences in copper effects have also been observed in
invertebrates in pond communities, where effects of copper were more severe in cold, springtime
conditions (6°C to 9.5°C) than in warmer summer (23°C to 28°C) or fall (15°C to 9.5°C)
conditions (Winner et al. 1990).

Panther Creek, Idaho, has been the subject of detailed analyses of benthic macroinvertebrate
communities and copper (among many other analyses). It is emphasized because prior to
becoming polluted by copper in the 1960s, Panther Creek supported major runs of Chinook
salmon and steelhead. The loss of habitat in Panther Creek resulting from water quality
degradation from the Blackbird Mine was specifically cited as a contributing factor leading to the
decline of the Snake River spring/summer Chinook salmon species (NMFS 1991). Prior to the
mid-1990s, measured copper concentrations in Panther Creek were always well in excess of
proposed criteria, so associated biological effects are not directly relevant to the question of
whether adverse effects would be expected at criteria concentrations. Since then, restoration
efforts have led to pronounced reductions in copper contamination to the point that the Idaho
chronic criterion is mostly met. Thus, recent conditions in Panther Creek field surveys are very
relevant to the present review because it offers a real-world view of biological conditions in a
stream with copper present at close to the criteria concentrations under review.

Metrics calculated for benthic macroinvertebrates from Panther Creek in September 2005 and
2006 are shown in relation to the mean Idaho copper chronic criterion exceedence factors (Figure
2.4.4.3). An exceedence factor is the measured copper concentration at a location divided by the
criterion for that sampling effect. The exceedence factors were calculated from chemical
sampling from March to September of the year shown. Three measures of the macroinvertebrate
community that seemed particularly relevant to their role in the food web of listed salmonids
were examined: (1) Stream macroinvertebrate index (SMI) scores; (2) mayfly abundance; and
(3) the abundance of organisms that were considered vulnerable to predation by salmonids. The
SMI is an additive index comprised of nine measures of community diversity, dominance, or
presence of pollution sensitive or intolerant species. It was derived as a measure of similarity or
dissimilarity of macroinvertebrates to minimally disturbed reference conditions in the different
ecological regions of Idaho (Jessup and Gerritsen 2002). The SMI and its component metrics
relates to overall biological condition of stream ecosystems.

Abundance of mayflies was considered separately because mayflies have repeatedly been found
to be important in the diets of juvenile salmonids in streams (Sagar and Glova 1987, 1988;
Mullan et al. 1992; Clements and Rees 1997; Rader 1997; White and Harvey 2007; Syrjanen et
al. 2011). Because mayflies are often also sensitive to copper, their loss in a stream food web
could require shifting to other food items that are less preferred by salmonids. The third metric,
abundance of taxa that are vulnerable to predation by juvenile salmonids, is broader than just
mayflies. This metric was derived by assigning all organisms collected in the stream samples to
one of three broad functional groups (i.e., burrowing, armored, and vulnerable to predation)
based on life history traits influencing availability to steelhead fry (Suttle et al. 2004).
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The comparisons of these metrics with copper exceedence factors in Panther Creek shows that
even when copper concentrations were generally lower than the Idaho chronic criteria, the
concentration gradient was still correlated with effects on the macroinvertebrate community
(Figure 2.4.4.3). If copper only adversely affected macroinvertebrate communities at
concentrations above the criteria, no correlation would be expected between copper and the
macroinvertebrate metrics across a gradient of sub-criterion levels. The macroinvertebrate-
copper exceedence patterns varied between years. In 2005, increasing copper concentrations
were correlated with declining SMI scores (Figure 2.4.4.3). In 2005, relations between copper
exceedence factors and mayfly abundance or vulnerable prey abundance were weak or
nonexistent. In 2006, the pattern was reversed (Figure 2.4.4.3).

Together these comparisons show that relatively low levels of copper apparently affect
macroinvertebrate communities, but that relations are more complex than can fully be explained
in these simple correlations. For example, the copper gradient in Panther Creek tended to
increase upstream to downstream along with temperatures that increased as the elevation
dropped. The temperature gradient did not explain the macroinvertebrate patterns as well as the
copper gradient; still it is an example of why patterns in field studies may be “noiser” than field
or laboratory experiments. The changes in the stream macroinvertebrate communities did not
obviously extend to adverse effects to the salmonid fishes, which are of most interest in this
evaluation. There were no obvious decreases in various field measures of the salmonid
populations at the sites with low-copper influence compared with upstream reference sites (e.g.,
overall abundances, age-class strength, condition factors of salmonids) (EcoMetrix 2006, 2007).

Sediments with elevated copper that were collected from Chinook salmon and steelhead habitat
in Panther Creek, Idaho and tested in a laboratory setting with clean overlying water caused high
mortality to Hyalella azteca, a freshwater benthic crustacean (Mebane 2002a). The resident
benthic invertebrates collected from the same locations as the copper-contaminated sediments
had reduced diversity compared to reference collections. Unlike the sediment toxicity tests,
adverse effects to the instream invertebrates could not be attributed solely to either copper in the
sediments or in water, because copper was elevated in both (Mebane 2002a). Elevated copper in
sediments is also associated with elevated copper in benthic invertebrate tissues in field studies
conducted in metals-contaminated streams (e.g., Ingersoll et al. 1994; Woodward et al. 1994;
Beltman et al. 1999; Besser et al. 2001b). Uptake and toxicity of copper by invertebrates is
strongly influenced by the amount of acid-volatile sulfide in the sediments or by the amount of
organic carbon in the sediments (Besser et al. 1995; Mebane 2002a).

In summary, habitat effects of elevated copper levels to listed salmon and steelhead include
reductions in preferred invertebrate taxa that have been shown to influence the seasonal
availability of food for juvenile salmonids. These reductions have been observed even with
relatively low concentrations near the Idaho chronic criteria. Logically, reductions or changes in
prey availability could translate to adverse effects on juvenile salmonid populations. However,
in the Panther Creek field studies that we reviewed in some detail, no obvious extensions of
macroinvertebrate effects to the salmonid fishes were observed. This suggests either or both that
juvenile salmonids are able to switch prey when preferred prey are diminished, or that the food
web effects were too subtle to tease out of the natural variability inherent in field monitoring
studies without going to extraordinary means.
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Figure 2.4.4.3. Correlations of relevant macroinvertebrate metrics with mean exceedence
factors of the chronic criterion for stations monitored in Panther Creek, Idaho,
September 2005 and 2006 (EcoMetrix 2006, 2007).
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Bioaccumulation and dietary effects of copper. There is tremendous variation between fish
species in the amount of copper that is accumulated for a given exposure. Copper is more
strongly bioconcentrated in invertebrates than in fish, and is more commonly found in tissues of
herbivorous fish than in carnivorous fish from the same location (Sorensen 1991). In salmonids,
copper has been determined to accumulate in liver, gill, muscle, kidney, pyloric caecae, and
spleen tissues, and the concentrations of copper in fish tissues reflect the amount of bioavailable
copper in the environment (Farag et al. 1994; Camusso and Balestrini 1995; Saiki et al. 1995;
Sorensen 1991; Marr et al. 1996). The kidneys and gills are not thought to play a significant role
in copper detoxification (Sorensen 1991). Both waterborne and dietary pathways have been
associated with bioaccumulation in salmonids.

A series of dietary toxicity studies was conducted that involved feeding young rainbow trout
diets prepared from invertebrates collected from the metals-contaminated Clark Fork River in
Montana (Woodward et al. 1994; 1995; Farag et al. 1994). Results of these studies showed that
fish fed a diet of pellets prepared from metal enriched invertebrates had reduced growth and
physiological abnormalities relative to fish fed similar diets prepared from invertebrates from
reference areas or less contaminated portions of the Clark Fork River. The Clark Fork watershed
is enriched with several metals, though copper was generally considered to be the metal of
greatest concern, and the adverse effects described in these articles were attributed to copper.
However, a subsequent feeding study with invertebrates exposed to Clark Fork sediments in a
controlled setting again produced adverse effects in rainbow trout but found that the effects were
correlated with arsenic but not with copper (Hansen et al. 2004). Similar testing with
experimentally exposed invertebrates under controlled conditions to single-metal sediment
formulations, rather than field-contaminated sediments, also found no adverse effects of dietary
copper exposure, but did find reduced growth and survival with the fish exposed to dietary
arsenic, at comparable concentrations that had been measured in invertebrate diets from the
previous studies with field-collected invertebrates (Erickson et al. 2010).

In a substantive review of the issue, Schlekat and others (2005, p. 141) observed that “We found
no studies that demonstrate adverse effects resulting from diet-borne metals in systems in which
water quality criteria were apparently being met. However, this could be a reflection of poorly
designed approaches or a lack of appropriate data rather than an indication that such effects are
not possible.” [Note: “metals” in this quotation refers to cadmium, copper, lead and zinc;
mercury, metalloids such as arsenic, and non-metal inorganics such as selenium were not
addressed]. Other studies have reached similar conclusions (Mount et al. 1994; Dethloff and
Bailey 1998; Taylor et al. 2000).

Thus while bioaccumulation of copper could result from dietary exposure near the Idaho chronic
criterion concentration, the available information indicates that no appreciable adverse effects
from dietary exposure to copper will occur at close to criteria concentrations.

2.4.4.3. Summary for Copper

The results of this analysis suggest that concentrations below the proposed acute and chronic
criteria for copper can cause acute and chronic toxicity to salmon and steelhead. At the lower
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range of hardness values encountered in Idaho streams and lakes the acute standard could result
in injury and death.

Listed salmon and steelhead can experience a variety of adverse effects at or below the chronic
Idaho copper criterion. These include:

e Deprivation of chemosensory function which in turn causes maladaptive behaviors
including the loss of ability to avoid copper, and the loss of ability to detect chemical
alarm signals. Appreciable adverse effects can be expected with increases as small as 0.6
Mg/L above background concentrations.

e Reduced growth in juvenile Chinook salmon and rainbow trout under conditions of low
hardness and low organic carbon.

e Because survival of juvenile salmon and steelhead in their migration to sea is strongly
size-dependent, small reductions in size will result in disproportionately larger reductions
in survival during migration to sea. Using population modeling, growth reductions at the
chronic copper criterion were projected to result in slight increases in extinction risk and
pronounced delays in recovery time in a model Chinook salmon population.

e The diversity and abundance of the macroinvertebrate food base for rearing juvenile
salmon and steelhead could be reduced at copper concentrations near or below the Idaho
chronic criterion.

While a variety of adverse effects relevant to listed salmonids have been demonstrated at copper
concentrations less than the copper criteria under consultation, the most important issue is that
the hardness-toxicity equation embedded into the criteria commonly results in fundamentally
inaccurate and misleading indications of risk in critical habitats. This is because the best
available science indicates that organic carbon is a more important mediator of copper risks than
water hardness. During late summer or fall base flow conditions, copper would be expected to
be most toxic because organic carbon tends to be low. Yet this is the time of year that hardness
tends to be highest, and the hardness-based copper criteria wrongly indicate that copper would be
of least risk at this time of year (Appendix C).

2.4.5 The Effects of EPA Approval of the Cyanide Criteria

The cyanide group (CN) includes free cyanide (HCN and CN"), simple cyanide salts, (e.g. KCN,
NaCN), metal-cyanide complexes, and in some organic compounds. The most bioavailable and
toxic forms are free cyanide (Gensemer et al. 2007). The EPA’s (1985e) criteria considered
cyanide toxicity to mostly result from HCN but because the cyanide ion CN™ readily converts to
HCN at pH values that commonly exist in surface waters, cyanide criteria were stated in terms of
free cyanide expressed as CN. Free cyanide is extremely toxic and fast acting, and its fast action
was one reason for EPA’s (1992) expression of acute criteria based on 1-hour average
concentrations. The EPA recommends measuring free cyanide at the lowest occurring pH and
also measuring total cyanide during the monitoring of freshwater systems. In cases where total
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cyanide concentrations are significantly greater than free cyanide concentrations, EPA
recommends evaluating the potential for dissociation of metallocyanide compounds (EPA
1985e).

The criteria being analyzed for cyanide are 22 ug/L for acute exposure and 5.2 pg/L for chronic
exposure. A difference between Idaho’s cyanide criteria, which is being evaluated in this
Opinion, and the cyanide criteria as originally developed by EPA and initially promulgated for
Idaho by EPA (1992) is that Idaho’s cyanide criteria are defined as Weak Acid Dissociable
(WAD) cyanide (EPA 2000a). While not explicitly explained, this definition is probably used
because direct measurement of free cyanide was not routinely offered by many environmental
test laboratories until fairly recently, and as result a criteria based on free cyanide would be
difficult to analytically measure and implement. Interpreting the criteria as total cyanide would
include iron-cyanide and other metal-cyanide complexes that are considerably less reactive and
toxic than free cyanide. Weak acid dissociable cyanide analyses were a compromise between
free and total cyanide measurements and WAD cyanide includes metal-cyanide complexes such
as zinc-, nickel-, copper-, and cadmium-cyanide easily dissociate under weakly acidic conditions
(pH 5-6).

The relevance of these cyanide definition and analytical testing issues for the present Opinion is
that for a given environmental sample collected from an effluent or stream that contains
cyanides, analyzing the sample for WAD cyanide would produce a higher value than if it could
be analyzed for free cyanide. Likewise, using free cyanide concentrations from a toxicity test
cited in this Opinion is more protective than using a WAD cyanide concentration. This adds a
degree of conservatism to the present analyses, although the magnitude of this it cannot be
quantified because the degree of difference between WAD and free cyanide would depend on the
sample.

Temperature and cyanide toxicity. Whereas with metals, water hardness or DOC are often
important modifiers of toxicity, with cyanide, temperature has a strong influence on toxicity. A
number of tests with different species indicated a marked positive correlation between resistance
to HCN and temperature rather than the negative one that might be expected from general stress
models. This increased toxicity at lower temperatures has been observed with rainbow trout,
brook trout, yellow perch, fathead minnows, and bluegills (Smith et al. 1978; Kovacs and Leduc
1982b, 1982a). The most robust dataset was probably from Kovacs and Leduc (1982a) from
which a temperature-toxicity relationship for rainbow trout can be estimated as: LCsy =
(T°C)*3.167+6, r* = 0.97

When a water quality characteristic such as temperature is apparently related to the toxicity of a
substance, the EPA Guidelines (Stephan et al. 1985) for developing aquatic life criteria provide
two approaches: (1) Direct incorporation of the characteristic into the criteria; or (2) data
acceptability. In Approach 1, “if the acute toxicity of the material to aquatic animals apparently
has been shown to be related to a water quality characteristic such as hardness or particulate
matter for freshwater animals or salinity or particulate matter for saltwater animals, a Final
Acute Equation should be derived based on that water quality characteristic.” (Stephan et al.
1985). Examples of this include criteria for ammonia which are based on temperature and pH
(EPA 1999a), and most metals criteria that are based on hardness, or EPA’s 2007 copper criteria,
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based upon multiple water quality characteristics. In Approach 2, “results of acute tests
conducted in unusual dilution water. e.g., dilution water in which total organic carbon [TOC] or
particulate matter exceeded 5 mg/L, should not be used [in a criterion dataset], unless a
relationship is developed between acute toxicity and organic carbon or particulate matter or
unless data show that organic carbon, particulate matter, etc., do not affect toxicity.” (Stephan et
al. 1985).

While test waters warmer than 6°C could hardly be considered “unusual” (or waters with
particulates or >5 mg/L TOC, for that matter), temperature clearly affects the toxicity of cyanide,
and the Guidelines are clear that such characteristics should be incorporated in criteria. Why that
was not done in the case of cyanide is unexplained in the criteria document.

In cold-temperate climates such as the Idaho action area, it follows that if the cyanide criteria
were not adjusted for temperature, only the coldest test results (6°C) should be used. For
example, fall-spawning Chinook salmon progeny in the Snake River usually emerge from
gravels at water temperatures of about 5.5 to 9°C (Connor et al. 2002). If data were available on
the effects of cyanide at temperatures of 6°C, 12°C, and 15°C, on the incubation and hatching of
eggs from a salmonid with a fall-spawning life history only data from the 6°C exposure would be
relied upon. Similarly, since juvenile salmonids from either fall- or spring-spawning species can
be expected to be exposed to near-freezing temperatures for long periods (Figure 2.4.5.1), only
the LCsgs obtained from the coldest tests would be used in a final assessment. For the cyanide
data set, these would be the tests conducted around 6°C or below.
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Figure 2.4.5.1. Examples of the occurrence of different salmonid life stages and annual
temperature patterns for a coldwater stream: salmonid species with (top) fall-spawning
life histories (e.g., Chinook salmon, coho salmon, Atlantic salmon, brown trout, bull
trout, brook trout), and (bottom) spring-spawning life histories (e.g., steelhead, rainbow
trout, cutthroat trout, most non-salmonid fishes). Temperature data from the Salmon
River, Idaho near Sunbeam, Idaho; data from Idaho Department of Environmental
Quiality, 2002 water year.
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Table 2.4.5.1. Contrasting effects of cyanide on salmonids at different temperatures. For
lethal effects data, if LCss are greater than the Final Acute Value of 44 pg/L that is
assumed to indicate lack of harm at acute criteria concentrations; for sublethal effects,
lowest effects concentrations should be greater than 5.2 ug/L.

Species Effect Exposure T Effect Effect Source/ Notes
duration (°C) statistic concen-
tration
(Hg/L)
Lethal effects
Rainbow Killed 4d 6 LCso 27 (Kovacs and Leduc
trout 1982a)
“ Killed 4d 12 LCso 40 (Kovacs and Leduc
1982a)
Killed 4d 18 LCso 65 (Kovacs and Leduc
1982a)
Rainbow Killed 4-d 10 LCso 57 (Smith et al. 1978)
trout
Sublethal effects
Rainbow Reduced swimming 20d 6 No effect <4.8 (Kovacs and Leduc
trout performance threshold 1982h)
“ Reduced swimming 20d 12 No effect <9.6 (Kovacs and Leduc
performance threshold 1982h)
Reduced swimming 20d 18 No effect 43 (Kovacs and Leduc
performance threshold 1982hb)
“ Reduced swimming No effect <10 (a)
performance threshold
“ Reduced growth 20d 6 No effect <4.8 (Kovacs and Leduc
threshold 1982hb)
Reduced growth 20d 12 No effect <9.6 (Kovacs and Leduc
threshold 1982h)
Reduced growth 20d 18 No effect 24 (Kovacs and Leduc
threshold 1982h)
“ Reduced growth in fish 20d 10 LOEC 9.6 (b)
forced to exercise
Brook trout Reduced egg 18% 5.6 (Koenst et al. 1977)
production reduction in
spawned
eggs/female
Atlantic Abnormal embryo and LOEC 9.6 (Leduc 1978)
salmon larval development

(a) EPA 1985, citing Broderius 1970; (b) EPA 1985e, citing McCracken and Leduc 1980
2.4.5.1. Species Effects of Cyanide Criteria

Acute Cyanide Criterion. The acute criterion under review is 22 pg/L, which is the FAV
divided by two. Because the FAV was derived from LCs, data, and available acute data for
cyanide are LCsgs, and a concentration killing 50% of the test population obviously cannot be
used directly to judge the protectiveness of the acute criteria. Thus the LCsqs are compared to
the FAV rather than the acute criterion. Following the assumption that dividing a LCsg by two
will likely kill few if any fish (Section 2.4.1.6), it also follows that LCsys need to be higher than
the FAV (44 pg/L) in order to assume that little mortality would result at the acute criterion.
This turns out not to be the case when temperatures were 12°C or less (Table 2.4.5.1), indicating
that the acute criterion cannot be considered fully protective under these conditions.
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Billard and Roubaud (1985) determined that sperm of rainbow trout had lower fertilization
success when they were exposed for 15 minutes directly to 1 pg/L cyanide in a sodium and
potassium chloride buffered diluent that kept the sperm immobile. This concentration is below
the chronic criterion. However, spermatozoa become motile when released into unbuffered,
natural waters and only survive for a few minutes (Billard and Roubaud 1985; Farag et al. 2006).
Thus effects demonstrated by Billard and Roubaud (1985) may not relate to natural waters.

Chronic Cyanide Criterion. The chronic cyanide criterion is 5.2 pg/L. Kovacs and Leduc
(1982) observed chronic toxicity effects on growth in terms of average fat gain and dry weight
when juvenile rainbow trout were exposed to 5 pug/L at 6°C. At 12°C, toxicity effects were
determined at concentrations greater than or equal to 10 pg/L. As with acute toxicity, chronic
effects were inversely related to water temperature in the study. All measures of growth were
affected significantly at an exposure concentration of 15 pg/L at all temperatures tested (6°C to
18°C). The results of Kovacs and Leduc (1982) suggest there is potential for reduced growth at
the proposed chronic criterion when temperatures are 6°C or lower.

Kovacs and Leduc (1982b) also found that after a 20-day exposure to sublethal cyanide the
swimming ability of rainbow trout was reduced at all cyanide concentrations tested in the range
of 5 pg/L to 45 pg/L, with the effect increasing at lower temperatures. Although cyanide-
exposed fish had returned to normal or near normal growth rates, their swimming impairment
suggests biochemical disturbance and perhaps tissue damage as observed by Dixon and Leduc
(1981).

Kovacs and Leduc (1982b) noted that at low water temperatures (4°C to 5°C), under conditions
where metabolism is depressed, fish are under some stress to maintain their life processes. This
is evidenced by a greater water content of fish, less food availability in nature, greater specific
dynamic action, assimilation, and food conversion efficiency. Under such conditions, another
stressor such as cyanide would have a serious effect on fish production and even on long-term
survival. Their study indicated that at 6°C, a concentration as low as 5 pg/L HCN can cause
marked reduction in fat synthesis and swimming performance. In ldaho waters, low water
temperatures prevail for much of the year. Therefore, for a more realistic appraisal of our water
pollution problems, toxicity to fish at low temperatures needs to be evaluated.

We did not locate any tests for reproductive impairments with exposures of listed species or very
close surrogates (e.g., other genus Oncorhynchus tests) for this analysis. Tests with bluegill and
brook trout suggest that fish reproduction can be severely inhibited at concentrations close to the
chronic criterion. Kimball et al. (1977) tested the effects of long-term cyanide exposure on
bluegills and found severe adverse effects at the lowest concentration tested, which was the same
as the chronic criterion concentration of 5.2 pug/L. They noted at p. 345 that “Spawning is
completely inhibited at 5.2 pg/L HCN and presumably, is inhibited to some extent at lower
level.”
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2.4.5.2. Habitat Effects of Cyanide Criteria

Toxicity to Food Organisms. Although cyanide toxicity varies extensively among invertebrate
taxa, available data for the types of aquatic insects and crustaceans that juvenile salmonids feed
on indicate that they are similarly or less sensitive to cyanide compared with listed salmon and
steelhead (EPA 1980e, 1985¢; Eisler 1991). Aquatic invertebrates do not appear to be adversely
affected by concentrations that are protective of fish. As documented below, cyanide does not
appear to bioaccumulate because of its short-lived nature and the ability of aquatic organisms to
depurate the compound. The proposed criteria are likely to be protective of the food sources of
listed salmon and steelhead.

Bioaccumulation. There is no evidence of significant bioaccumulation of cyanide in fish at
levels below the proposed chronic criterion because the compound is easily metabolized (EPA
1985¢). Lanno and Dixon (1996) determined that bioconcentration occurred in juvenile rainbow
trout exposed to a cyanide level (8 pg/L) which is close to the chronic criterion, but did not
observe any significant toxic effects. Other evidence exists that cyanide levels are elevated in
fish tissues when subjected to long-term chronic exposure, but cyanide depuration occurs
relatively quickly when fish move to clean water (Eisler 1991; Lanno and Dixon 1996).
Therefore, potentially adverse effects related to cyanide bioaccumulation are unlikely to be
observed in listed salmon and steelhead.

Water Chemistry. Cyanide in the water column at the proposed acute and chronic criteria
concentrations during the colder seasons will result in the water quality being unsuitable for
listed salmonids as described above in the temperature and cyanide toxicity section.

2.4.5.3. Summary for Cyanide

The proposed acute and chronic criteria can expose listed salmonids to harmful cyanide
concentrations under specific situations. The acute criterion cannot be considered to be reliably
protective when water temperatures drop to about 6°C or lower. Further, Leduc (1984) found
that cyanide concentrations at the chronic criterion in water colder than 6°C may be associated
with chronic toxicity effects. Temperatures in streams within the action area routinely drop
below 6°C.

2.4.6. The Effects of EPA Approval of the Mercury Criteria

Mercury is hazardous to fish because of its strong tendency to bioaccumulate in muscle tissue
and because it is a potent neurotoxin that causes neurological damage which in turn leads to
behavioral effects which in turn lead to reduced growth and reproductive effects (Wiener et al.
2003; Weis 2009; Sandheinrich and Wiener 2010; Kidd and Batchelar 2011). Methylmercury is
a highly neurotoxic form that readily crosses biological membranes, can be rapidly
bioaccumulated through the water, and is taken up primarily through the diet (which accounts for
more than 90% of the total amount of methylmercury accumulated by fish). Both organic and
inorganic mercury bioaccumulate, but methylmercury accumulates at greater rates than inorganic
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mercury. Methylmercury is more efficiently absorbed, and preferentially retained than inorganic
mercury (Scheuhammer 1987, Wiener 1995). Methylmercury is biomagnified between trophic
levels in aquatic systems and in general proportion to its supply in water (Wattras and Bloom
1992). In fish tissue accumulated mercury consists almost entirely of methylmercury (Bloom
1992; Hammerschmidt et al. 1999; Harris et al. 2003). Toxicity of methylmercury is therefore
particularly important with respect to effects to higher trophic level fish and other organisms
(Sorensen 1991; Nichols et al. 1999).

Inorganic mercury is absorbed less readily and is eliminated more rapidly than methylmercury.
In fact, intestinal absorption of inorganic mercury is limited to a few percent of methylmercury,
for which absorption is nearly complete (Scheuhammer 1987; Wiener et al. 2003). Inorganic
mercury appears to have the greatest effect upon the kidneys, while methylmercury is a potent
embryo and nervous system toxicant. Methylmercury readily penetrates the blood brain barrier,
produces brain lesions, spinal cord degeneration, and central nervous system dysfunctions.
Long-term dietary exposure to mercury has been shown to cause instability, inability to feed, and
diminished responsiveness. The central nervous system is the site of the most extensive damage
due to mercury exposure.

2.4.6.1. Species Effects of Mercury Criteria

The acute and chronic criteria for dissolved mercury under consultation are 2.1 pg/L and

0.012 pg/L (12 ng/L), respectively (EPA 1985g). The EPA has also developed a human health
criterion, in which fish tissue concentrations are not to exceed 0.3 mg/kg ww (66 FR 1344; EPA
2001). This standard was adopted in Idaho in 2005 and is applicable to all designated critical
habitats and waters inhabited by listed salmon or steelhead (IDEQ 2005).

Acute Mercury Criterion. The acute mercury criterion is about 175 times higher than the
chronic criterion and about 1,000 times higher than typical ambient concentrations (Table
2.4.6.2). All criteria applications contemplated under the Idaho standards (cleanup actions and
discharge limits) would also involve application of the chronic criterion. As a practical matter
the acute criterion would never be relevant for determining discharge limits to any receiving
water since it is hydrologically inconceivable that the critical flows used by EPA with the acute
criteria for calculating short-term maximum discharge limits (lowest 1-day average flows in a
10-year period, abbreviated as a 1Q10) would be anywhere close to 175 times lower than the
critical flows used for calculating long-term average discharge limits (lowest 7-day average
flows occurring in a 10-year period 7Q10). An example is given later in this Opinion in
Appendix D, where the question of implementing criteria through limiting effluent volumes is
treated in more detail. For Thompson Creek, the 7Q10 is 2.1 cfs which very close to the 1Q10 of
2.05 cfs. Thus the 1Q10 is 1.02 times lower than the 7Q10. The possibility that the 1Q10 and
the 7Q10 could differ by 175 is discountable. Nevertheless, even though the acute mercury
criterion is unlikely to be applied as a practical matter, the following analysis summarizes the
available acute toxicological information for mercury.

Most available data suggest that listed salmon and steelhead are not susceptible to acute toxicity
from direct exposure to mercury in water water at concentrations approaching the 2.1 pg/L acute
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criterion (Kidd and Batchelar 2011). Many “acute” type of studies NMFS reviewed exposed fish
to mercury in water for much longer than the 4 days typical of “acute” exposures. The EPA
(19859) reported LCsq values for salmonids exposed to inorganic mercury that ranged between
155 pg/L and 420 pg/L. For organic mercury, reported LCsos ranged from 5 pg/L to 84 ug/L,
depending on the chemical form, with a phenylmercuric compound (LCso = 5 pug/L) being the
most toxic. Buhl and Hamilton (1991) exposed coho salmon and rainbow trout alevins and parr
to mercuric chloride, and determined average LCsps that ranged between 193 pg/L and 282 ug/L.
Devlin and Mottet (1992) determined a methylmercury LCsy equal to 54 pg/L for coho salmon
embryos exposed for 48 days. Niimi and Kissoon (1994) exposed rainbow trout sub-adults to

64 pg/L of mercuric chloride until the fish died. The average time to death was 58 days. In
another exposure to 4 pg/L of methylmercury chloride, they determined that the fish lived more
than 100 days. The lowest effect level noted from an “acute” type study was an LC10 of 0.9
pg/L following a 28-day exposures of rainbow trout embryo’s to mercury, with a no-effect (LC1)
estimated of 0.2 ug/L (Birge et al. 1980)

Available information on sublethal effects from direct acute exposure is sparse. Rainbow trout
were attracted to 0.2 pug/L mercuric chloride in 80 minute exposures, which is about a factor of
10 lower than the acute criterion (Black and Birge 1980).

The reported LCsps for life stages beyond the embryo are well above the acute criterion. The
results of these studies suggest collectively that the proposed acute mercury criterion is unlikely
to cause mortality. Behavioral alterations at a concentration 10 times lower than the acute
criterion were reported, but even that concentration is ~20 times higher than the chronic
criterion.

Chronic Mercury Criterion. The EPA’s 1984 chronic aquatic life criterion for mercury is
something of a misnomer, since its establishment had nothing to do with the chronic effects of
mercury on aquatic life. Rather, the criterion was intended to protect the “fishable” uses of
aquatic life which in this case is to avoid allowing bioaccumulation in fish at mercury levels that
would impair marketability of fish. The chronic criterion was established with the objective of
avoiding fish from bioaccumulating mercury to concentrations that were predicted to exceed the
Food and Drug Administration’s (FDA) (1984) action level of 1 mg/kg fresh weight for the sale
of commercially caught fish. “Fresh weight” is synonymous with wet weight, ww, which is
more commonly used in the ecotoxicology literature. All tissue residue values for mercury are
given as ww unless otherwise indicated.

The marketability approach of setting chronic criterion for mercury replaced EPA’s (1980j)
approach which was similar to that used for other substances. The EPA (1980j) followed an
extrapolated species-sensitivity distribution to obtain a Final Acute Value of 0.0017 ug/L
(1.7 ng/L), which was divided by an ACR of 3.0 to obtain a freshwater final chronic value of
0.00057 pg/L (0.57 ng/L).
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The physiological effects of direct exposure to mercury at ambient concentrations near the
chronic criterion are the result of dietary bioaccumulation. This is due to the strong tendency of
mercury to bioaccumulate, discussed further in the next section. In the environment virtually all
mercury exposure to fish is from dietary sources, so concentrations in water are not meaningful
for direct water-only exposures (Wiener and Spry 1996; Wiener et al. 2003). Literature from
water borne exposures may be useful; however, in instances where waterborne exposures were
used as a means to achieve tissue burdens. However, in these instances the relevant media to
evaluate is the tissue burden, not the water concentrations.

Wiener and Spry (1996) noted that water-borne concentrations in natural streams are unlikely to
be high enough to result in direct toxicity effects. In a broad survey of mercury in freshwater
systems in California and other areas including the lower Columbia River, Gill and Bruland
(1990) failed to locate any water bodies containing levels of mercury above or approaching the
dissolved criterion although many of these same water bodies were mercury impaired due to
elevated concentrations in fish. Similar findings have been reported from other areas (Becker
and Bigham 1995; Watras et al. 1998; Castro et al. 2002; Hope and Rubin 2005; Wiener et al.
2006; IDEQ 2007b; Chasar et al. 2009; Essig 2010).

Sublethal effects of the proposed chronic criterion may occur from long-term exposure in the
natural environment effects, since ambient water mercury concentrations that are near or below
the proposed chronic criterion have been associated with bioaccumulation (see below). For
example, Davis Creek Reservoir in California is highly contaminated by mercury and has
dissolved organo-mercury concentrations around 2.4 ng/L and total dissolved mercury
concentrations around 12 ng/L These concentrations of mercury in water are similar in
magnitude to the proposed chronic criterion, and were associated with fish tissue concentrations
of 2.5 mg/kg ww (Gill and Bruland 1990) that were almost 10 times higher than apparently safe
the tissue concentrations of 0.2 to 0.3 mg.kg ww that appear to be safe for fish (later in this
section).

Hence, available information suggests that listed salmon and steelhead are unlikely to be killed
outright by direct exposure to water concentrations equal to the proposed chronic criterion.
However, in all reports from field situations reviewed, effects of direct exposure are likely to be
overshadowed by effects from bioaccumulation.

2.4.6.2. Habitat Effects of Mercury Criteria

Toxicity to Food Organisms. Little information was located indicating appreciable risk of
adverse effects to invertebrates prey items themselves. Rather, the most significant concern from
the perspective of listed salmon and steelhead is bioaccumulation from eating aquatic
invertebrates that themselves have elevated mercury levels, not changes in aquatic invertebrate
production due to mercury toxicity.

Bioaccumulation. Food chain transfer is by far the most important exposure pathway in aquatic

ecosystems (Hall et al. 1997; Wiener et al. 2003). Aquatic systems have complex food webs
including several trophic levels, and primary producers in aquatic systems may themselves
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accumulate more mercury from water and sediment than their soil-based counterparts in
terrestrial systems. Rates of bacterial methylmercury production in water and sediment
ultimately determines the potential of an aquatic system to develop a mercury bioaccumulation
problem (EPA 1997b). Aquatic predators including salmonids are most susceptible to
bioaccumulating mercury, and thus their tissue concentrations may best reflect the amount of
mercury available to aquatic organisms in the environment. For example, in comparisons of
bottom feeding fish with fish that feed on plankton, invertebrates, and vertebrates, Wren and
MacCrimmon (1986) determined that the greatest mercury concentrations were found in
piscivorous fish species and that mercury content increased with higher trophic levels.

Fish store most mercury as methylmercury in their muscle